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Abstract

Arsenic contamination of drinking water sources threatens the health of over 50
million people around the world. Sustainable implementation of arsenic removal
technologies requires disposal options for produced wastes that limit the release of
arsenic. Arsenic contamination is particularly severe in Bangladesh and India, where
access to landfills is limited and most wastes are disposed on the ground nearby arsenic
removal units. To address concerns with arsenic release under these disposal conditions,
this research characterized the stability of arsenic wastes during two alternative disposal
strategies. Stabilization of wastes in concrete and mixing wastes with cow dung were
tested using arsenic-bearing ferric iron wastes generated during the removal of arsenic
from groundwater in West Bengal, India. Under a range of leaching tests, <1% of the
total arsenic was leached from concrete stabilized waste (pH >4.2). Through the
characterization of arsenic within the cement matrix by uXRF, arsenic was found to
remain primarily associated with iron, consistent with the initial state of the waste. These
results show that concrete stabilization can be a viable disposal option to limit arsenic
release when low pH can be avoided. Cow dung mixing has been recommended based
on the ability of microorganisms to create volatile arsine gases that can be subsequently
diluted to safe levels in the atmosphere. However, little is known about the extent of
volatilization or the microbial communities responsible for this transformation. Cow
dung mesocosms with varying levels of methanogenic inhibition were used to study the

impact of methanogenesis on arsenic volatilization under anaerobic conditions. Arsenic

Xiv



volatilization was primarily due to the activity of methanogens, but was not a significant
transformation pathway. Less than 0.02% of the total arsenic was released to the gaseous
phase. Instead, more arsenic (<4%) was leached into the aqueous phase. These results
highlight that cow dung disposal may increase the potential for arsenic release into the
aqueous phase and is ineffective in producing volatile arsenic gases. Taken together,
these studies characterized the important microbial and geochemical determinants of
arsenic fate in non-landfill disposal conditions and provide additional insight on arsenic

transformations over a broader range of environmental conditions.
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Chapter 1

Introduction

1.1  Background

The presence of arsenic in drinking water sources is a global problem causing
increased risk for cancer, cardiovascular disease, and other health problems related to
development, the respiratory system, and immune response (Dhar et al. 1997, Das et al.
2009, Ravenscroft et al. 2009, Naujokas et al. 2013). Over 30 million people in South
Asia are exposed to levels of arsenic above the World Health Organization’s limit of 10
Ma/L (Ravenscroft et al. 2004, Chakraborti et al. 2010). In some areas of Bangladesh,
one in five deaths can be attributed to arsenic contamination of drinking water (Argos et
al. 2010). The high prevalence of arsenic contaminated groundwater in Bangladesh is
due in part to a massive well drilling campaign during the 1970s that switched the
drinking water source from microbially contaminated surface water to shallow-tube
(<200 m in depth) well water (Smith et al. 2000). These shallow tube wells were later
discovered to be naturally contaminated with arsenic (Smith et al. 2000, Chakraborti et
al. 2010). In response to this public health emergency, the scientific community has
given much attention to all aspects of arsenic contamination including the causes (Kocar
et al. 2006, Radloff et al. 2007, Sutton et al. 2009, Mladenov et al. 2010, Burton et al.
2011), arsenic field testing (Pande et al. 2001, Meer et al. 2012), and development of
water treatment technologies (Ahmed 2001, Mishra and Farrell 2005, Mohan and Pittman

2007, Sarkar et al. 2010, Upadhyaya et al. 2010, Amrose et al. 2014).



Arsenic removal technologies typically rely on arsenic sorption to a solid phase and
have been implemented at a range of scales. Removal of arsenic can be accomplished
under both oxidizing (Fuller et al. 1993, Bissen and Frimmel 2003) and reducing
conditions (Jong and Parry 2003, Upadhyaya et al. 2010). Many different sorbent
materials have been tested under oxidizing conditions, including iron (Raven et al. 1998,
Dixit and Hering 2003, Bang et al. 2005), titanium dioxide (Ferguson et al. 2005, Miller
and Zimmerman 2010, Guan et al. 2012), and aluminum oxides (Lakshmanan et al. 2008,
Sarkar et al. 2008). The most commonly implemented arsenic removal technologies rely
on the sorption of arsenic to iron under oxidizing conditions (Mohan and Pittman 2007).
Technologies have been developed for multiple scales and implementation in both
developed and developing countries. A common alternative to arsenic removal around
the world is switching to uncontaminated water sources, a strategy that may be the
simplest and most cost effective method to provide arsenic safe drinking water (Ahmed et
al. 2006). However, in areas without access to alternative water sources, treatment
methods must be implemented to remove arsenic. Full-scale systems applied in
developed countries include adsorbent media filtration, reverse osmosis, and enhanced
coagulation (US EPA 2003). In developing countries, numerous point-of-use devises
have been developed for water treatment at the house-hold level (Munir et al. 2001,
Hussam and Munir 2007, Neumann et al. 2013), though recently more attention has been
given to the development of community scale systems serving 100-500 families (Ahmad
et al. 2003, Sarkar et al. 2010, Amrose et al. 2014). Technologies for application in

developing countries include iron based sorbent media (Hussam et al. 2008), passive-



oxidation sand filters (Hussainuzzaman and Yokota 2006), and electro-coagulation
(Amrose et al. 2014).

While much of the academic research on arsenic removal has focused on the
scientific and engineering design of treatment technologies, the implementation of these
systems has proven to present one of the largest barriers to the provision of arsenic-free
drinking water. For developed and developing countries, cost is a common barrier. For
example, in the US, opposition to the lowering of the maximum contaminant level for
arsenic from 50 to 10 pg/L resulted from concerns over the cost of implementing arsenic
removal technologies (Burnett and Hahn 2001). In developing countries, water provision
in most rural areas does not take place through centralized water treatment and
distribution systems and therefore solutions have been tried at a smaller scale. Barriers to
the implementation of technologies at the community level include trust, convenience,
operation, maintenance, and long-term performance of arsenic removal technologies
(Ahmad et al. 2003, Hossain et al. 2005, Etmannski and Darton 2014). Another barrier
common in developed and developing countries is the need for treatment of arsenic-
bearing wastes produced during any kind of arsenic removal. In developed countries,
wastes are typically treated by disposal in either municipal or hazardous waste landfills
(Cornwall 2003). Even though landfills are highly engineered environments designed to
keep leachate and wastes from re-entry into the environment, concerns remain about this
practice of arsenic waste disposal. For example, studies have shown that arsenic-bearing
wastes generated under oxidizing conditions are susceptible to reductive dissolution and
release of arsenic under landfill disposal conditions (Ghosh et al. 2006, Cortinas et al.

2008, Stuckman et al. 2011). For developing countries, waste disposal is less tightly



controlled and access to landfills is typically limited. In many areas, discarding wastes
directly on soils nearby treatment units is the most common disposal strategy (Grimshaw
and Beaumont 2004, Sullivan et al. 2010, Etmannski and Darton 2014). Results from
field sampling in the vicinity of community-scale arsenic removal plants in Bangladesh
indicate that soil arsenic concentrations at and surrounding the point of waste disposal
can be elevated compared to background soils (Appendix A). The potential release of
arsenic from these wastes has created concern and led to several recommendations for
alternative waste disposal options, including mixing wastes with cow dung, stabilization
in concrete, storage in dug or concrete lined pits, or storage in an aerated coarse sand
filter. The focus of this dissertation is to characterize the stability of arsenic wastes
during two of these commonly recommended alternative disposal strategies, stabilizing
arsenic wastes in concrete and mixing wastes with cow dung.

Concrete stabilization is a strategy used for many types of waste disposal and has
been recommended for arsenic wastes (Dutre and VVandecasteele 1995, Leist et al. 2000,
Paria and Yuet 2006). This recommendation is based on results from the commonly used
Toxicity Characteristic Leaching Procedure (TCLP) (U.S. EPA 1992), the regulatory test
used by the US EPA to determine if wastes are suitable for disposal in either hazardous or
municipal landfills. The TCLP is a batch test in which wastes are exposed to 0.1 M
acetic acid at pH values between 3 and 5 for 18 hours and the concentrations of
contaminants in the aqueous phase is measured and compared against allowable
standards. Several studies have used the TCLP to compare untreated arsenic-bearing
wastes with cement or lime stabilized wastes and have found that cement and lime

addition results in lower arsenic leachate concentrations (Akhter et al. 1997, Jing et al.



2003, Moon et al. 2004, Jia and Demopoulos 2008, Camacho et al. 2009). However,
research has found the TCLP is not necessarily an accurate predictor of arsenic leaching
from arsenic solid wastes in landfill environments (Ghosh et al. 2004). Studies have not
evaluated whether the TCLP leaching test is a good predictor of the potential for arsenic
to be released from cement stabilized wastes under relevant environmental disposal
conditions. In developed countries, the disposal of cement stabilized arsenic-bearing
wastes is sometimes practiced so that wastes can be disposed in municipal waste landfills
that are less costly than hazardous waste landfills (Leist et al. 2000, Singh and Pant
2006). In developing countries, it would be more likely that cement stabilized wastes
were stored on the ground nearby arsenic removal units. Other potential uses for such
stabilized wastes could include the application of crushed concretes in the sub-base of
roads or incorporation into non-load bearing concrete features, such as foot paths.

There are several reasons, which might limit the ability of the TCLP to predict the
long-term stability of arsenic waste incorporated in concrete under actual disposal
conditions. Firstly, the TLCP is performed by crushing the solid waste and subjecting it
to the standardized leaching solution (0.1 M acetic acid). Since cementitious materials
are basic and have a high capacity to increase the pH of the leaching solution, especially
when crushed, they can change the pH from the targeted slightly acidic condition.
Secondly, secondary solids, such as calcite, may precipitate and incorporate arsenic if the
solution becomes too basic (Yokoyama et al. 2012) ultimately limiting the release of
arsenic during the test. Previous studies have also typically used arsenic containing
cements without the addition of iron (Akhter et al. 1997, Moon et al. 2004), creating

conditions different from those expected when arsenic-bearing iron wastes are used.



Given these limitations, more research is needed to characterize and evaluate the
effectiveness of stabilization in concrete using actual wastes relevant for drinking water
treatment systems.

Mixing arsenic-bearing wastes with cow dung has been suggested with the goal of
using microbial arsenic methylation and volatilization to release arsenic into the
atmosphere where it can be diluted (Das 1995, Ali et al. 2003, Visoottiviseth and Ahmed
2008, Sullivan et al. 2010). This disposal strategy is intended for rural areas, where cow
dung can be mixed with arsenic-bearing wastes before the mixture is dumped into a dug
pit or on top of soil nearby an arsenic treatment plant. Some studies of cow dung
disposal have previously been performed, but many lack a mass balance of arsenic and
only a few have measured actual release of arsenic in the gaseous phase (Mohapatra et al.
2008, Mestrot et al. 2013), though wide variations exist in reported volatilization ranging
from 0.3 to 32% of the total arsenic present. Studies that indirectly predict arsenic
release in the gaseous phase report between 25 to 99 % of the arsenic initially present was
volatilized (Ali et al. 2003, Banerjee 2010). In addition, the potential for oxidized arsenic
solid wastes to be mobilized into the aqueous phase by reductive dissolution has not been
considered (Tufano and Fendorf 2008). Further study is needed to quantify the extent to
which cow dung may be an effective disposal strategy and how arsenic mobilization in
the aqueous phase may be impacted.

The transformations that occur during arsenic volatilization and reductive dissolution
rely on the activity of different populations of microorganisms. Many studies have used
pure cultures and genetically modified bacteria to determine the genes and metabolisms

that are most relevant for these transformations (Tufano et al. 2008, Chen et al. 2014),



but few have characterized the activity from complex communities likely to be present in
disposal environments. Understanding the role of specific populations within complex
communities is important to understand the environmental conditions that promote or
inhibit volatilization and mobilization. To date, the main focus of research on microbial
arsenic methylation has been on the transformation by the protein arsenite S-
adenosylmethionine methyltransferase (ArsM) (Qin et al. 2006, Jia et al. 2013, Zhao et
al. 2013), yet a second pathway for arsenic methylation is known and occurs during
methanogenesis (Thomas et al. 2011). As methanogenic archaea are expected to be
active in cow dung environments, arsenic methylation through methanogenesis represents
an important pathway to consider. Determining the relative contribution of these two
pathways as a function of environmental conditions could point to waste disposal
conditions where volatilization could be maximized.

To ensure that drinking water treatment systems for the removal of arsenic are
designed and implemented in ways that protect against the creation of new sources of
arsenic contamination, proper disposal of arsenic wastes resulting from arsenic water
treatment systems must be considered. To support this, evaluations are needed that
consider the stability of arsenic waste under disposal practices and conditions relevant for
countries in South Asia, where arsenic water contamination is prevalent and removal
technologies are in greatest demand. This dissertation characterizes arsenic stability in
non-landfill disposal scenarios, conditions of potential relevance for developing countries
in South Asia, by combining techniques from microbial ecology and geochemistry. The
two options considered here are concrete stabilization and cow dung mixing. These

options are frequently discussed and recommended, yet few studies have characterized



the fate of arsenic during these disposal options. The data presented in this dissertation
quantify the boundaries of arsenic waste stability over a range of environmental
conditions, and shed light on variables that limit arsenic release under these two disposal
options. By using actual arsenic-bearing waste products from an iron electrocoagulation
system (Amrose et al. 2014), the results can serve as a guide for predicting the stability of
arsenic-bearing wastes from iron media filtration or passive oxidation filters, which also
rely on the sorption of arsenic to iron solids for water treatment. In addition, the results
expand the fundamental knowledge of microbial and geochemical arsenic
transformations relevant for arsenic mobilization and fate in contaminated environments.
1.2 Dissertation Overview

This dissertation focuses on the disposal of arsenic-bearing wastes via concrete
stabilization and cow dung mixing, based on a critical review of the current state of
testing and disposal practices for waste products generated during arsenic removal from
drinking water (Chapter 2, Clancy et al. 2013). This survey of previous experimental
results highlights that most research on arsenic-bearing wastes was conducted for landfill
disposal and did not support decisions in areas where access to landfills is limited
(Chapter 2, Clancy et al. 2013). To address this gap, concrete stabilization of arsenic-
bearing wastes from drinking water treatment systems was evaluated through a
combination of long-term leaching tests in rainwater and short-term leaching tests
including the TCLP (Chapter 3, Clancy et al. 2015c). To explore the role of
methanogenic archaea in the volatilization of arsenic in cow dung disposal, a preliminary
investigation of the impact of methanogenic inhibitors on the activity of relevant

microbial communities was conducted (Chapter 4, Clancy et al. 2015b). Building on



these results, mesocosms with arsenic wastes were created to simulate a cow dung
disposal condition. Arsenic in the liquid, solid, and gaseous phases was monitored under
conditions with and without methanogenic activity to elucidate the importance of
methanogenic activity in arsenic transformations and volatilization and quantify the
effectiveness of this strategy (Chapter 5, Clancy et al. 2015a ). Drawing on these
findings, recommendations for arsenic-bearing waste disposal in developing countries

and areas for future research are presented (Chapter 6).
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Chapter 2
Arsenic waste management: A critical review of testing and disposal of arsenic-

bearing solid wastes generated during arsenic removal from drinking water

2.1 Abstract

Water treatment technologies for arsenic removal from groundwater have been
extensively studied due to widespread arsenic contamination of drinking water sources.
Central to the successful application of arsenic water treatment systems is the
consideration of appropriate disposal methods for arsenic-bearing wastes generated
during treatment. However, specific recommendations for arsenic waste disposal are
often lacking or mentioned as an area for future research and the proper disposal and
stabilization of arsenic-bearing waste remains a barrier to the successful implementation
of arsenic removal technologies. This review summarizes current disposal options for
arsenic-bearing wastes, including landfilling, stabilization, cow dung mixing, passive
aeration, pond disposal, and soil disposal. The findings from studies that simulate these
disposal conditions are included and compared to results from shorter, regulatory tests. In
many instances, short-term leaching tests do not adequately address the range of
conditions encountered in disposal environments. Future research directions are
highlighted and include establishing regulatory test conditions that align with actual

disposal conditions and evaluating non-landfill disposal options for developing countries.
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2.2 Introduction

Arsenic contamination of drinking water sources is estimated to affect over 144
million people around the world, spurring the development of numerous water treatment
technologies to limit negative health impacts associated with exposure to arsenic
contaminated water including skin lesions and cancers (Dhar et al. 1997, Smith et al.
2000, Ng et al. 2003, Caussy and Priest 2008, Ravenscroft et al. 2009, Chakraborti et al.
2010). These technologies include ion exchange, adsorptive media filtration, coagulation
and flocculation, electrocoagulation, and anaerobic removal with iron sulfides. It should
be noted that in areas where alternative groundwater wells with low arsenic
concentrations are available, well-switching can be an effective means to provide safe
drinking water (van Geen et al. 2002). In areas where arsenic-removal from groundwater
is needed, drinking water treatment systems have been implemented in developed and
developing countries, ranging in size from centralized treatment plants to smaller systems
for individual households. In 1993, the World Health Organization (WHO) lowered the
arsenic drinking water guideline from 50 pg/L to 10 pg/L (World Health Organization
2006). Following this change, many countries adopted a more stringent drinking water
standard for arsenic, expanding the need for incorporating arsenic removal technologies
in drinking water treatment processes (Patterson 2006). However, for some countries
most affected by arsenic contamination, e.g., Bangladesh, India, and Nepal, the arsenic
standard has remained at 50 pg/L as a result of the technical and economic challenges
associated with achieving even this less stringent standard (Shrestha et al. 2003, Das et
al. 2009). The higher standard in developing countries is of great concern due to the

compounding effects of higher water consumption, higher rates of malnutrition, and
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greater exposure to arsenic through foods irrigated with arsenic contaminated water
(Smith and Smith 2004, Mukherjee et al. 2005). Given the increased application of
arsenic removal technologies in response to the more stringent regulations, health
concerns, and greater pressure to access all available water sources for drinking water
production, it can be expected that greater quantities of arsenic-bearing wastes will be
generated. This will require appropriate methods for treating and/or stabilizing these
wastes at disposal sites.

A recent review by Sullivan et al. (2010) outlined promising options for disposal
in both developed and developing countries. In developed countries, landfill disposal and
stabilization are the most common disposal practices. Considering treatment options for
arsenic-bearing wastes from water treatment and industrial processes in developed
countries, Leist et al. (2000) indicated stabilization was the best treatment to limit arsenic
release from wastes. However, many arsenic-bearing wastes from drinking water
treatment are disposed directly into municipal solid waste landfills, where arsenic release
due to reducing conditions has been measured in landfill leachate and gases (Pinel-
Raffaitin et al. 2007).

Concerns over the release of arsenic from drinking water wastes are also relevant
for developing countries where arsenic-bearing wastes are often directly discharged to the
environment, posing a greater risk for human exposure and re-contamination of source
waters. Sullivan et al. (2010) highlighted two disposal options for developing countries,
i.e., mixing arsenic-bearing wastes with livestock waste and incorporating wastes into
building materials. Despite these options, arsenic-bearing wastes are commonly disposed

directly in nearby ponds or on open fields with little site preparation and essentially no
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monitoring (Sarkar , Eriksen-Hamel and Zinia 2001, Ali et al. 2003, Badruzzaman 2003,
Hussainuzzaman and Yokota 2006, Shafiquzzaman et al. 2009). Government policies for
arsenic mitigation typically require some kind of disposal plan for arsenic-bearing wastes
(Government of Bangladesh 2003, Planning Commission 2007), although evaluation of
disposal plans and enforcement is often a challenge for stressed governments facing a
multitude of environmental concerns (Metcalfe 2003, Khan 2009). Arsenic-bearing waste
disposal is one of several factors that limit the implementation of arsenic removal
technologies. Other factors affecting successful adoption of arsenic removal technologies
include cost, maintenance, and ability to monitor effluent arsenic concentrations (Alam et
al. 2002, Shafiquzzaman et al. 2009).

Although arsenic transformations, transport, and toxicity have been extensively
reviewed (Bissen and Frimmel 2003a, Oremland and Stolz 2003, Caussy and Priest 2008,
Khan et al. 2009, Lievremont et al. 2009), here we highlight some of the key processes
relevant to the mobility of arsenic in waste disposal environments. In aqueous
environments, arsenic can be stable in a variety of oxidation states (e.g., -111, 0, Il, I1l, and
V). The most prevalent inorganic dissolved forms include arsenite, AsOs*, in which
arsenic has the oxidation state +3 (As(I11)), and arsenate, AsO,*, with arsenic in the +5
oxidation state (As(V)). Generally for mammals, As(l11) is more toxic than As(V),
although speciation is a secondary concern for toxicity due to biotic transformations
following arsenic uptake (Thomas et al. 2001, Hughes 2002). While arsenic (11 and 111)
can precipitate as reduced sulfides (e.g., realgar: AsS and orpiment: As,S3) or adsorb onto
iron sulfides or metal oxides (Dixit and Hering 2003, Wilkin et al. 2003, O'Day et al.

2004, Kocar et al. 2006, Gallegos et al. 2007, Gallegos et al. 2008, Renock et al. 2009),
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arsenate typically does not precipitate significantly and is more strongly complexed by
iron and aluminum hydroxide solids (Dixit and Hering 2003). However, adsorption
behavior in the natural environments can be highly variable due to differences in redox
conditions, presence of complex mineral assemblages, spatial heterogeneity, and
competing ions (Su and Puls 2001, O'Day et al. 2004, Roberts et al. 2004, Stachowicz et
al. 2008, Masue-Slowey et al. 2013). Under sulfate reducing conditions, the presence of a
variety of aqueous sulfidic arsenic species can be important in arsenic partitioning
depending on the sulfur to arsenic molar concentration ratios (Wilkin et al. 2003, Bostick
et al. 2005). Less common, but also important is arsine, AsHs, in which arsenic is present
in the -3 oxidation state (As(-111)). Arsine gas is highly toxic and fairly soluble in water
(Klimecki and Carter 1995, Cullen and Bentley 2005). Organic arsenic compounds
include mono, di-, and trimethylarsines, and a range of more complex organic arsines
(Challenger 1945, Bentley and Chasteen 2002). Arsenic methylation processes are part of
biological detoxification mechanisms in all domains of life (Bacteria, Archaea, and
Eukarya) that generate organic arsenic compounds, which may be less toxic than
inorganic forms (Bentley and Chasteen 2002, Hughes 2002, Cullen and Bentley 2005,
Qin et al. 2006). Arsenic species can be converted among the various oxidation states
through abiotic and biotic processes of oxidation, reduction, methylation and
demethylation (Sanders 1979, Oremland and Stolz 2003, O'Day et al. 2004, Lievremont
et al. 2009, Tsai et al. 2009, Thomas et al. 2011, Yoshinaga et al. 2011) (Figure 2-1).
Understanding the processes that drive arsenic transformation among these forms is
essential for determining arsenic exposure risk and potential for leaching from arsenic-

bearing solid waste disposal.
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Figure 2-1. Arsenic speciation and transformation processes in the environment
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In this review, we outline common arsenic-bearing wastes produced and the
biogeochemistry relevant to arsenic release from these solids, discuss waste disposal
options, summarize the findings of simulation experiments that have evaluated the fate of
arsenic after disposal, and compare these results to the most common testing procedures
used for regulating arsenic-bearing wastes. Arsenic-bearing waste management in both
developing and developed countries is discussed. While previous reviews have focused
on arsenic disposal options (Leist et al. 2000, Sullivan et al. 2010), this review presents
the first synthesis of studies characterizing waste disposal environments and the
suitability for tests used for assessing waste stability and arsenic leaching in those
environments. Through this review we highlight the limitations of current knowledge and
suggest new directions to enhance the applicability of research results to guide the
development of best practices for arsenic-bearing waste disposal.

2.3 Arsenic removal technologies and associated arsenic-bearing wastes

All treatment methods for removing arsenic from drinking water generate arsenic-
bearing wastes. Here we focus on arsenic-bearing solid wastes and do not include liquid
waste (e.g., ion exchange brines, backwash waste from fixed bed bioreactors).
Concentrated liquid waste disposal options have been reviewed elsewhere (Choong et al.
2007). Concentrations of arsenic in arsenic-bearing solid wastes vary widely, from 0.1 to
7,500 mg As/kg waste (Table S1, Appendix B). For reference, many uncontaminated
soils contain arsenic concentrations on the order of 10 mg As/kg soil and the U.S.
Environmental Protection Agency (EPA) upper limit of arsenic levels in biosolids for
land application is 75 mg As/kg solid.(U.S. EPA 2007) However, concentration is not the

only important factor as the risk posed by arsenic release also depends on the quantity of
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waste generated, the chemical composition of the waste, the location of the waste
generation, and the disposal environment. The most common arsenic removal
technologies sequester arsenic in its oxidized form. Alternatively, arsenic removal under
sulfate reducing conditions leads to the generation of reduced arsenic-bearing solid
wastes. Given the importance of redox conditions on the subsequent leaching potential of
the arsenic solid phase waste generated, differences between these wastes and the
biogeochemistry relevant to waste disposal are discussed in more detail below.
2.3.1 Oxidized arsenic-bearing wastes

The most common arsenic removal technologies, including: ion exchange
(Vagliasindi and Benjamin 1998, Ghurye et al. 1999, Vaaramaa and Lehto 2003),
adsorbent media filtration (Selvin et al. 2002, Mohan and Pittman 2007), coagulation and
flocculation (Meng et al. 2001a, Laky and Licskd 2011), and electrocoagulation (Kumar
et al. 2004, Martinez-Villafafe et al. 2009, van Genuchten et al. 2012), remove arsenic as
arsenate under oxic conditions. When treating waters in which arsenic is initially present
as arsenite, abiotic(Pettine et al. 1999, Bissen and Frimmel 2003b, Ferguson et al. 2005,
Leupin and Hug 2005, Miller and Zimmerman 2010) or biotic (Sun et al. 2009) oxidation
steps are commonly included before arsenic removal due to typically higher adsorption
capacities on many adsorbents for arsenate (Bissen and Frimmel 2003b, Bissen and
Frimmel 2003a, Dixit and Hering 2003, Hug and Leupin 2003, Wolthers et al. 2005). The
effectiveness of arsenate adsorption is dependent on pH (Raven et al. 1998, Dixit and
Hering 2003) and concentrations of competing ions including phosphate, silicate, natural
organic matter and carbonate/bicarbonate (Peryea and Kammereck 1997, Ghosh et al.

2006b, Laky and Licsko 2011, Stuckman et al. 2011, Wan et al. 2011).
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For most of these, arsenate is typically adsorbed to iron or other metal based
oxides. The redox state of arsenic, iron, and other metals in these wastes has implications
for arsenic leaching under different disposal conditions. Particularly problematic is the
release of arsenic from oxidized wastes in reduced environments due to reductive
dissolution of iron oxides (Ghosh et al. 2004, Islam et al. 2004, van Geen et al. 2004,
Anawar et al. 2006, Jing et al. 2008, Corsini et al. 2011) and the production of sulfide
when microbial sulfate reduction occurs (Saalfield and Bostick 2009, Burton et al. 2011).
It should be noted that sulfide formation does not always result in arsenic release. As
described above and below, sulfide can cause arsenic removal from the aqueous phase,
depending on environmental conditions like pH (Burton et al. 2011) and concentrations
of sulfide and iron (Lee et al. 2005).

2.3.2 Reduced arsenic-bearing waste

Under reducing conditions, arsenic can be sequestered through co-precipitation or
adsorption with iron sulfides, produced either abiotically or through the production of
sulfide by sulfate-reducing bacteria or archaea (Rochette et al. 2000). Arsenic removal
under reduced conditions by iron sulfides has been shown to be unaffected by the
presence of silica, providing a potential advantage over arsenic removal under oxic
conditions in the presence of high silica concentrations (Han et al. 2013). The stimulation
of biotic sulfate reduction and the subsequent formation of iron sulfides has been used to
remove arsenic and other heavy metals from acid mine drainage contaminated waters
(Jong and Parry 2003, Kaksonen and Puhakka 2007, Luo et al. 2008), landfills
(Keimowitz et al. 2007), and aquifers (Kirk et al. 2010). Arsenic removal with iron

sulfide coated sand also has been demonstrated (Han et al. 2011). Kirk et al. (2010) found
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arsenic removal under sulfate-reducing conditions was limited by pyrite formation and
the solubility of arsenic sulfides. In simulated groundwater, cultures of sulfate-reducing
bacteria have been shown to remove both arsenite and arsenate (Teclu et al. 2008). An
anaerobic biologically-active carbon fixed-bed bioreactor has recently been used to
remove arsenic from drinking water through the production of iron and arsenic sulfides
(Upadhyaya et al. 2010).

The wastes generated during anaerobic arsenic removal under sulfate-reducing
conditions differ from those generated during solid phase removal under oxidizing
conditions, and typically contain reduced arsenic, sulfur and iron phases. The stability
and potential for arsenic leaching from reduced arsenic-bearing wastes have not been
widely tested, but these wastes are expected to be more stable in reduced environments,
such as those found in landfills (Jong and Parry 2005).

Abiotic oxidation of As(l11) or As(I1) sorbed to reduced iron solids and iron
sulfides depends on the type of solids and the pH (Saulnier and Mucci 2000, Jeong et al.
2010a, Jeong et al. 2010b). Acid volatile sulfides (AVS), defined as sulfides that generate
hydrogen sulfide gas upon addition of hydrochloric acid, typically oxidize rapidly in the
presence of oxygen (Holmes 1999, Caetano et al. 2003). Arsenic has been shown to be
associated with AVS in reduced sediments, and released to the aqueous phase upon
exposure to oxidized waters (Saulnier and Mucci 2000). The pH is also important in
controlling arsenic mobilization during oxidation as arsenic mobilization depends on the
relative rates of iron dissolution and precipitation of oxidized iron solids (Jeong et al.
2010b). At low pH, dissolution of iron sulfides is fast and precipitation of oxidized iron is

slow, resulting in the release of arsenic in the aqueous phase (Jeong et al. 2010b). Release
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to the aqueous phase is minimized under alkaline conditions because of direct conversion
of iron sulfides to oxidized iron phases (Jeong et al. 2010b).
2.4 Arsenic waste disposal environments

The stability of arsenic-bearing wastes depends on the characteristics of the waste
and the ultimate disposal environment. As discussed above, the risks posed by arsenic-
bearing wastes also depend on the arsenic concentration, overall quantity of waste
generated, and the location of the waste generation. Given their relevance to either
developing or developed countries, we review characteristics of the environmental
conditions for the following disposal options for arsenic-bearing wastes: landfills,
stabilization, cow dung, passive aeration systems, ponds, and soil. For each option we
summarize the findings of studies that have been carried out to mimic these disposal
environments. These types of experiments are critical to understanding the fate of arsenic
under disposal conditions and for evaluating the suitability of regulatory tests to assess
actual disposal conditions.
2.4.1 Landfill environments

Arsenic-bearing solid wastes from drinking water treatment in the U.S. and other
developed countries are typically disposed in municipal solid waste landfills (Cornwall
2003). Waste degradation in landfills is usually divided into four stages based on the
chemical environment and microbial activity characteristic of each stage. These stages
are initial aerobic, acidogenic, initial methanogenic, and stable methanogenic
(Christensen and Kjeldsen 1995). In landfills, both biotic and abiotic processes are extant

and determine the stability of arsenic wastes.
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Considering abiotic reactions in landfills, arsenic fate depends mostly on the
presence of oxygen and hydrogen sulfides and their associated redox conditions
(Hounslow 1980). In a simplified model, based solely on the presence and absence of
oxygen and hydrogen sulfides, iron is expected to be present as iron(111) hydroxides in
the initial oxic phase, whereas soluble iron(I1) sulfides predominate during the later
anoxic stages. In the presence of oxygen without hydrogen sulfides, arsenic is likely to be
bound to oxidized iron or aluminum oxyhydroxide solids. When neither oxygen nor
hydrogen sulfides are present, arsenic is found in the reduced form, i.e., arsenite, in the
aqueous phase. When oxygen is absent and hydrogen sulfides are present, the
precipitation of arsenic sulfides and iron sulfides can remove arsenic from the aqueous
phase, reducing arsenic mobility (Hounslow 1980, O'Day et al. 2004).

While abiotic reactions provide the thermodynamic basis for predicting arsenic
speciation and by inference arsenic mobility, microbial activity, resulting from the
availability of organic matter and various electron acceptors, typically controls the overall
redox conditions of a landfill. Consequently, microbial activity affects the principal
oxidation states and concentrations of complexing ligands or metals that influence the
release of arsenic from solids. During the initial aerobic phase, aerobic or facultative
microbes rapidly remove oxygen and degrade organics resulting in anaerobic conditions.
Then denitrifying and sulfate-reducing bacteria and archaea convert nitrate and sulfate to
dinitrogen gas and hydrogen sulfide, respectively (Palmisano and Barlaz 1996).
Microbial arsenic and iron reduction under reducing conditions can cause the release of
arsenic and have been shown to be a major factor in arsenic release from natural sediment

contaminated with landfill leachate plumes (DeLemos et al. 2006). Under anaerobic
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conditions, fermenting bacteria create acidic conditions (pH between 4.5 and 7.5). In the
last two anaerobic stages, methane is produced by methanogenic archaea (Demirel and
Scherer 2008).

The importance of microbial arsenic methylation in landfills has been recognized
only recently (Pinel-Raffaitin et al. 2007). However, the potential for arsenic methylation
under reducing conditions in general has been studied for some time (Bright et al. 1994,
Michalke et al. 2000). Techniques have been developed to measure the methylated
arsenic species and the genes responsible for arsenic methylation (Qin et al. 2006,
Mestrot et al. 2009) and should be applied to more studies to quantify how widespread
and important arsenic methylation is in the disposal of arsenic treatment wastes in
reducing conditions.

Landfill conditions have been simulated in long-term experiments using leachate
from municipal solid waste landfills and synthetic leachate. Arsenic has been shown to be
released from ferric hydroxide solids used in drinking water treatment under reducing
conditions in simulated landfill experiments (Ghosh et al. 2006a). Jing et al. (2008) used
spent media from five different types of arsenic adsorbent media filtration treatment
plants to investigate the leaching potential under reducing conditions over 70 days. They
found that neither the Toxicity Characteristic Leaching Procedure (TCLP) nor the
California Waste Extraction Test (Cal WET), regulatory tests described in more detail
below, were appropriate tests for predicting leaching under reducing conditions (Jing et
al. 2008). In a column simulating mature landfill disposal for arsenic-bearing wastes from
SONO filters, the TCLP under predicted arsenic leaching over the 102 day operation of

the column (Islam et al. 2011). While regulatory tests depend on abiotic predictions of
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leaching, it has been shown that microbial activity can increase arsenic leaching as
described above. Abiotic and biotic column studies in which ferric hydroxide and
activated alumina waste were exposed to synthetic landfill leachate showed that leaching
of arsenic occurred more rapidly and to a greater extent in the biotic columns (Sierra-
Alvarez et al. 2005, Cortinas et al. 2008).

2.4.2 Stabilization

Stabilization of hazardous waste to reduce the toxicity and mobility of
contaminants is a common treatment strategy. This is often accomplished through the
addition of lime, concrete, or iron containing amendments (Raj et al. 2005). Novel
materials, like polymeric matrices, are also being developed specifically for arsenic-
bearing wastes (Shaw et al. 2008). Concrete stabilization has been used for mine tailings
(Choi et al. 2009) and solid wastes from a constructed wetland for arsenic removal
(Nakwanit et al. 2011). Following stabilization, arsenic wastes have been disposed on
soils (Kumpiene et al. 2008), in landfills (Kameswari et al. 2001, Sullivan et al. 2010),
and used in bricks (Mahzuz et al. 2009). Stabilization has been used primarily in
developed countries, but is receiving increased attention in developing countries
(Sullivan et al. 2010).

Environmental conditions including pH, relative humidity, and wetting and drying
cycles impact the leaching of arsenic from stabilized wastes. Arsenic in these solids is
typically stabilized by the formation of calcium arsenic precipitates (Jing et al. 2003,
Moon et al. 2004). Paria and Yuet (2006) provide an overview of the use of Portland

cement for stabilization and highlight that leaching behavior is pH dependent. Leaching
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behavior also depends on the relative humidity and cycles of wetting and drying due to
the carbonation of calcium hydroxides (Sanchez et al. 2002).

Following mixing with amendments, such as cement or clay, arsenic-bearing
wastes can be incorporated into bricks or in recycled concrete mixtures used for road
construction. Incorporating arsenic-bearing waste from drinking water treatment into
useable bricks has not been widely adopted, but is of considerable interest in Bangladesh
and other developing countries (Mahzuz et al. 2009). Although the use of fly ash and
incinerator waste in recycled aggregates for road construction has been evaluated and is
commonly used around the world (Juri¢ et al. 2006, Kumar and Patil 2006, Moon and
Dermatas 2007), the use of recycled concrete containing arsenic-bearing wastes from
drinking water treatment systems has not been directly studied for such applications.
Future research should evaluate the feasibility of this disposal option, taking into account
the location and amount of wastes generated.

Using arsenic-bearing waste materials in construction assumes that amended and
traditional materials have comparable compressive strengths. Variables that can
contribute to the strength of bricks include curing time, temperature, and chemical
characteristics of the waste. Iron containing wastes have been found to hinder cement
hydration (Sullivan et al. 2010) and decrease compressive strength (Olmo et al. 2001).
However, there is large variation in reported fractions of iron containing wastes that can
be incorporated without affecting the compressive strength (Banerjee and Chakraborty
2005, Mahzuz et al. 2009). Interactions between wastes and concrete that can affect
arsenic stability and concrete strength are specific for each type of waste and should be

considered when determining waste disposal options. For this strategy to be adopted on a
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larger scale, the costs of waste transport should also be taken into account. Additionally,
laboratory and field studies are needed to evaluate long-term arsenic leaching potential.

Cement stabilized drinking water treatment waste has been frequently
characterized using regulatory leaching tests (described below). Cement stabilization has
been shown to decrease the concentration of arsenic in the leachate relative to un-
stabilized controls (Leist et al. 2003, Jing et al. 2005, Camacho et al. 2009). Concerns
about testing cement stabilized solids have been raised due to the ability of these solids to
increase the solution pH, which can subsequently affect the solubility of solid phases that
stabilize arsenic. Since there may be large differences in the buffering capacity of
leaching test solutions, attempts to control the pH of the leaching solution or to simulate
actual disposal conditions may be compromised when performing tests with cements
(Halim et al. 2003).

Experiments have also been used to develop ways to reduce leaching from arsenic
wastes stabilized with amendments. In one study, higher firing temperatures correlated
with slight decreases in leaching from bricks using different extraction liquids, including
distilled water and rainwater (Rouf and Hossain 2003). In one of the few studies
evaluating environmental conditions, less arsenic was leached from concrete stored under
conditions of higher relative humidity (Sanchez et al. 2002). Future research should focus
on establishing the environmental conditions, during both production and use phases that
limit arsenic leaching from these solids.

Only a few studies have evaluated the long-term stability of stabilized arsenic-
bearing wastes under disposal conditions. For example, mining waste treated with iron

and lime was studied after 20 years of pit disposal (Pantuzzo and Ciminelli 2010).
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Leaching from soluble calcium-arsenic phases was observed and it was concluded that
long-term stability requires high iron to arsenic ratios (Pantuzzo and Ciminelli 2010). An
alternative waste treatment approach using biological arsenite oxidation during or after
lime treatment has also been evaluated. Enrichments of autotrophic arsenite-oxidizing
bacteria were used to treat mining waste and were shown to reduce arsenic leaching,
compared to controls without added bacteria (Battaglia-Brunet et al. 2011). Further
research should build on these studies to expand our understanding of stabilized waste in
different disposal environments. These additional studies should also include simulations
of stabilized wastes integrated into buildings and roads, for which typical, long-term
conditions have yet to be studied.
2.4.3 Disposal with cow dung

Mixing arsenic wastes with cow dung is intended to promote microbial arsenic
methylation to produce gaseous methylarsines that are less toxic to mammals than
inorganic forms. This approach was initially suggested based on observations of
decreasing solid phase arsenic concentrations following the addition of cow dung to
arsenic wastes (Das 1995, Das et al. 2001). Although limited additional research has been
performed to indicate that substantial arsenic removal could be achieved through
volatilization, mixing arsenic-bearing wastes with cow dung has since been
recommended as an optimal disposal strategy, especially for rural areas in developing
countries (Mudgal 2001, Ali et al. 2003, Visoottiviseth and Ahmed 2008, Sullivan et al.
2010). However, studies of arsenic contaminated soils have reported only a small fraction
of arsenic volatilized with the addition of cow dung. For example, by measuring gaseous

arsenic emissions over 10 days, Turpeinen et al. ( 2002) found that natural soil microbes
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volatilized less than 0.5% of the arsenic contained in a contaminated soil (arsenic
concentrations varied between 2,125 and 3,632 mg As/kg soil). Genetically engineered
bacteria, containing the arsM gene for arsenic methylation, were shown to volatilize up to
4.5% of arsenic from a contaminated soil containing 42 mg As/kg soil over 30 days (Liu
et al. 2011). The addition of fungi capable of arsenic volatilization to contaminated soil
mixed with cow dung increased the amount of volatilized arsenic by 3.7 times as
compared to the naturally present microbes, which volatilized only about 0.03% of the
arsenic in five months (1,387 mg As/kg soil) (Edvantoro et al. 2004). In a three-week
study of paddy soils, Mestrot et al. ( 2009) reported arsenic volatilization took place only
in rice paddies to which manure was applied, but was less than 0.014% of the arsenic soil
content (24.2 mg As/kg soil).

Mixing arsenic-bearing wastes with cow dung has also been studied, with large
variations in the amount of arsenic volatilization reported. In one of the few studies to
measure gaseous arsenic emissions, Mohapatra et al. (2008) mixed cow dung with
arsenic-bearing ferrihydrite (18.5 mg As/g) and determined that 10% of the total arsenic
was volatilized in 40 days. In addition, 32% of the arsenic originally present in the waste
was released into the aqueous phase (Mohapatra et al. 2008). In another anaerobic
incubation, arsenic wastes from a drinking water treatment plant were mixed with organic
food waste and sewage sludge and incubated in an anaerobic digester for 50 days
(Banerjee 2010). This study reported arsenic removal up to 99% based on determining
arsenic content in the waste through solid digestions and measuring arsenic
concentrations in the effluent. They cited volatilization as the removal pathway, but no

direct measurements of gaseous arsenic emissions were performed (Banerjee 2010). In
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another study, cow dung was added to arsenic-bearing wastes from household
coagulation units and incubated for 36 days (Ali et al. 2003). Arsenic volatilization up to
50% was reported based on differences in the arsenic measured in acid digested solid
samples (Ali et al. 2003). In a more recent study of anaerobic digestion with added
arsenic (1 mg As/kg digestion solids), actual gaseous emissions were measured, finding
up to 2% arsenic volatilization after 42 days (Mestrot et al. 2013).

These studies show that conditions in anaerobic digesters can promote
volatilization of arsenic. However, the potential for arsenic release in the aqueous phase
should also be evaluated. This is particularly important for cow dung pit disposal of
wastes or on soils exposed to rainwater. Future studies should also include measurements
of all arsenic phases to accurately report gaseous and aqueous emissions.

2.4.4 Passive aeration disposal

To avoid reductive dissolution and the subsequent release of arsenic from
oxidized arsenic-bearing wastes, a passive aeration system was developed to keep wastes
in their oxidized forms (Sarkar et al. 2010). This system is designed using a container to
hold arsenic-bearing wastes, with slotted pipes running through the container, allowing
air to pass through the wastes. The passive aeration provided by this air is intended to
maintain oxic conditions, so that arsenate will remain bound to the resins/iron
hydroxides/aluminum hydroxide media. This disposal option has been implemented in
West Bengal, India, where over 200 community based arsenic removal filters have been
installed (Sarkar et al. 2010). Spent iron/aluminum hydroxide based adsorbent media

from the filters are collected and disposed in one central location (Sarkar et al. 2008).
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While this type of disposal system may be an excellent option for oxidized
arsenic-bearing wastes in developed and developing countries, long-term studies have not
been conducted to monitor its effectiveness. The location of pipes and vents for optimal
aeration have not been determined or experimentally verified. Additionally, studies have
not monitored wastes over time to show long-term stability. Further research is needed to
determine the effects of changing environmental conditions, including redox and pH,
caused by flooding and cycles of wetting and drying.

2.4.5 Pond disposal

In rural areas of developing countries, including Bangladesh, ponds are
sometimes used as the ultimate disposal location for arsenic-bearing solid wastes from
arsenic-removing sand filters and household filters (Yokota et al. 2001, Hussainuzzaman
and Yokota 2006, Shafiquzzaman et al. 2009). During filter maintenance, slurries of
water containing arsenic-bearing iron hydroxides particles are disposed in ponds.
However, pond disposal is not widely studied, nor included as an option in many
discussions of waste management. Beyond measuring arsenic concentrations, only a few
studies have characterized the chemical composition of pond water in arsenic affected
areas (Yokota et al. 2001, Neumann et al. 2009, Knappett et al. 2011). These studies
have reported arsenic concentrations (0-40 pg/L), dissolved oxygen concentrations (0.006
—0.047 mM, 0.2-1.5 mg/L), pH (7.5-9), and organic carbon concentrations (~1 mM, 12
mg/L) in pond waters in Bangladesh (Yokota et al. 2001, Neumann et al. 2009, Knappett
et al. 2011). These concentrations vary with the types of activities in and nearby the

ponds, including the location of latrines and the use of ponds for bathing or growing fish
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(Knappett et al. 2011). Future research should focus on improving our understanding of
this environment and monitor ponds in which arsenic-bearing waste is disposed.

Only two studies have simulated the fate of arsenic-bearing wastes disposed in
ponds. In one study, arsenic wastes were mixed with sewage and pond sediments and
incubated anaerobically for one year (Badruzzaman 2003). Arsenic was detected in the
aqueous phase only during the first twelve weeks (Badruzzaman 2003). Methylation and
volatilization of arsenic was proposed as a removal mechanism, although gaseous
samples were not taken (Badruzzaman 2003). During long-term disposal simulations,
pond water, distilled water, rainwater, and groundwater were compared as leachant
solutions for columns of adsorbent media waste (Ali et al. 2003). Pond water resulted in
the lowest release of arsenic, but the composition of each leachant was not reported,
making it difficult to understand the cause of the variation (Ali et al. 2003). Future
research should combine improved chemical characterization of pond waters with lab and
field studies of arsenic-bearing waste disposal in ponds.

2.4.6 Direct soil disposal

In many areas of developing countries without access to engineered landfills, one
of the most common waste disposal strategies is direct disposal on soil (Ali et al. 2003,
Grimshaw and Beaumont 2004, Sullivan et al. 2010). While scant research exists on the
fate of arsenic from drinking water treatment wastes disposed on soil, it is the
recommended disposal strategy for waste generated by the SONO filter (Hussam et al.
2008). However, critics have stressed the need for further analyses of these solids and the
fate of arsenic under field disposal conditions (Grimshaw and Beaumont 2004, Adel and

Husain 2008). Arsenic release and contamination of surface water sources has been
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mentioned as a primary concern with the direct disposal of arsenic-bearing wastes on
soils. Furthermore, direct soil disposal may lead to arsenic uptake by crops and fish,
increasing the potential arsenic exposure for people in arsenic affected areas (Grimshaw
and Beaumont 2004, Watanabe et al. 2004, Khan et al. 2009). Studies of rice grown in
areas with high arsenic soil concentrations and irrigated with arsenic contaminated water
highlight this threat to public health (Meharg and Rahman 2003, Williams et al. 2006).
Using arsenic-free water sources along with aerobic irrigation has been suggested to
reduce this risk (Williams et al. 2006), and has been found to decrease arsenic availability
for rice plant uptake (Xu et al. 2008).

To date no studies have been conducted to simulate direct soil disposal.
Researchers have only performed regulatory testing procedures, primarily the TCLP, on
arsenic-bearing solids, which have not been shown to accurately predict long-term
leaching in these environments. While in some cases arsenic-bearing wastes from
drinking water treatment have concentrations similar to or below the concentration of
arsenic in surrounding soil, the potential for release from these solids may not be the
same and should be evaluated. One study of actual disposal environments used the TCLP
to test soils and cow dung in areas where arsenic wastes had been disposed (Eriksen-
Hamel and Zinia 2001). However, this approach did not include a mass balance or
monitor arsenic from the waste over time making it difficult to draw conclusions about
the ultimate fate of arsenic from drinking water wastes. Because regulatory testing
procedures were developed and intended to provide information for landfill disposal
scenarios, further research is needed to understand if they are suitable to predicting the

potential for arsenic release from arsenic solid wastes disposed directly onto soils.
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2.5  Arsenic waste testing procedures

While disposal practices vary among countries, testing procedures for determining
arsenic leaching potential of solid wastes are more often shared. These testing procedures
aim to quantify the potential for arsenic leaching in disposal environments. The most
common test is the U.S. Environmental Protection Agency (EPA) toxicity characteristic
leaching procedure (TCLP) (U.S. EPA 1992). Leaching tests, such as the TCLP, quantify
the extent of extraction of arsenic from a solid waste using a single solution. In most
cases, the solution is chosen to cause leaching of contaminants at a similar lever or to a
greater extent than the leaching expected in the disposal environment. However, this is
difficult given the high number of contaminants of interest and their varied leaching
behavior (Hooper et al. 1998). Many of these tests, including the TCLP, are used to
categorize wastes as either hazardous, requiring disposal in a hazardous waste landfill, or
non-hazardous, suitable for discarding in municipal solid waste landfills, depending on
the resulting concentration of contaminant in the leachate. In developing countries,
wastes classified as suitable for non-hazardous landfill disposal are often claimed to pose
no concern for disposal conditions that differ greatly from landfills (Eriksen-Hamel and
Zinia 2001, Ali et al. 2003, Hussam and Munir 2007). In non-landfill disposal
environments, such leaching tests may not adequately cover the range of conditions that
can result in arsenic leaching. As such, more research is needed to verify the suitability
for assessing arsenic release over the range of conditions that may occur upon direct land
disposal.

An overview of the most commonly applied testing procedures is given in Table

2-1. Most of these leaching tests have been developed for the purpose of regulating waste
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disposal in landfills for a variety of contaminants. Each test has slightly different
conditions that affect predicted leaching and are used in different countries for

regulations and recommendations for waste disposal.
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Table 2-1. Testing Procedures for Determining Disposal of Arsenic Wastes

Testing Procedure Application Extraction Liquid | pH Duration | Leachant | Reference
(hours) | to solid
mass ratio
Toxicity characteristic U.S. EPA, hazardous Acetic acid 5 18 20:1 (U.S. EPA
leaching procedure material classification and | (0.1 M) 1992)
(TCLP) suitability for landfill
disposal
California waste California, hazardous Citric acid 5 48 10:1 (U.S. EPA
extraction test (Cal WET) | material classificationand | (0.2 M) 2003)
suitability for landfill
disposal
Synthetic precipitation U.S., Non-regulatory, Distilled water 4.20r5 18 20:1 (U.S. EPA
leaching procedure simulation of leaching in with nitric acid 1994)
(SPLP) rainwater and sulfuric acid *
Total available leaching European Union, Distilled water 4and 7 3 50:1 (Environm
procedure (TALP) or hazardous material with nitric acid" ent
Maximum availability characterization Agency
leaching test 2005)
Korean waste standard Korea, soils and solid Heated 1:1 (w/w) | not adjusted | 2 unspecified | (Lim et al.
test waste nitric acid and 2009)
hydrochloric acid
pH-stat European Union, waste Distilled water 4 24 10:1 (Oberman
characterization with nitric acid" nand
Cremer
1992)
German leaching test Germany, stabilized waste | Distilled water not adjusted | 24 10:1 (Dutre and
(DIN 38414) Vandecast
eele 1995)
United Kingdom leaching | U.K., soils and solid waste | Distilled water not adjusted | 1 5:1 (Hartley et
test al. 2004)
America Society of U.S., soils and solid waste | Distilled water not adjusted | 48 4:1 (Eisenberg
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Testing and Materials et al.

(ASTM) test 1986)

BS EN 12457 European Union, Distilled water not adjusted | 24 10:1 (BSEN
hazardous material 2002)
classification and
suitability for landfill
disposal

Japanese standard Japan, municipal solid Distilled water not adjusted | 6 10:1 (Environm

procedure for leaching waste ent

test Agency of

Japan
1973)
modified Dutch column European Union, soils Distilled water 4 504 continuous | (Hartley et

test with nitric acid flow al. 2004)

(0.1 mM)
ANS 16.1 Short-term U.S., low level nuclear Acetic acid 3.25 2160 semi-batch | (ANS
leaching test waste and stabilized waste | (0.014 M) 1986,
Moon and
Dermatas
2007)

Acid concentration not reported because it varies with wastes, for these tests the pH reported is controlled after the addition of

the waste.

*Nitric and sulfuric acid concentrations depend on the location relative to the Mississippi River, for locations east of the

Mississippi River the extraction fluid has pH 4.2 (0.038 mM nitric acid and 0.013 mM sulfuric acid). Tests for locations west of the

Mississippi River use pH 5 (0.006 mM nitric acid and 0.002 mM sulfuric acid).
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2.5.1 TCLP Toxicity Characteristic Leaching Procedure (TCLP)

The TCLP is the most widely used test for arsenic-bearing wastes around the world. In
the U.S., the EPA regulates hazardous waste based on the TCLP. Specifically, TCLP leachate
concentrations of arsenic greater than 5 mg/L require disposal in a hazardous waste landfill (U.S.
EPA 1992). When the leachate arsenic concentration is below 5 mg/L, the waste is classified as
non-hazardous and suitable for disposal in a municipal solid waste landfill.

As a test for landfill disposal of arsenic-bearing wastes, the TCLP may not be ideal.
Several studies have shown the TCLP to under-predict the leaching of arsenic under landfill
conditions (Hooper et al. 1998, Ghosh et al. 2004, Jing et al. 2008). Additionally, reported
results from the TCLP show large variation for different types of arsenic-bearing wastes,
including drinking water treatment wastes (Table S1, Appendix B). None of the reported studies
include TCLP leachate concentrations greater than 5 mg/L, the U.S. EPA regulatory limit for
non-hazardous waste classification. The leachate limit in a test similar to the TCLP used in
Australia is 0.7 mg/L, and this value is also rarely exceeded (Environment Australia 2002).

Results from TCLP tests on drinking water treatment waste from Table S1 (Appendix B)
are plotted in Figure 2-2 as the arsenic concentration in the TCLP leachate versus the
corresponding arsenic solids concentrations. No obvious relationship exists between arsenic
solids concentration and the TCLP leachate concentration. This could be expected due to
different waste generation conditions, variations in the headspace volume to leachant volume
ratios used in the TCLP tests, and total iron concentration of the media. However, even when
comparing the same waste types within a single study, orders of magnitude differences in arsenic
waste concentrations result in only small changes in TCLP leachate concentration. This analysis

suggests that TCLP test results may not accurately reflect the increased risk for leaching from

44



wastes with higher arsenic solids concentrations since actual disposal environments may not be

well accounted for by conditions in the TCLP as noted below.
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Figure 2-2. TCLP leachate concentrations versus arsenic concentration in waste solids from drinking water treatment systems.
(Hooper et al. 1998, Meng et al. 2001b, Hossain 2003, Banerjee and Chakraborty 2005, Jong and Parry 2005, Choi et al. 2009,

Stuckman et al. 2011)
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2.5.2 Other tests

Several alternative tests have been developed and used to test wastes for
regulations and research. In the European Union, the total available leaching procedure
(TALP) or maximum availability test is used for waste characterization (Environment
Agency 2005) and the BS EN 12457 is used for classification of wastes for hazardous
and non-hazardous waste landfill disposal (BS EN 2002, Zandi et al. 2007). In California,
the TCLP and the California waste extraction test (Cal WET) have been implemented to
classify wastes as hazardous or non-hazardous (U.S. EPA 2003). Another, less commonly
applied test is the U.S. EPA synthetic precipitation leaching procedure (SPLP) used to
mimic leaching in rainwater (U.S. EPA 1994). The German test (DIN 38414) is used
primarily for the evaluation of leaching from stabilization disposal of wastes (Perera et al.
2005). The pH-stat test has also been used in Europe and measures arsenic concentration
over time while maintaining a constant pH (Obermann and Cremer 1992, Forstner and
Haase 1998). Other tests that have been used to evaluate arsenic leaching, but have not
been widely used for arsenic-bearing wastes, and include a test for comparing soil
leaching (Hartley et al. 2004), the Japanese standard procedure for leaching test
(Environment Agency of Japan 1973, Hussainuzzaman and Y okota 2006), and the
Korean waste standard test (Lim et al. 2009).

While all previously mentioned leaching tests are performed in batch mode, with
the same leachant for a set duration of time, leachant replacement tests have also been
used. The modified Dutch column method uses a flow-through column and has been used
to compare arsenic leaching from soils (Hartley et al. 2004). Another kind of leachant

replacement test is modeled after tests for low-level nuclear wastes for stabilized solids
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and is operated in a semi-batch mode where the leachant is replaced after intervals of
batch leaching (ANS 1986, Moon and Dermatas 2007). While these tests have not been
widely applied to arsenic-bearing drinking water treatment wastes, they offer alternatives
to current tests.

2.5.3 Extraction liquids

Acid-based extraction liquids are most commonly used for leaching tests. Their
use has been justified based on the presence of acids in landfills (Halim et al. 2003,
Environment Agency 2005). Acetic acid is used in the TCLP, while citric acid is used in
the Cal WET (U.S. EPA 2003). The Cal WET measured higher arsenic leaching than the
TCLP and a leaching test using municipal solid waste leachate (Hooper et al. 1998, Jing
et al. 2005). This is likely due to citrate chelation of iron following the dissolution of
arsenopyrites and subsequent mobilization of arsenic (Hooper et al. 1998) and increased
sorbent dissolution (Jing et al. 2005). The TALP uses distilled water with nitric acid at
pH 4 and 7 and is intended to predict leaching potential under landfill conditions
(Environment Agency 2005).

In the SPLP, nitric and sulfuric acids are used in appropriate concentrations to
mimic acid rain (U.S. EPA 1994, New Jersey Department of Environmental Protection
2008). In comparison to the TCLP and Cal WET, the arsenic leaching potential measured
by the SPLP is typically lower (Hooper et al. 1998, Choi et al. 2009). This test may
provide a more realistic assessment of arsenic release under environmental disposal
conditions, such as soil disposal, for which arsenic-bearing wastes come into direct
contact with rainwater. The extraction liquid in the TALP has also been modified to

mimic local rainwater and used in an evaluation of SONO filter waste (Hussam and
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Munir 2007). Arsenic leaching results using this modified TALP were reported to be
similar or lower than the corresponding TCLP measurements (Hussam and Munir 2007).
While these tests may be accurate predictors of the potential for arsenic release in
rainwater, environmental conditions in soil or pond water disposals are likely to be more
complex and include microbially mediated release of arsenic from wastes.

The pH-stat test uses distilled water and titration with nitric acid and sodium
hydroxide to keep the solution at a set pH, typically pH 4, with samples taken at different
times during the test (Obermann and Cremer 1992). The test has been applied to soils and
building wastes (Herreweghe and Swennen 2002, Cappuyns and Swennen 2008) and
drinking water treatment wastes (Forstner and Haase 1998). In the only comparison with
other leaching tests, the pH-stat test resulted in lower arsenic release than the TCLP
(Cappuyns and Swennen 2008). Distilled water with nitric acid at pH 4 was used in the
modified Dutch column test and resulted in much higher arsenic leaching compared to
the UK Environmental Agency test and the ASTM test, both of which use distilled water
as the extraction liquid (Hartley et al. 2004). In the Korean standard waste test,
concentrated nitric and hydrochloric acids are heated, resulting in a measurement close to
the total amount of arsenic in a waste (Lim et al. 2009). If the aim is to provide a
conservative measure of the potential for release under unknown or uncharacterized
disposal conditions, the Korean standard waste test or other total digestions may be more
appropriate.

Alternatively, distilled water without pH adjustment is used in several leaching
tests. The DIN 38414 test uses distilled water and has primarily been used to test

stabilization treatments of arsenic waste and results in arsenic concentrations similar to

49



the TCLP, but lower than the Cal WET (Dutre and Vandecasteele 1995, Banerjee and
Chakraborty 2005, Perera et al. 2005). The UK Environmental Agency leaching test and
ASTM tests also use distilled water, but have primarily been used for testing soils
(Hartley et al. 2004). Without pH adjustment, the pH of these tests depends on the
properties of each waste and is likely to greatly affect the measured arsenic leaching
potential. This is not ideal for predicting leaching in disposal environments, as in most
disposal conditions the overall pH will not be dependent on the waste, but will be dictated
by the landfill leachate, pond water, or soils.
2.5.4 Testduration

By design, leaching tests attempt to estimate the leaching potential of a waste in a
time period much shorter than that of disposal. The tests described here range in duration
from 1 hour to 13 weeks. The 18 hour TCLP extraction has been tested for longer periods
(up to 84 hours) and greater arsenic leaching has been found for longer test durations
(Hooper et al. 1998, Stuckman et al. 2011). The duration of the pH-stat test has been
recommended to be increased from 24 hours to 96 hours to better estimate the maximum
leaching potential (Paschke et al. 1999, Herreweghe and Swennen 2002). Increasing the
duration of these tests may be helpful in generating more conservative predictions of
long-term leaching. However, future work should link these leaching test measurements
with actual leaching measurements under field conditions.
2.5.5 Criticisms of testing procedures

The most common criticism of the currently used leaching tests is that air is used
as the headspace gas to predict long-term leaching behavior under anaerobic disposal

conditions found in landfills (Hooper et al. 1998, Leist et al. 2000, Meng et al. 2001b,
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Halim et al. 2003, Hartley et al. 2004, Jong and Parry 2005, Sullivan et al. 2010). The
use of air as a headspace gas has been shown to result in lower arsenic leachate
concentrations as compared to a nitrogen headspace for oxidized arsenic-bearing wastes
(Ghosh et al. 2004). The volume of the headspace gas is not specified in leaching tests
and is of concern for reduced arsenic-bearing wastes. Comparisons of the TCLP test for
reduced arsenic-bearing wastes found that higher air headspace volumes resulted in lower
arsenic concentrations in the leachate (Meng et al. 2001b, Jong and Parry 2005). This is
consistent with the oxidation of iron and increased arsenic stability in solid phases. To
avoid the variability of different headspace volumes and more accurately account for
anaerobic landfill conditions, nitrogen purged bottles or bottles without headspace have
been recommended for performing TCLP extractions (Meng et al. 2001b, Jong and Parry
2005).

In general, leaching tests based on extractions with a single liquid at a static pH
and redox condition may be poor predictors of a waste’s long-term leaching potential,
since they ignore the changing conditions encountered in disposal environments
(Kjeldsen et al. 2002). Leachant replacement tests are one option for evaluating changing
conditions and may more accurately simulate the introduction of fresh leaching liquids in
landfills or other disposal environments. A series of tests with different leachants and
different headspace gases may also be helpful to better assess leaching potential under
changing pH and redox conditions in disposal environments. Additionally, tests should
include cycles of wetting and drying for arsenic-bearing solid wastes that are exposed to
environmental conditions through direct dumping on soils or through the use of concrete

containing arsenic-bearing wastes.
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Presently, there are no short term tests to evaluate the potential for microbial
activity to enhance the release of arsenic from arsenic-bearing wastes. However, as
described earlier, in the presence of organic carbon, microbial activity in landfills, cow
dung, soils, and ponds can be a driving factor affecting the release of arsenic (Ali et al.
2003, Pinel-Raffaitin et al. 2007, Cortinas et al. 2008). Future research could be used to
develop tests to evaluate the stability of wastes under conditions with stimulated
microbial activity that are representative of these environments. Tests should use realistic
organic carbon concentrations and microbial seeds from relevant environments to
accurately predict the potential for leaching in these conditions.

All the tests described here aim to assess the long-term leaching potential of a
waste. However, for some disposal options, a mass-based loading standard (mass of
arsenic applied to an area over a given time) may be more appropriate. Mass-based
loading limits for a variety of pollutants are used in the U.S. to regulate land application
of biosolids generated during wastewater treatment (U.S. EPA 2007). These regulations
may be relevant for direct environmental disposal of arsenic waste including soil and
pond disposal. They state that the limit for the total mass of arsenic applied to fields
through biosolids is 41 kg/hectare and the annual maximum application limit is 2
kg/hectare (U.S. EPA 2007). Since mass-based loading standards do not take into account
waste-specific characteristics, like speciation and leaching potential, these standards may
overestimate the risks posed by some wastes. However, given that leaching tests have not
been shown to accurately measure long-term leaching potential for direct environmental

disposal conditions, this more conservative approach may be warranted.
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2.6 Recommendations and Research Needs

Arsenic-bearing wastes should be disposed in environments that limit the
potential risks for release of arsenic to the environment and contamination of water and
food sources. Ideal environments are those that are similar to the conditions under which
arsenic was removed, for example containment in a passive aeration system for oxidized
arsenic-bearing wastes. Additionally, given the ability of microbially mediated
transformations of arsenic and iron, wastes should be stored in environments with limited
microbial activity. Concrete stabilization might provide such a condition. However,
concrete that incorporates arsenic should be used only in applications with minimal
exposure to microbial activity. Future research should explore the changing conditions
that occur in landfills and other disposal environments over both time and space.
Particularly lacking are simulations of non-landfill disposal conditions relevant for
developing countries. Studies should include characterization of chemical and microbial
changes during disposal. Most importantly, the results from such simulation experiments
should be incorporated into recommendations for appropriate disposal and for developing
improved regulatory testing procedures.

Short-term testing procedures used for regulations and disposal recommendations
can be useful in predicting the relative potential for leaching, but should be modified to
represent the conditions of disposal environments to more accurately assess the long-term
leaching potential of wastes. To evaluate the long-term leaching potential of arsenic-
bearing wastes in anaerobic landfill environments, regulatory tests should include the use
of zero-headspace and nitrogen purged vessels, to better simulate the reducing conditions.

Sequential leachant cycle tests mimicking the different stages in a landfill may also be
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useful for better predicting long-term arsenic release. For non-landfill disposal
conditions, more information about the fate of arsenic for different disposal scenarios is
needed to develop tests that accurately measure the potential for arsenic leaching. Until
more is known about arsenic leaching under different and variable environmental
conditions representative of various disposal options, regulations based on the total mass
loading of arsenic, such as those used for land application of biosolids, may be a more

conservative approach.
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Chapter 3
Evaluating the cement stabilization of arsenic-bearing iron wastes from drinking

water treatment

3.1  Abstract

Cement stabilization of arsenic-bearing wastes is recommended to limit arsenic
release from wastes following disposal. Such stabilization has been demonstrated to
reduce the arsenic concentration in the Toxicity Characteristic Leaching Procedure
(TCLP), the test regulating landfill disposal of arsenic waste. However, few studies have
evaluated leaching from actual wastes under conditions similar to those in ultimate
disposal environments. In this study, direct land disposal in areas where flooding would
be likely was simulated to test arsenic release from cement stabilized arsenic-bearing iron
oxide wastes. When submersed for 406 days in chemically simulated rainwater, <0.4%
of total arsenic was leached, an amount comparable to the leaching measured during the
TCLP (<0.3%). Short-term (18 h) modified TCLP tests (pH 3-12) found that cement
stabilization lowered arsenic leaching at high pH, but increased leaching at pH <4.2
compared to non-stabilized wastes. The application of uXRF revealed the majority of
arsenic in cement stabilized waste remained associated with iron, and by pXRD, the
presence of calcite and other cementitious minerals was confirmed. This distribution of
arsenic differed from previous reports in which arsenic salts were stabilized with cement
and arsenic-calcium solid phases were observed. This illustrates that the initial form of
arsenic-bearing wastes influences the final stabilized form. Overall, cement stabilization

is effective for arsenic-bearing wastes when acidic conditions can be avoided.
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3.2 Introduction

Worldwide contamination of drinking water by arsenic has spurred the development
and implementation of numerous arsenic-removal technologies, many of which rely on
the sorption of arsenic to oxidized iron solids (Jain and Ali 2000, Kumar et al. 2004,
Choong et al. 2007, Mohan and Pittman 2007, Ravenscroft et al. 2009, van Genuchten et
al. 2012, Neumann et al. 2013). The resulting arsenic-bearing iron solid waste can
become a new source of arsenic contamination depending on the disposal environment.
This is of concern in developed or developing countries where waste solids from filters
used to remove arsenic from drinking water are disposed in either landfills or soil
environments near filtration facilities, respectively. Landfill conditions may cause the
release of arsenic from ferric iron solids through reductive dissolution and changes in pH
(Ghosh et al. 2006, Stuckman et al. 2011). However, for conditions in which arsenic
solid wastes are disposed directly on land, such as in Bangladesh, the potential for arsenic
release has not been well characterized.

To minimize the potential for release, arsenic-bearing wastes have been mixed with
cement for disposal (Dutre and VVandecasteele 1995, Leist et al. 2000, Paria and Yuet
2006). Cement stabilization includes mixtures of cement, water, and sand that are used to
create mortars and if aggregates, such as crushed gravel or stone, are included the
resulting material is a concrete. While the effectiveness of cement stabilization has been
shown to vary widely based on both waste and concrete characteristics (Leist et al. 2003,
Sullivan et al. 2010), studies have found that cement or lime addition typically reduces
arsenic measured in the leachate of the Toxicity Characteristic Leaching Procedure

(TCLP) when compared to non-stabilized wastes (Akhter et al. 1997, Jing et al. 2003,
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Moon et al. 2004, Jia and Demopoulos 2008, Camacho et al. 2009). The TCLP is
frequently used to measure leaching potential and is the test applied by the US E.P.A. to
determine if wastes are safe for municipal solid waste landfill disposal or must be treated
as a hazardous waste (U.S. EPA 1992a).

The leachant solution for the TCLP is comprised of acetic acid (pK, of 4.75, 25 °C),
and is typically designed to result in a pH < 5, though the final pH of the test is not
always reported, and can vary depending on the alkalinity of the waste tested. For a
typical TCLP formulation, the testing of cement- or lime-stabilized waste can result in pH
> 5, which may confound the interpretation of the leaching results. In studies measuring
the leaching of arsenic from cement stabilized arsenic wastes by the TLCP over a range
of pH values, higher pH conditions have been shown to result in lower leaching (Jing et
al. 2003, Yoon et al. 2010).

Few studies have evaluated arsenic leaching from cement stabilized wastes over long
time periods (>24 hours) (Sanchez et al. 2002, Singh and Pant 2006), yet such studies are
warranted to assess their true stability in disposal environments. Sanchez et al. (2002)
evaluated the leaching of arsenic, added as a salt, from a mortar under environments with
varied relative humidity and CO; levels and found arsenic release continued over 94 days
regardless of conditions. Singh and Pant (2006) similarly observed continuous leaching
from cement stabilized arsenite adsorbed to activated alumina over a 90 period. More
information linking the effectiveness of short-term leaching tests for predicting longer
term leaching under actual disposal conditions is needed to assess whether short-term
leaching tests can be used to predict the ultimate arsenic release over the much longer

exposure periods expected in common disposal environments.
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When cement stabilized arsenic wastes are stored near treatment plants or used in
non-load bearing structural elements, rainwater is expected to be the natural leachant. In
South Asia, the potential for flooding may be especially high during the monsoon seasons
(Shahid 2010). While the TLCP (with acetic acid) is expected to provide a more
aggressive leaching condition than rainwater, it remains to be demonstrated whether the
standard short-term TLCP test is a good predictor of the efficacy of cement stabilized
waste for keeping arsenic from leaching over long periods of rainwater exposure.

The stability of arsenic stabilized wastes depends on the type of solid phases that
bind arsenic within the cement. Characterization of cement and lime stabilized arsenic by
bulk X-ray diffraction (XRD) has identified crystalline arsenic calcium phases, including:
NaCaAsOy-7.5H,0, Cas(OH),(AsO4),-4H,0, Caz(AsOs),-3 % H,0, Cas(AsO4)3(OH)
(Akhter et al. 1997, Bothe Jr and Brown 1999, Moon et al. 2004). However, in most
cases, these calcium-arsenic solids originated from arsenic salts and therefore may not be
representative of those that form from arsenic drinking water treatment wastes in which
arsenic is typically sorbed to iron solids. In the only studies characterizing cement or
lime stabilization of arsenic sorbed to iron solids, calcium arsenic solids were observed
by FTIR (Jing et al. 2003) and the calcium iron arsenic solid, yukonite
(CazFe3(AsO4)4(OH)-12H,0) was found by XRD (Jia and Demopoulos 2008). Since
bulk XRD detection is limited to crystalline solids, if amorphous phases are present,
XRD would not identify arsenic associated with these phases. Similarly, other techniques
such as bulk X-ray absorption spectroscopy can be difficult to interpret when samples

contain multiple phases. These challenges require the application of new techniques to
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determine the distribution of arsenic from iron-based drinking water treatment in cement
stabilized solids.

In this study, wastes from a pilot-scale iron electrocoagulation system operated for
arsenic removal from a contaminated groundwater source in West Bengal, India (Amrose
et al. 2014) were used to: (i) evaluate leaching from cement stabilized wastes over long-
term exposure to simulated rainwater, (ii) compare long-term simulated leaching with
short-term leaching tests, and (iii) characterize the distribution of arsenic in cement
stabilized wastes using uWXRF and crystalline phases using pXRD. These results are used
to assess the potential for cement stabilization arsenic waste to provide long term stability
against leaching under representative disposal conditions, to determine if short term
leaching test are effective predictors of this stability, and to identify the arsenic solid
phase associations responsible for its stability against leaching.

3.3  Experimental
3.3.1 Mortar preparation and waste characteristics

The cement stabilization of arsenic-bearing wastes was performed by creating a
mortar through the hand mixing a combination of ordinary Portland cement, sand, and
water at a ratio of 1:3:0.5 by mass (Jing et al. 2003, Sugiyama et al. 2007). An iron oxide
arsenic-bearing waste from a pilot scale Electro-Chemical Arsenic Remediation (ECAR)
unit operating in West Bengal, India (Amrose et al. 2014) was dried at 105 °C and
incorporated into the mortar at either 1% or 3% of the total mass, replacing some of the
sand. The arsenic and iron coordination environments in wastes from similar systems
have been extensively characterized (van Genuchten et al. 2012, van Genuchten et al.

2014). Wet mortar was poured into plastic molds to create 0.83 cm® cubes. Molds were
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sealed with plastic wrap and cured for 48 hours before cubes were removed from the
molds. Cubes were then stored in plastic bags and inside an anaerobic glove box to
reduce exposure to carbon dioxide before use in leaching tests. To compare the impact of
curing conditions, another set of 2.05 cm® cubes was prepared using three different curing
conditions. One set, as described above, was cured for 48 hours wrapped in plastic. Two
other sets were prepared and cured in water for a total curing time of either 6 days or 28
days. Cubes from all conditions were removed from molds after 48 hours.
3.3.2 Long-term rainwater leaching tests

Leaching tests were performed by exposing uncrushed mortar cubes to rainwater for
406 days to simulate long-term leaching. Synthetic rainwater was made based on an
average major ion concentrations measured in rainwater samples collected in areas
surrounding Dhaka, Bangladesh (Hadi et al. 1999) (Table S2, Appendix C). 100 mortar
cubes containing 1% ECAR waste were placed into each of three glass containers with
300 mL of the synthetic rainwater. Liquid samples were collected and filtered through
0.2 um nylon filters. The liquid volume removed at various sampling times was replaced
with an equivalent volume of synthetic rainwater. Dionized water, typically less than 10
mL per week, was added to replace water loss due to evaporation to maintain a constant
volume. Triplicate experiments were also set-up with containers holding 100 mortar
cubes and filled with 300 mL of synthetic rainwater for 1 hour daily after which the
rainwater was drained and a sample collected. For the remaining 23 hours the cubes
would be left to air dry. This process was continued for 70 days. After the pH was
measured (Mettler Toledo, Columbus, OH), the samples were acidified with nitric acid

for the measurement of total arsenic, iron, and calcium using inductively-couple plasma
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mass spectroscopy (ICP-MS) (PerkinElmer ALEN DRC-e, Waltham, MA). The
detection limit for arsenic was 1.1 pug/L. The instrument error was 5%, as determined by
the variation from known standards. The minimum measurement error was 0.8 pg/L.
Errors are reported as the highest of the standard deviation between replicate samples, the
instrumental error, or the minimum measurement error.

3.3.3 Short-term leaching: TCLP and modified TCLP

For short-term leaching tests, the TCLP was performed as outlined by the U.S. EPA
(1992a). Briefly, 0.1 M acetic acid was used as the leachant with an initial pH of either
2.88 or pH 4.93, adjusted with 1 M NaOH. In modified TCLP tests, the acetic acid
concentration was varied (0.1 M, 1.5 M, 3 M, 4.5 M, and 6 M) to change the final
leachate pH. In TCLP tests, the leachant to solid ratio was 20:1 and was typically
performed with 1 g of dried and crushed mortar or raw waste in a 50 mL centrifuge tube.
Replicate samples, between three and five, were mixed by using an end-over-end sample
tube rotator for 18 hours. Samples were filtered through 0.7 pum pre-washed glass
microfiber filters (EMD Millipore, Darmstadt, Germany) and acidified with nitric acid
for total arsenic measurement via ICP-MS.

Short-term leaching tests to compare leaching from differentially cured mortars were
performed using uncrushed 2.05 cm® mortar cubes. Three curing conditions tested
included: 2 day curing wrapped in plastic, 6 day curing in water, and 28 day curing in
water. For each of these curing conditions five replicate leaching tests were conducted at
three different acetic acid concentrations, 0.1 M, 1.5 M, and 3 M. Each replicate test was
performed with one cube and 40 mL of leachant. The percentage of arsenic leached from

each cube was calculated based on total digestions of mortar cubes from the same batch
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of mortar and the mass of the dry cubes before the leaching test. Cubes were placed into
the leaching solution inside of 50 mL centrifuge tubes and were mixed on a shaker plate
for 18 hours before samples were filtered and acidified for total arsenic measurement via
ICP-MS.
3.3.4 Short-term leaching: NaOH Leaching

To assess the leaching of raw ECAR waste at high pH, a short-term leaching test in
0.1 M NaOH was performed, where 0.01 g of dried ECAR waste was added to 40 mL of
leachant and rotated in an end-over-end rotator for either 1 or 3 days. This was also
repeated in a12 mM CaO solution to evaluate whether the presence of calcium impacted
the results. Samples were filtered and acidified as described above.
3.3.5 Total digestions

Total digestions were performed on the waste and mortar solids according to the US
EPA Method 3050B to determine total solid arsenic concentrations (U.S. EPA 1992b).
Between 0.5 and 1.0 g of dried and crushed solids from a subset of at least five cubes or a
sample of ECAR waste were treated with 10 mL of 7.8 M nitric acid and incubated at 100
°C for 2 hours followed by the addition of hydrogen peroxide, typically 1 mL, or until
vigorous bubbling stopped, and then incubated for another 2 hours at 100 °C. Cooled
samples were filtered through Whatman no. 41(GE Healthcare Life Sciences, Pittsburg,
PA\) filter paper, diluted, and acidified with nitric acid for total arsenic measurement by
ICP-MS.
3.3.6 Solids characterization

Samples of 1% ECAR waste mortar cubes taken prior to rainwater incubation and on

day 386 of rainwater leaching were prepared for X-ray microprobe analysis at beamline
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13-ID-E, Sector 13 GeoSoilEnviroCARS, Advanced Photon Source at Argonne National
Laboratory (Sutton et al. 2002). Polished thin sections (30 pum) of the mortar cubes were
prepared on quartz glass slides by Spectrum Petrographics (Vancouver, WA).
Microfocused X-ray fluorescence (UXRF) compositional mapping was performed using a
monochromatic X-ray beam focused to a spot size of 1 x 2 um (V x H) using a pair of
200 mm long, elliptically-bent, Rh-coated silicon mirrors in a Kirkpatrick—Baez
geometry. X-ray fluorescence spectra were collected using a 4-element Vortex-ME4
silicon-drift-diode detector (Hitachi, Tokyo, Japan) coupled to XMap digital
spectrometers (XIA, Hayward, CA). Maps were collected in a continuous scan mode
using incident X-ray energy of 13.0 keV, a pixel size of 2 um, and a scan rate of 30
msec/pixel. The energy dispersive detector was filtered using 230 um of Kapton film to
minimize calcium K fluorescence. This reduced detector dead time and pile up. XRF
energy dispersive maps were processed using beamline specific software

(http://gsecars.uchicago.edu). Elemental mass ratios were calculated using the NRLXRF

program (Criss et al. 1978) using a standardless fundamental parameters approach
(Kanngieller 2003), referenced to measured Ca Ko emission intensities and assuming a
calcite bulk chemical composition. At points of interest, uXRD patterns were collected
in transmission mode using a Perkin Elmer 16 inch amorphous silicon digital X-ray
detector (XRD1621) with incident beam energy of 17.0 keV and a 5 second collection
time per frame. Background subtraction and image processing was performed with
FIT2D (Hammersley 1997). Alumina was used as a detector calibration standard. XRD

pattern recognition was performed using MDI Jade 2010 (Livermore, CA).
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3.4  Results & Discussion
3.4.1 ECAR Waste and Mortar Characterization

The total arsenic concentration in the mortar cubes was determined by the total
digestion method and found to be 14.6 + 2.1 and 32.7 £ 1.6 pg As/g mortar for 1% and
3% ECAR wastes, respectively. The arsenic concentration of the raw ECAR waste was
995 £ 50 g As/g waste. In order to compare leaching across different solids, the arsenic
leached is presented as a percentage of the total arsenic based on these digestions.
3.4.2 Long-term rainwater leaching compared to TCLP estimate

The pH in the long-term rainwater leaching experiment (406 days) started out at a
relatively high pH of 12.7, but then gradually decreased to a final pH of ~8.9 (Figure 3-
3). The high pH was caused by the dissolution of portlandite (Ca(OH),) from the mortar,
which resulted in Ca leaching. Over time calcite precipitation likely occurred, given the
exposure of the rainwater to carbon dioxide from the atmosphere. Consistent with this,
dissolved calcium concentrations were above 100 mg/L before day 16, but decreased to
below 1 mg/L after day 29 (data not shown). Iron concentrations were around 1 mg/L,
but decreased to below the detection limit (0.1 mg/L) after day 20 (data not shown).
Before day 18, arsenic concentrations in the aqueous phase were below the detection
limit (0.1 ug/L), but began to increase over time, reaching an average concentration of 21
+ 4.8 pg/L by day 406 among the three replicates. The lag in arsenic release has been
observed previously (Singh and Pant 2006) and was likely caused by arsenic sorption/co-
precipitation with calcite in the leaching solution (Alexandratos et al. 2007, Lee et al.
2007, Sg et al. 2008, Yokoyama et al. 2012). After 406 days, the total arsenic leached

from the cubes represented about 0.34% of the total amount of arsenic present in the
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mortar. In the 70 day experiment, where cubes were exposed to rainwater for 1 hour

daily, followed by 23 hours of drying, concentrations of arsenic above the detection limit

were not measured. In this test, due to the high volume of rainwater used (300 mL per

day), up to 1.45 % of the total arsenic present could have leached without being detected.

Taken together, the results from both long-term leaching studies indicate that cement

stabilization is very effective in keeping arsenic from leaching by rainwater.
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Figure 3-3. pH (a) and total arsenic (b) in filtered rainwater leachate over time for

triplicate incubations of 100 mortar cubes containing 1% ECAR.

The standard TCLP test, using 0.1 M acetic acid and initial pH of 2.9 as the leachant,

resulted in an average leachate arsenic concentration of 2.0 = 0.8 pg/L from triplicate

tests. This is far below the limit for disposal in municipal solid waste landfills (<5,000

Ma/L) (U.S. EPA 1992a). The final pH of the test leachate varied between 6.3 and 11.5.
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This pH range was the largest among all replicate tests. Possible causes include the
physical and chemical heterogeneity of the cement stabilized waste cubes and the small
sample size (1 g) taken for each test. However, as discussed below, this pH range is not
expected to result in large changes in the arsenic leaching. The amount of arsenic
leached from the ECAR mortar under this test, represented 0.27% of the total arsenic
present in the mortar. No statistically significant difference was found between the
arsenic leached during the long-term rainwater experiment with uncrushed cubes

compared with the short-term TCLP on crushed cubes (p-value > 0.1;Table 31).
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Table 3-1. Comparison of short-term (TCLP) and long-term (rainwater) leaching

Leaching Test % of total arsenic time initial final
leached (days) leachant leachate
average pH pH

(std. deviation in
percentage points)

Long-term Rainwater 0.34 (x0.1) 406 6.2 8.9
Leaching
Toxicity Characteristic 0.27 (£0.1) 0.75 2.9 6.3-11.5

Leaching Procedure (TCLP)

3.4.3 Short-term leaching tests with varying pH

While the design of the TCLP is to determine leaching from solids at a pH between 3
and 5, solids such as cements result in a much higher final pH. To determine arsenic
leaching over a wider pH range, acetic acid concentrations were varied. Results from the
leaching test for cement stabilized ECAR waste and raw ECAR waste are shown in
Figure 3-2, where the mass of arsenic leached is plotted as the percentage of the total

arsenic in each solid versus the final leachate pH.
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Figure 3-4. Arsenic leaching versus final leachate pH from short-term leaching tests
of ECAR waste with and without cement stabilization.

When raw ECAR waste was subjected to a high pH environment, i.e. 0.1 M NaOH,
up to 64% of the total arsenic was mobilized. However, in the presence of calcium, the
mobilization of arsenic from ECAR waste at high pH was greatly decreased (<4%). This
had been previously observed and could be caused by arsenate co-precipitation or
sorption to calcite (Parks et al. 2003, Jia and Demopoulos 2008). A reduction in leaching
was also observed when the ECAR is cement stabilized, which resulted in less than 1.5%
mobilization in acetic acid where the final leachate pH is between 6.2 and 12.3. Given
the potential for Ca(OH), dissolution from the crushed mortar and the subsequent
precipitation of CaCOj3 over this pH range, it is not possible to distinguish between

arsenic that remains in its original phase and arsenic that is mobilized and subsequently
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adsorbed or co-precipitated with calcite. The stability of calcium solids at high pH is also
important in preventing the release of arsenic from the cement stabilized cubes under the
long-term rainwater leaching. Leaching from raw ECAR waste was also found to be low
as a percentage of the total arsenic present at pH 5.1-5.7. Leachate arsenic concentrations
were between 13.4 and 66.2 pg/L. This is likely due to the strong sorption of arsenate to
iron oxides in the pH range 4-8 (Fuller et al. 1993, Dixit and Hering 2003, Wee and
Kramer 2005).

At pH less than 4.2, arsenic mobilization increased with decreasing pH for both raw
ECAR waste and cement stabilized waste. Below this pH, the dissolution of iron oxides
would be expected and would result in the release of arsenic. Under these low pH
conditions, slightly more arsenic was leached from the cement stabilized waste than from
the raw ECAR waste. Compared to the raw ECAR waste, where lower pH would
increase arsenate sorption, until iron dissolution, cement stabilized wastes may also have
some arsenic associated with calcium solids, which could cause more As to leach from
the cement stabilized wastes as pH is lowered and both iron oxides and calcium solids
begin to dissolve. These results are consistent with previous reports (Jing et al. 2003,
Moon et al. 2004), though the increased release from stabilized solids compared to non-
stabilized solids at low pH is often overlooked. This is an important consideration for
disposal conditions where wastes may be exposed to low pH solutions, such as acid rain
(pH ~4.3), animal wastes (pH as low as 4) (Bertron et al. 2005), or landfill leachate
during early stages of landfill degradation (pH 4.5) (Kjeldsen et al. 2002). Even though
cement stabilization is used as a pre-treatment for landfill disposal (Singh and Pant 2006),

the long-term effects of landfill leachate exposure are not well characterized. There is
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some indication that cement stabilized materials will not dissolve in landfill leachates
which are typically oversaturated with respect to calcite (Bennett et al. 2000, Manning
2001). However, if dissolution of the cement stabilized solids were to occur, the
reducing conditions would likely limit re-sorption/co-precipitation of arsenite with calcite
(Se et al. 2008, Wang et al. 2012, Yokoyama et al. 2012). For storage conditions above
ground, low pH and reducing conditions would be less likely, and the pH inside the
cement stabilized solids would remain high, producing conditions where the mortar
would remain intact and low arsenic leaching would be expected. Generally, the
advantage of cement stabilized waste versus raw ECAR iron waste is due to the
encapsulation and the maintenance of a high pH condition that would protect against
reductive dissolution likely for a long time, until the mortar was dissolved.

In addition to pH, other variables may affect the leaching from cement stabilized
wastes. One factor is curing conditions, which can affect the properties of mortar or
concrete. Increased curing times have been associated with increases in compressive
strength and decreases in water permeability, carbonation depth, and porosity
(Ramezanianpour and Malhotra 1995, Al-Khaiat and Haque 1998, Bai et al. 2002).
However, there has been limited research relating these properties with leaching
behavior. Previous studies have compared leaching using the TCLP, with a final pH
above 5, and have found slightly decreased leaching with increased curing time, from 14
to 28 days, and very little change between leaching from samples cured 28 days and
samples cured longer than 1 year (Akhter et al. 1997, Kameswari et al. 2001, Jing et al.
2005, Nakwanit et al. 2011). In this study, we found little difference in curing conditions

on arsenic leaching at a final pH 3.8-4.0 (Figure 3-5). At the lowest final pH, the
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percentage of the total arsenic leached was greatest for the 6 day water cured samples
(27.6% = 3.1 pp), followed by 28 day water cured samples (15.7% + 1.2 pp), and lowest
for 2 day plastic wrapped samples (10.6% + 1.0 pp) (Figure 3-5). This indicates that the
leaching potential for the cubes used in the long-term leaching (which were also cured for
2 days in plastic) may be lower than that from mortars cured in water. Standard lab tests
for mortar and concrete are typically performed after water curing, but actual conditions
may vary in the field application of cement stabilization for wastes. The differences in
leaching observed here warrant further study to determine the optimal curing conditions

for field applications.
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Figure 3-5. The percent of total arsenic leached from uncrushed mortar cubes
containing 3% ECAR waste in leaching tests with varying concentrations of acetic
acid.
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3.4.4 Solids characterization

UXRF elemental mapping shows the distribution of calcium, arsenic, and iron in
areas near ECAR waste particles within the mortar cube (Figure 3-6). In maps from both
the initial time point and after 386 days in rainwater, arsenic and iron were found
together. Calcium was more abundant near the edges of the ECAR waste particle and
away from the waste. A linear relationship exists between As and Fe intensities, but not
between As and Ca intensities (Figure S1, Appendix C). Elemental mass ratios for three
areas with a range of arsenic intensities (areas shown Figure S2, Appendix C) show that
the ratio of Fe to As is between 152 and 187 to 1. These results highlight that the
majority of arsenic present in the cement stabilized waste remains associated with iron,
similar to the initial state of the ECAR waste. Of importance is also the areas
surrounding the ECAR waste particle with lower arsenic. This may be caused by some
desorption of arsenic from the iron under the high pH conditions of the cement matrix
and subsequent association of with calcium phases. This is consistent with the finding
that at low pH (<4) more arsenic leaches under short-term leaching tests from cement
stabilized samples compared with raw ECAR waste as a result of the additional arsenic
released from the ECAR waste at high pH while in the cement matrix. These findings are
also supported by evidence that arsenic is preferentially associated with iron in natural
environments and agricultural lime samples, but associated with calcium when iron
sorption is limited (Schmidt et al. 2009, Bardelli et al. 2011, Costagliola et al. 2013,

Winkel et al. 2013).
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Figure 3-6. uXRF elemental maps of calcium (red), arsenic (green), and iron (blue)
in thin sections of cement stabilized ECAR waste from day 0 before flooding (a) and
day 386 of rainwater flooding (b).

UXRD patterns from across the cubes show evidence for calcite, ettringite,
portlandite, calcium aluminum iron oxide, dolomite, and calcium silica solids (Figure 3-
7¢), all phases commonly found in cementitious materials (Scheidegger et al. 2006,
Schlegel et al. 2011, Dilnesa et al. 2014). In these samples no evidence for crystalline
calcium arsenic phases was found. This is in contrast to studies of cement stabilization
with arsenic salts (Akhter et al. 1997, Bothe Jr and Brown 1999, Moon et al. 2004) and is
likely due to the use of an iron-based arsenic waste in this study. In one other study of
arsenic-bearing iron wastes treated with lime, yukonite was identified using XRD, but

was observed only after an accelerated aging performed at 70 °C for 7 weeks (Jia and
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Demopoulos 2008). In a second study of iron wastes, evidence for calcium arsenic
phases was found using Fourier transform infrared spectroscopy (FTIR) and X-ray
absorption fine structure (EXAFS) (Jing et al. 2003) though it can be difficult to
distinguish between arsenic co-precipitated with calcite and calcium arsenic solids, such
as johnbaumite, using these techniques (Alexandratos et al. 2007, Yokoyama et al. 2012).
Calcite, although present at day 0, became more abundant in the mortar after long-term
incubation. The presence of calcite as the primary crystalline phase in points across and
around the ECAR particle suggests that arsenate sorption to or co-precipitation with
calcite plays only a minor role in arsenic stability over time as only small amounts of

arsenic dissolves from the ECAR waste at high pH into the surrounding cement matrix.
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3.5  Conclusions

The results presented here highlight the importance of pH on the predicted mobility
of arsenic from cement stabilized wastes. For long-term exposure of cement stabilized
arsenic-bearing waste to a simulated rainwater, pH remained high (>8) and arsenic
leaching was low (about 0.34% of the total arsenic present). This was similar to the
amount predicted in the standard TCLP, where the pH was also high (pH 6.3-11.5).
Under short-term leaching conditions with acetic acid, little leaching from cement
stabilized arsenic-bearing iron wastes occurred between pH 6.2-12.3. At pH <4.2,
increased leaching was observed from cement stabilized and raw wastes.
Characterization of the cement stabilized arsenic-bearing wastes revealed that arsenic was
primarily associated with iron, similar to the starting waste material. The primary
crystalline phase identified was calcite and no crystalline calcium arsenic phases were
identified, a result that differs from previous studies of cement stabilization with arsenic
salts. Taken together, these results indicate that cement stabilization is a promising
technique to limit arsenic release into the environment under conditions where exposure
to low pH can be avoided. Future studies should further evaluate optimal curing
conditions for field applications and the stability of mortar and concrete in other potential

disposal environments such as landfills or ponds.
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Chapter 4
Anaerobic microbial community response to methanogenic inhibitors 2-

bromoethanoesulfonate and propynoic acid

4.1 Summary

Studies of methanogenesis often include the use of chemical inhibitors to limit the
activity of methanogenic archaea. When used in studies of complex microbial
communities, it is important to characterize inhibitor induced structural and functional
changes of archaeal and bacterial communities. We characterized microbial community
structure and activity in cow dung and municipal wastewater treatment plant anaerobic
digester sludge seeded mesocosms after exposure to two methanogenesis inhibitors, 2-
bromoethanesulfonate (BES) and propynoic acid (PA). Methane production was reduced
by 89 % (0.5 mM BES), 100 % (10 mM BES), 24 % (0.1 mM PA), and 95 % (10 mM
PA). Using modified primers targeting the methyl-coenzyme M reductase (mcrA) gene,
involved in the final step of methanogenesis, changes in mcrA gene expression were
found to correlate with changes in methane production and the relative activity of
methanogens. Methanogenic activity was determined by the relative abundance of
methanogen 16S rRNA cDNA as a percentage of the total community 16S rRNA cDNA
and decreased with increasing concentrations of inhibitors. Aceticlastic methanogens
were inhibited to a greater extent than hydrogenotrophic methanogens. The relative

abundance of the 16S rRNA cDNA of some syntrophic bacteria was reduced following
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exposure to both inhibitors, but the overall structure of the active bacterial community
was not significantly different.
4.2 Introduction

Methane can be viewed as a potent greenhouse gas, an energy source, a dangerous
and explosive byproduct of anaerobic biodegradation, a waste product diverting energy
from animal feed, or a driver of microbial carbon cycling (Hallam et al. 2003, Dupont
and Accorsi 2006, Knittel and Boetius 2009, Appels et al. 2011, Chowdhury and Dick
2013, IPCC 2013, Patra and Yu 2013). Due to methane’s importance in fields ranging
from climate science to animal husbandry, much research has focused on understanding
the activity of methanogenic archaea under anaerobic conditions (Reeve et al. 1997,
Conrad 2007). Aerobic methane generation has also been identified and may be an
important source of methane from oceans (Karl et al. 2008), however this study will
focus on methane production under anaerobic conditions. All known methanogenic
archaea contain genes that encode for the methyl-coenzyme M reductase (MCR) the final
step of methanogenesis. There are two isoenzymes, MCRI and MCRI|I, and the mcrA and
mrtA genes encode for a-subunit of each, respectively (Reeve et al. 1997). The
mcrA/mrtA genes have been a common target for measuring methanogen abundance,
activity, and diversity. The agreement between phylogenetic trees based on 16S rRNA
genes and mcrA genes (Luton et al. 2002) has been used to support the use of the mcrA
gene as a methanogen specific phylogenetic target.

Compounds that inhibit methanogenesis have been important in research to study
pure cultures of methanogens (Ungerfeld et al. 2004, Watkins et al. 2012), and mixed

communities to understand carbon cycling in soils (Sugimoto and Wada 1993, Wu et al.
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2001), the inhibition of ruminal methanogens (Ungerfeld et al. 2006, Zhou et al. 2011b),
and microbial populations involved in dechlorination (Perkins et al. 1994, Chiu and Lee
2001), mercury methylation (Han et al. 2010, Avramescu et al. 2011), and the
degradation of nitrosamines (Tezel et al. 2011). Further, inhibitors have been useful in
elucidating the activity of methanogens related to metal and metalloid methylation
(Meyer et al. 2008, Thomas et al. 2011). A variety of chemicals have been applied to
inhibit methanogenesis in livestock to either reduce methane emissions or to direct more
of the feed energy to animals for increased agricultural output (i.e., milk and meat)
(Machmuller and Kreuzer 1999, Boadi et al. 2004, Beauchemin et al. 2009). Regardless
of the intended use, when methanogenic inhibitors are used in mixed communities,
detailed characterization of inhibitor-induced changes to both archaeal and bacterial
populations is needed to ensure that the observed effects can be accurately ascribed to the
inhibition of methanogenic activity or to elucidate indirect effects. This is especially
important given that a wide diversity of methanogenic inhibitors with varying properties
and mechanisms of action have been used. Methanogen inhibitors can be divided into
several categories (as reviewed by (Liu et al. 2011)), including analogs of coenzyme M
(Gunsalus et al. 1978, Zinder et al. 1984), inhibitors of methanopterin biosynthesis
(Dumitru et al. 2003), medium and long chain fatty acids (Prins et al. 1972, Soliva et al.
2003), nitrocompounds (Zhou et al. 2011b), halogenated hydrocarbons (Denman et al.
2007), ethylene (Oremland and Taylor 1975), acetylene (Oremland and Taylor 1975,
Sprott et al. 1982), and unsaturated analogs of propionate and butyrate (Ungerfeld et al.

2003, Ungerfeld et al. 2004, Ungerfeld et al. 2006, Zhou et al. 2011b).
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While many inhibitors are considered methanogen-specific, various studies have
found that other microorganisms can be affected. The most commonly used
methanogenesis inhibitor, 2-bromoethanesulfonate (BES), a coenzyme M analog, has
been found to also inhibit dechlorinating bacteria (Loffler et al. 1997, Chiu and Lee
2001) and affect bacterial growth on aliphatic alkenes (Boyd et al. 2006). Propynoic acid
(PA), an unsaturated propionate analog with one triple carbon bond, is an effective
inhibitor of methanogenesis (Ungerfeld et al. 2004, Zhou et al. 2011b). However, limited
studies have been performed on the effects of PA on the structure of microbial
communities (Patra and Yu 2013). To date, studies of the impacts of methanogenesis
inhibitors on bacterial and archaeal communities have relied on clone libraries,
denaturing gel electrophoresis (DGGE), or terminal restriction fragment length
polymorphism (TRFLP) targeting the 16S rRNA gene (Chiu and Lee 2001, Xu et al.
2010a, Xu et al. 2010b, Patra and Yu 2013) and the mcrA gene (Denman et al. 2007).
Results from DGGE based evaluations of the impact of inhibitors have shown changes in
the overall community structure and did not yield insights into how specific populations
were impacted (Chiu and Lee 2001, Patra and Yu 2013). Studies using TRFLP and clone
libraries of the 16S rRNA gene have reported decreases in the relative abundance of
aceticlastic methanogens and syntrophic bacteria and increases in the relative abundance
of homoacetogens after exposure of mesophilic anaerobic digester sludge to BES and
chloroform (Xu et al. 2010a, Xu et al. 2010b). In a study of cow rumen communities,
mcrA gene clone libraries and quantitative PCR revealed a decrease in the most abundant
methanogen genus, Methanobrevibacter, under BES inhibited conditions (Denman et al.

2007). Since these studies relied on DNA-based techniques (Chiu and Lee 2001,
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Denman et al. 2007, Xu et al. 2010a, Xu et al. 2010b, Patra and Yu 2013) they may not
have revealed short-term changes in microbial activity in batch mesocosms or in systems
with low yield, because of low growth rates and retention of dead or inactive biomass and
extracellular DNA (Chiao et al. 2014, Smith et al. 2014).

In this study, we evaluated a modification to commonly used PCR primer sets
targeting the mcrA gene. We then applied this primer set to track the expression of mcrA
genes by using reverse transcriptase quantitative PCR (RT-gPCR) in mixed communities
seeded with anaerobic digester sludge and cow dung at different levels of inhibition by
either BES or PA. The effects of BES and PA on methanogenic and bacterial populations
were characterized through a combination of DNA- and RNA- based Illumina sequencing
targeting theV4 region of the 16S rRNA genes and 16S rRNA cDNA and mcrA genes
and mcrA transcript cONA.

4.3  Results & Discussion

To target the mcrA gene in methanogens, the mlas forward primer described by
Steinberg and Regan (2009) was modified with additional degeneracies and used with the
previously reported mcra-rev reverse primer (Steinberg and Regan 2008). These
modifications improved the predicted amplification for 10 of the 32 methanogens with
complete genomes available (Table S3, Appendix D). Amplification was confirmed using
ten DNA extracts from pure cultures of methanogens (Table S3 and S4, Appendix D).
These extracts were pooled to create two mock communities A and B, to represent either
a relatively even community (A) or an uneven community (B) with relative methanogen
abundances similar to what would be found in an anaerobic digester (Smith et al. 2013).

For these mock communities both the 16S rRNA genes and mcrA genes were sequenced.
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Similar trends were observed when comparing mock community A with mock
community B for both genes, though there were differences in the percent relative
abundances predicted by the two genes (Figure 4-8). In a previous comparison of
methanogen mock communities with TRFLP greater differences between the expected
and observed communities were found based on the mcrA gene as compared to the 16S
rRNA genes and attributed to the higher number of degeneracies in the primers used for
the mcrA gene (Lueders and Friedrich 2003). These differences highlight several
challenges in quantification using amplicon sequencing due to biases dependent on gene
target, PCR conditions, quantification method, and primer biases (Suzuki and Giovannoni
1996, Zhou et al. 20114, Pinto and Raskin 2012).

In this study, the relative abundance of Methanobacterium was much greater than
expected for both the 16S rRNA and mcrA genes, while Methanosaeta was much lower
in relative abundance than expected (Figure 4-8). Although, as expected, both genera
were in greater abundance in mock community B compared to mock community A for
both genes. For Methanobrevibacter, Methanococcus, and Methanosphaera, the relative
abundance as measured by the mcrA gene was much lower in both mock communities as
compared to the expected values and those measured by the 16S rRNA gene. There are
no mismatches between the primers and the gene sequences for these organisms (Table
S5, Appendix D) and a similar under-representation was observed for a mock community
generated by pooling individually amplified PCR products of the mcrA gene from each

strain (Figure S3, Appendix D).
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Figure 4-8. Comparison of expected (a) and measured (b) methanogen relative
abundance from two mock communities A and B with 16S rRNA gene and mcrA
gene sequencing.

To characterize changes in mixed communities induced by methanogenic inhibitors,
biomass samples were collected from cow dung and anaerobic digester sludge
mesocosms with varying levels of methanogenic activity controlled by the addition of
BES and PA. Methanogenic activity was monitored through the measurement of
methane production and mcrA gene expression. The microbial communities were
characterized using sequencing of the 16S rRNA gene, 16S rRNA cDNA, mcrA genes,
and mcrA transcript cDNA. As expected, with increasing concentrations of the
methanogen inhibitors BES and PA, the rate of methane production and cumulative
methane produced decreased (Figure 4-9 and Figure S4, Appendix D). Expression of the
mcrA gene positively correlated with methane production (Figure 4-9). A similar
correlation between methane production and the 16S rRNA cDNA sequences (referred to
here as “relative activity”) of methanogens over the total community (including Bacteria

and Archaea) was also found (Figure 4-9). While there are biases associated with using
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16S rRNA cDNA as a marker of activity (Blazewicz et al. 2013), the correlation between
methanogen 16S rRNA cDNA and a functional gene specific to methanogens indicates
that 16S rRNA activity can be a reliable metric for methanogen activity in these

conditions.
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Figure 4-9. Relative methanogen activity (based on methanogen 16S rRNA cDNA as
a % of the total community (including Bacteria and Archaea) 16S rRNA cDNA
(bars), mcrA expression normalized by 16S rRNA cDNA (diamonds) determined
with RT-gPCR, and cumulative methane production (circles). The mcrA expression
is displayed as the averages and standard deviations of triplicate qPCR reactions.
Duplicates shown represent duplicate biomass samples from the same reactors. No
inhibitor was added in control conditions.

Sequencing of 16S rRNA gene, 16S rRNA cDNA, mcrA genes, and mcrA transcript
cDNA was performed to characterize the changes in the community structure of
methanogenic populations under different inhibition conditions. As expected, given the

short duration of this experiment (9 days), the differences in the archaeal DNA-based
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sequencing results for the different conditions were modest (Figure 4-10a and c)
compared to RNA-based sequencing results (Figure 4-10b and d), which revealed
significant differences in the methanogenic communities for the different conditions. As
with the mock communities, when comparing the results between the two different genes
sequenced (16S rRNA gene/16S rRNA cDNA and mcrA genes/mcrA transcript cDNA)
(Figure 4-10 a and b compared to ¢ and d) for any given methanogenic genus, the trends
in relative abundance and activity are similar across inhibition conditions. However there
are differences in the percent relative abundance and activity. Similar to the results from
the mock communities, Methanosaeta spp. made up a larger percent relative abundance
and activity in mcrA-based sequencing, while Methanospirillum spp. made up a larger
percent relative abundance and activity according to 16S rRNA-based sequencing.

In results from both 16S rRNA gene and 16S rRNA cDNA sequencing,
Methanosaeta spp. was the most abundant and active methanogen, representing 38 % of
the archaeal 16S rRNA gene and 71 % of the archaeal 16S rRNA cDNA sequences
(Figure 4-10). Results from mcrA gene and transcript cDNA sequencing also show
Methanosaeta spp. was the most abundant and active methanogen, representing 86 % and
93 % of the methanogen community and active methanogen community, respectively.
Further, the activity of Methanosaeta spp. was reduced in both BES and PA 10 mM
inhibition conditions, shown by both 16S rRNA cDNA and mcrA transcript cDNA results
(Figure 4-10b and d). Very little difference was observed between Methanosaeta spp.
activity in PA 0.1 mM compared to the control condition. This is consistent with the
methane generation results where among inhibited conditions PA 0.1 mM generated the

most methane (Figure 4-8). Results from both the 16S rRNA gene and 16S rRNA cDNA
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sequencing found Methanosphaera spp. and Methanobrevibacter spp. represented a
greater fraction of the archaeal community and active archaeal community under all
inhibited conditions compared to the control (Figure 4-10a and b). These genera made up
a smaller fraction of the mcrA-based communities, though Methanobrevibacter spp. was
found to be more active in most inhibited conditions as compared to the control based on
mcrA transcript cONA (Figure 4-10c). Methanoregula spp. was between 15-33 % of the
archaeal community according to 16S rRNA gene sequencing, and its activity was a
smaller fraction, between 2-6 %, based on 16S rRNA cDNA sequencing in all conditions.
Using mcrA-based sequencing Methanoregula was less than 2 % of the abundance and
activity of methanogens under all conditions.

The mock community results showed that Methanobacterium was less abundant in
the mcrA-based communities compared to the 16S rRNA gene-based communities
(Figure 4-8) and this was similarly observed in the 16S rRNA gene-based mesocosm
results compared to the mcrA gene sequencing (Figure 4-10a compared to ¢). However,
the RNA-based sequencing of the mcrA transcript cDNA revealed much higher activity
of hydrogenotrophic methanogens Methanobacterium spp. and Methanomicrobium spp.
at high PA and both BES conditions compared to the control (Figure 4-10d). The 16S
rRNA cDNA based activity difference for Methanobacterium spp. was less substantial,
but shows a similar trend (Figure 4-10b).

One explanation for this drastic difference in mcrA-based activity may be the
presence of a second gene that encodes for an isoenzyme of methyl-coenzyme M, the
mrtA gene. This gene has been found in members of both Methanobacterium and

Methanomicrobium genera (Bonacker et al. 1992, Luton et al. 2002), but to date has not
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been reported in aceticlastic methanogens. Other genera with identified mrtA genes
include Methanothermobacter spp. and Methanosphaera spp., though the gene is not well
annotated or differentiated from reported mcrA gene sequences. A comparison between
representative mcrA sequences from the different operational taxonomic units (OTUS)
that were identified as Methanobacterium and Methanomicrobium shows that of the
seven OTUs, one is highly similar (95.9%) to a Methanobacterium mrtA gene (OTU 6,
Figure S5, Appendix D) and is highest in relative activity in the BES and PA 10 mM
conditions (Figure S6, Appendix D). Interestingly, pure culture studies with
Methanobacterium thermoautotrophicum have found differential expression of the mcrA
and mrtA genes, with the mrtA being more highly expressed during the exponential
growth phase of methanogens with the gene and under conditions of high substrate
availability (Bonacker et al. 1992, Pihl et al. 1994, Pennings et al. 1997).

The other OTUs observed here were more closely related to known mcrA sequences.
OTU 2 is also highest in relative activity during these conditions and is more closely
related to the mcrA gene from Methanobacterium sp. TO1 which is only 71.8% similar to
the Methanobacterium mrtA gene. We suspect that there are reasons beyond the increase
in mrtA expression that allow Methanobacterium and Methanomicrobium to continue
expressing the mcrA gene during inhibitor exposure. This is also consistent with other
studies that found hydrogenotrophic methanogens to be less sensitive to inhibition than
aceticlastic methanogens (Zinder et al. 1984, Perkins et al. 1994, Xu et al. 2010a).
Multiple explanations for these results have been hypothesized, including differences in
cell envelopes that might result in higher exposure to inhibitors or differences in

coenzyme M transport rates (Xu et al. 2010a).
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It is important to note that the shifts in Figure 4-10 represent relative changes in total

methanogen abundance and activity. Given the challenges with quantitative nucleic acid

extractions from heterogeneous biomass samples, these relative abundance and activity

data were not converted to an absolute quantification of abundance or activity per

biomass. However, by comparing the abundance and activity of methanogens as a

fraction of the total community abundance and activity (Bacteria and Archaea) (Figure 4-

9) it is clear that the methanogenic activity is lower for higher inhibitor concentrations.
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Seven populations of previously described syntrophic fatty-acid oxidizing bacteria
were identified in these mesocosm samples. The communities were predominantly
comprised of Syntrophomonas, a butyrate and higher VFA oxidizer (Sousa et al. 2007),
and Smithella, a propionate oxidizer (Liu et al. 1999) (Figure 4-11). These populations
have a coupled metabolism with hydrogenotrophic methanogens that keep the partial
pressure of H, low such that their metabolism is energetically favorable. Due to this
important relationship between syntrophic bacteria and methanogens, the inhibition of
hydrogenotrophic methanogens (Figure S7, Appendix D) is likely to cause an increase in
the partial pressure of hydrogen and therefore changes in syntrophic bacteria activity.
Using fluorescence in situ hybridization (FISH) in sewage sludge digesters exposed to
BES, Xu et al. (2010b) observed a lower abundance of syntrophic bacteria under
methanogenesis inhibited conditions compared to a control. In the current study, greater
changes were observed in relative activity (RNA-based) as compared to relative
abundance (DNA-based) as expected, given the short duration of the experiment (Figure
4-11). Syntrophomonas abundance and activity were lower during inhibited conditions
compared to the control (Figure 4-11). The relative abundance and activity of Smithella
did not decrease with the presence of either inhibitor. The energetics of butyrate and
propionate oxidation is dependent on the partial pressure of hydrogen, which was not
measured in this study, but may have contributed to the differential response (Figure S8,
Appendix D). Other factors that may contribute to these observed differences include the
production and degradation rates of 16S rRNA levels. While these rates are not known,
there are differences in 16S rRNA gene copy number between Syntrophomonas and

Smithella that have three and one copies, respectively. This difference can be indicative
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of differential growth strategies where higher copy numbers are associated with faster
growth rates following environmental changes (Klappenbach et al. 2000). This would be
consistent with our finding that Syntrophomonas responded more quickly to

environmental changes due to inhibition of methanogenesis.
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Figure 4-11. Relative abundance (a) and activity (b) of syntrophic bacteria as a
percentage of the total bacterial and archaeal communities based on 16S rRNA gene
and 16S rRNA cDNA sequencing.

Overall, the bacterial community present in these mesocosms is quite diverse,
containing greater than 9000 OTUs, grouped at a 0.03 cut-off, and 600 phylotypes,
grouped taxonomically at the genus level. The overall shifts in the structure of the active
bacterial community are not significant between the different conditions (6, AMOVA, p-
value > 0.05). There are few changes in the relative activity of the 20 most abundant

phylotypes (Figure 4-12a). Other studies have found general evidence for a community
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shift using less resolved techniques for community fingerprinting. Chiu and Lee (2001)
used DGGE and measurements of dechlorination products and found a shift in the
bacterial community over long-term exposure to BES. DGGE also revealed shifts in
rumen fluid mesocosms exposed to PA when used in combination with other inhibitors
(Patra and Yu 2013). It is difficult to compare these previous findings with the current
study as DGGE the specific bacterial groups responsible for these shifts were not
identified.

In this study, an indicator analysis (Dufréne and Legendre 1997) was applied to
determine the bacterial groups whose presence, or in this case activity (based on 16S
rRNA cDNA) is indicative of each condition. The statistically significant groups (p-
value < 0.05) are shown in Figure 4-12b. Of the bacterial groups identified as indicators
of the control samples, two are syntrophic bacterial groups (Syntrophomonas and an
unclassified member of Syntrophomonadaceae). As previously described this result is
expected due to the inhibition of these groups in both BES and PA conditions. An
unclassified member of the order Fusobacteriales is also more active in control samples
compared to all other conditions. Groups identified as indicators of inhibited conditions
include cellulose degraders and groups commonly found in rumen and plant matter
digesters, including the groups Cellulosilyticum (Li et al. 2014), Clostridium I11 and IV
(Collins et al. 1994), Prevotella (Williams et al. 2013), and Succinivibrio (Yue et al.
2013). Future studies employing chemical inhibitors of methanogenesis should recognize
the potential for these genera to increase in activity and for the activity of some

syntrophic bacteria to decrease.
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4.4  Experimental Procedures
4.4.1 Mesocosm set-up

Mesocosms were seeded with 6 g wet cow dung, collected from a field where grass
and corn fed cattle were grazing using sterile plastic scoops, in 100 mL of concentrated
(approximately 5000 mg/L total suspended solids) anaerobic digester sludge collected
from a mesophilic (32 °C) wastewater treatment plant anaerobic sludge digester
(Northfield Wastewater Treatment Plant, Whitmore Lake, MI). Control mesocosms
contained no added inhibitor. The effect of 2-bromoethane sulfonate (BES) addition was
evaluated at concentrations of 0.5 and 10 mM, whereas propynoic acid (PA) was tested at
concentrations of 0.1 and 10 mM. Some conditions were evaluated in replicate bottles
and additional inhibitor concentrations (50 mM BES and 1 mM PA) were also tested
(Figure S4, Appendix D). The pH was measured before capping the mesocosms and
brought to pH 7.0 using sodium hydroxide. The 150 mL serum bottles were capped with
a butyl rubber stopper, crimp sealed, and purged with N, gas before the start of the
experiment. Incubations were carried out in a 31 °C water bath and the mesocosm
contents were mixed on magnetic stir plates.
4.4.2 Mesocosm sampling

A glass syringe (Chemglass Life Sciences, Vineland, New Jersey) was used to
measure gas production and collect gas for composition measurements using a needle
about every other day. The CH,4, CO,, and N, composition in the headspace gas was
measured using a gas chromatograph (Gow-Mac, Bethlehem, PA) coupled with a thermal
conductivity detector (TCD). On day 9, after a final collection of the headspace gas, the

bottles were opened and the biomass centrifuged at 4 °C. The supernatant was decanted
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and biomass samples were collected for DNA and RNA extraction, the latter being
preserved with RNAlater (Qiagen, Valencia, California). Following collection, biomass
samples were frozen at -80 °C until extraction.
4.4.3 Nucleic acid extractions and cDNA synthesis

DNA and RNA was extracted from biomass samples using the automated extraction
Maxwell 16 Blood LEV kit or Maxwell 16 simplyRNA tissue kit, for DNA or RNA,
respectively according to the manufacturer’s instructions. Briefly, zirconium beads (0.1
mm) and lysis buffer were added to each sample and three 2 minute bead beating steps
were performed, replacing the lysis buffer after each bead beating. Proteinase K was
added to each sample for DNA extraction prior to the automatic extraction. For RNA
extraction, the method was the same, except bead beating was performed in 1-
thiolyglycerol homogenization buffer and 10 puL of DNase 1 (instead of 5 puL) was added
to the extraction kit. Nucleic acid quality and quantity were determined using
spectrophotometry (Nanodrop 1000, Thermo Fischer Scientific, Wilmington, DE),
fluorospectrometry (Quantifluor dsDNA and RNA systems (Promega, Madison, WI) and
Nanodrop 3000 (Thermo Fischer Scientific, Wilmington, DE)), and for RNA samples
using electrophoresis with the Experion RNA analysis kit (Bio-Rad, Hercules, CA).
cDNA was synthesized using SuperScript® VILO cDNA synthesis kit according to the
manufacturer’s instructions (Invitrogen, Carlsbad, CA).
4.4.4 Primer design

Primers targeting the mcrA gene were designed through an in silico analysis
followed by testing with pure cultures and mock communities. First, existing primer sets

(Juottonen et al. 2006, Steinberg and Regan 2008, Steinberg and Regan 2009, Zeleke et
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al. 2013) were compared to partial mcrA sequences downloaded from GenBank (NCBI,
Bethesda, MD) and back translated full length McrA protein sequences using EMBOSS
Backtranseq with the Methanothermobacter thermoautotrophicus strain Delta H codon
usage table (EMBL EBI, Hinxton, UK) using MEGA 6.0 (Tamura et al. 2013). The
forward primer mlas was modified with additional degeneracies
(5’GGYGGTGTMGGNTTCACHCARTA-3’) (Steinberg and Regan 2009). The reverse
primer mcra-rev was used as reported previously (5°-
CGTTCATBGCGTAGTTVGGRTAGT-3") (Steinberg and Regan 2008). Primer
specificity and coverage was assessed in silico using MFE primer 2.0 (Qu et al. 2012).
The v4 region of 16S rRNA gene was targeted using universal primers F515 (5°-
GTGCCAGCMGCCGCGGTAA-3’) and R806 (5°- GGACTACHVGGGTWTCTAAT-
3”) (Caporaso et al. 2011). The coverage of these primers was verified with TestPrime
1.0 (Klindworth et al. 2012). Both primer sets were checked for complementarity with
sequences from the complete genomes of the methanogens used in the mock communities
(Table S5, Appendix D).

PCR and RT-gPCR

To verify the amplification of the mcrA gene from a range of methanogens, DNA
extracts from pure cultures of methanogens were used as a template for PCR over a range
of annealing temperatures. PCR was performed using 20 uL reactions with primers at
500 nM, 0.5 ng of template, 0.3 mg/mL bovine serum albumin (BSA), 10 pL Phusion
High Fidelity Master Mix (NEB, Ipswich, MA), and nuclease-free water. An initial 2
minute denaturation at 95 °C was followed by 30 cycles of denaturing at 95 °C for 20 s,

annealing at 55 °C for 15 s, and extension at 72 °C for 30 s, with a final extension at 72
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°C for 5 min. PCR products were visualized on a 1.5 % agarose gel. PCR products for
use as qPCR standards were generated in the same fashion for both mcrA and 16S rRNA
gene amplicons, using DNA extracts from mesocosm samples pooled by equal mass as
the template (He and McMahon 2011, Sonthiphand et al. 2013). PCR products were
visualized on a 1.5 % agarose gel and the band was excised and purified with the
QIAquick Gel Extraction Kit (Qiagen, Valencia, CA). Amplified and purified pools were
quantified using the Quantifluor dsSDNA system and fluorospectrometry. Serial dilutions
of the pools were prepared for gPCR standards and ranged from 107-10% copies/pL for
mcrA and 10%-10* copies/pL for 16S rRNA genes.

The Mastercycler Realplex Ep (Eppendorf, Hamburg, Germany) was used to
perform RT-gPCR with triplicate wells for each sample and reaction volumes of 19 pL
using Fast Plus EvaGreen Master Mix (Biotium, Hayward, CA). Forward and reverse
primer concentrations were 500 nM, except the reverse mcrA primer was 250 nM. The
conditions used for thermocycling were as described above with slight modification.
Instead of 30 cycles, 50 cycles were performed and a melting curve analysis was
performed as the final step. To improve annealing conditions for the mcrA transcript
cDNA quantification, there was an initial 2 min denaturation of the cDNA at 95 °C, then
5 cycles of 95 °C for 20 s, 55 °C for 15 s, followed by a temperature ramp of 0.1 °C/s to
72 °C (Luton et al. 2002, Morris et al. 2014), and extension for 72 °C for 30 s. Then 45
cycles were performed without the temperature ramp with a final extension at 72 °C for 5
min. The standard curves R? were 0.995 and 0.998 and efficiencies were 74% and 89%,
for mcrA and 16S rRNA genes, respectively.

Mock communities
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Three different mock communities (even, even-PCR, and digester) were created by
mixing varying amounts of either DNA extracts or amplified PCR products. The even
mock community was made by mixing DNA extracts based on concentration and genome
length to achieve an even community. The even-PCR mock community was made by
mixing mcrA-amplified PCR products from each methanogen mixed evenly based on
PCR product concentration. The digester mock community was mixed from DNA
extracts from each methanogen based on genome length to achieve a community
representative of an anaerobic digester, expected communities based on these
calculations are shown in Figure S3 (Appendix D).

Sequencing and analysis

Samples from the mock community, mesocosm DNA, and mesocosm cDNA were
submitted for sequencing of the v4 region of the 16S rRNA gene at the Host Microbiome
Initiative (University of Michigan, Ann Arbor, MI). Primers F515 and R806 (Caporaso et
al. 2011) were modified for sequencing as described by Kozich et al. (2013). PCR was
performed using Accuprime TAQ (Invitrogen) and thermocylcing conditions were 2 min
95 °C denaturation, followed by 30 cycles of denaturation at 95 °C for 20 s, annealing at
55 ° C for 15 s, and extension at 72 °C for 5 min, the final extension was performed at 72
°C for 5 min. Samples were also submitted for sequencing of the mcrA gene,
amplification was performed as described above. Following amplification of either gene,
the SequalPrep Normalization Plate Kit (Life Technologies, Grand Island, NY) was used
to pool samples by equal mass. Amplicons were multiplexed and sequenced using the
Illumina MiSeq, Reagent Kit V2 was used for mcrA amplicons resulting in a total of

20,842 paired-end reads after quality filtering, there were between 193 and 2240
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sequences per sample. For 16S rRNA gene amplicons Reagent Kit V3 was used and
resulted in a total of 15,152 sequences per sample after quality filtering and subsampling.
The resulting sequences were processed with mothur (Schloss et al. 2009) following the
Schloss MiSeq SOP and classified using the 16S taxonomy from the Ribosomal Database
Project (Cole et al. 2013) and the mcrA taxonomic database from (Yang et al. 2014). For
mcrA sequences 4 ambiguous base pairs were allowed and a similarity cutoff of 85.8%
was used for the genus level corresponding to a 97% cutoff for the 16S rRNA (Yang et

al. 2014).
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Chapter 5
Anaerobic disposal of arsenic-bearing wastes and the impact of methanogenesis on

arsenic volatilization

51  Abstract

The prevalence of arsenic contaminated drinking water sources has led to the
development and implementation of a variety of water treatment systems to remove
arsenic, all of which generate arsenic-bearing wastes. For rural areas, one proposed
disposal option for arsenic waste is mixing the waste with cow dung to promote
microbially mediated arsenic volatilization under anaerobic conditions. Arsenic
volatilization is expected to facilitate the dilution of arsenic in the atmosphere. However,
little is known about the degree of these transformations or the microbial populations
responsible for the volatilization. Volatilization of arsenic can be mediated by the protein
arsenite S-adenosylmethionine methyltransferase (ArsM), which is present in a wide
diversity of microorganisms, or through the activity of enzymes involved in
methanogenesis. In this study, mesocosms containing an arsenic-bearing ferric iron
waste from an electrocoagulation drinking water treatment system were seeded with cow
dung and anaerobic digester sludge to promote methanogenesis. To evaluate the role of
methanogenesis in arsenic volatilization, methanogenesis was inhibited in some of the
mesocosms using 2-bromoethanesulfonate and propynoic acid. Arsenic was measured in
the gaseous, aqueous, and solid phases and compared to the initial amount of arsenic

added. Arsenic volatilization was highest in the control mesocosms in which

128



methanogenesis was not inhibited, but represented less than 0.02 % of the total amount of
arsenic added. Molecular analyses, including 16S rRNA cDNA sequencing, gPCR of
mcrA transcripts, and microarray-based analysis of arsM expression, revealed that arsenic
volatilization was correlated with methanogenic activity. Mobilization into the aqueous
phase was substantial although less than 4 % of the total arsenic, indicating that
environmental contamination may be of concern using this disposal strategy. Based on
these findings, anaerobic disposal strategies using cow dung and anaerobic digestion
sludge are not recommended for arsenic-bearing oxidized iron waste disposal.
5.2 Introduction

Human exposure to arsenic increases the risk for cancers, skin legions,
cardiovascular problems, and other negative health outcomes (Argos et al. 2010,
Naujokas et al. 2013). Naturally occurring arsenic contaminates groundwater used as a
source for drinking water and crop irrigation (Ravenscroft et al. 2009, Zhao et al. 2010).
Anthropogenic arsenic contamination originates from several industries, including wood
processing and meat production (Yao et al. 2012, Nachman et al. 2013, Mercer and
Frostick 2014). As a result, a variety of processes generate arsenic-bearing waste and
appropriate waste disposal options are needed. Several existing practices include waste
disposal under anaerobic conditions. Anaerobic digestion is commonly used for the
treatment of agricultural biomass or livestock wastes (Kelleher et al. 2002, Mussoline et
al. 2014), which often contain arsenic due to plant uptake of arsenic in irrigation water
(Zhao et al. 2010, Bhattacharya et al. 2012) or as a result of arsenic containing feed
additives consumed by livestock (Chapman and Johnson 2002, Nachman et al. 2013).

Drinking water treatment wastes in developed countries are often disposed in landfills
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(Cornwall 2003). As an alternative to landfill disposal in developing countries, mixing
arsenic containing drinking water treatment wastes with cow dung has been proposed to
remove arsenic by volatilization (Das 1995, Ali et al. 2003, Visoottiviseth and Ahmed
2008, Sullivan et al. 2010).

Microbial activity largely determines the fate of arsenic under anaerobic conditions.
For oxidized arsenic-bearing iron wastes, reductive dissolution through the activity of
arsenate- and iron- reducing microorganisms can lead to the release of arsenic from solid
wastes into the aqueous phase (DeLemos et al. 2006, Ghosh et al. 2006, Jing et al. 2008,
Tufano et al. 2008). More recently, the ability of microorganisms to transform arsenic
into volatile arsine and methylarsine gases has been of interest as a potentially desirable
treatment outcome (Qin et al. 2006, Zhao et al. 2013, Chen et al. 2014). Indeed, arsenic
disposal with cow dung is suggested based on the expectation that through microbial
activity, arsenic is volatilized and transferred to the atmosphere where dilution reduces
exposure risk (Visoottiviseth and Ahmed 2008). However, the extent to which this
pathway is important in arsenic transformations under anaerobic conditions remains
unclear. Measurements of volatilization from soils and in rice paddies find only a small
fraction, less than 0.1% of the total arsenic, is released from solids via volatilization
(Turpeinen et al. 2002, Edvantoro et al. 2004, Mestrot et al. 2009). In studies that have
measured gaseous arsenic release from anaerobic digesters, between 0.3 and 32% of the
total arsenic was reported to have been volatilized (Mohapatra et al. 2008, Mestrot et al.
2013). Other studies using the differences between the initial arsenic added and the
measurement of arsenic in the liquid and solid phases after incubation have reported

higher amounts of volatilized arsenic (Ali et al. 2003, Banerjee 2010). However, these
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studies have not provided a complete mass balance of arsenic, the absence of which calls
into question whether cow dung disposal leads to significant volatilization or is caused by
errors in different measurement techniques.

The potential for microbial arsenic methylation and volatilization has been known
for some time (Challenger et al. 1933, Bentley and Chasteen 2002). Two pathways have
been identified. The first occurs during methanogensis through the demethylation of
methylcobalamin and results in the production of arsine and mono-, di-, and tri-
methylarsine gases (Thomas et al. 2011). The second pathway occurs through the
activity of the arsenite S-adenosylmethionine methyltransferase (ArsM) and is thought to
be a detoxification mechanism found in all domains of life (Bentley and Chasteen 2002,
Qin et al. 2006). Recently, studies have focused on quantifying the abundance of the
second pathway in natural environments (Qin et al. 2009, Jia et al. 2013, Zhao et al.
2013) and the potential for the arsM gene to be used in genetically modified
microorganisms for the remediation of arsenic contaminated sites (Liu et al. 2011, Chen
et al. 2014). Much less research has evaluated the impact of methanogenesis on arsenic
volatilization in natural or engineered systems, even though volatilization has been
observed in environments with high methanogenic activity, including rice paddies
(Mestrot et al. 2009), landfills (Pinel-Raffaitin et al. 2007), and anaerobic digesters
(Michalke et al. 2000, Mestrot et al. 2013). To date, studies have not investigated the
relative importance of these two pathways or the activity of specific populations within
mixed microbial communities.

The objectives of this study were to 1) evaluate the potential for arsenic volatilization

to be used as a remediation strategy for arsenic-bearing ferric iron wastes from drinking
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water treatment disposed under anaerobic conditions, 2) compare the relative contribution
of methanogenic activity to arsenic volatilization, and 3) characterize changes in the
expression of arsM genes as it relates to the fate of arsenic.
53  Methods
5.3.1 Mesocosm set-up and incubation

Mesocosms were set up in 500 mL glass serum bottles seeded with 24 g cow dung
(wet weight) and 400 mL of anaerobic digester sludge solids, resulting in approximately
5000 mg/L total suspended solids. Triplicate bottles were seeded similarly for each of
four conditions: 1) a control with no added arsenic, 2) arsenic waste (As waste), 3)
arsenic waste and methanogenesis inhibited by 2-bromoethanesulfonate (As-BES), and 4)
arsenic waste and methanogenesis inhibited by propynoic acid (As-PA). The liquid and
solids from the control bottles without added arsenic were later used as the background
matrix to create arsenic standards. For the three conditions with arsenic, 0.667 g of dried
arsenic waste was added to achieve a final arsenic concentration of 1.66 mg As/L with a
total working volume of about 410 mL. This concentration was selected to represent a
realistic ratio of cow dung to arsenic waste and be low enough to avoid the potential
impacts of arsenic toxicity. The arsenic-bearing iron waste was produced at a pilot
Electro-Chemical Arsenic Remediation (ECAR) system for the removal of arsenic from
groundwater in West Bengal, India (Amrose et al. 2014). Preliminary experiments were
also performed (as described in the supporting information (SI)) in which arsenic was
added as a liquid (AsOs). To inhibit methanogenesis, two different inhibitors were
selected for comparison: 2-bromoethanesulfonate (BES), a commonly used coenzyme-M

analog (Gunsalus et al. 1978, Zinder et al. 1984, Ungerfeld et al. 2004) and propynoic
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acid, an unsaturated analog to propionate (Ungerfeld et al. 2003, Zhou et al. 2011). Two
inhibitors were selected to identify potential artifacts arising from non-specific inhibition.
Concentrations of 10 mM for each inhibitor were selected based on previous batch
studies with the same mesocosm community targeting complete inhibition of
methanogenesis (Chapter 4). Bottles were capped, crimp sealed, and purged with N gas
before incubation for 17 days on a shaker table at 31-33 °C. Two mesocosms were also
prepared with anaerobic digester sludge, cow dung, and arsenic-bearing waste, for
immediate sampling to determine the initial distribution of arsenic in the liquid and solid
phases.
5.3.2 Mesocosm sampling

Over a 17 day incubation period, gas samples were collected to quantify gas
production and characterize its composition. Sampling was done by connecting a glass
syringe (via a needle through the bottle septum) fitted with an arsenic trap, made from a
glass tube containing silver nitrate impregnated silica gel (1% w/v) (SKC Inc., Eighty
Four, PA) (Mestrot et al. 2009). All gas generated during the incubation went through
the trap, which was later digested to measure the amount of arsenic volatilization. Tests
of gas trap efficiency were performed as described in the SI. At the final day of sampling
before uncapping the bottles, the headspace was again purged with N gas through the gas
trap. For each of the four conditions (control without added arsenic, As waste, As-BES,
and As-PA), one of each of the triplicate bottles was selected for biomass collection and
preservation, centrifuged at 4 °C to collect solids for molecular analyses. Biomass
samples were immediately frozen at -80 °C. The remaining liquid was separated by

filtration with Whatman no. 41 filters (GE Healthcare Life Sciences, Pittsburg, PA) and
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acidified with nitric acid. The other two mesocosms for each condition were centrifuged
at 20 °C, followed by filtration through Whatman no. 41 filters to separate liquid and
solids. These solid and liquid samples were used for further chemical analysis.
5.3.3 Analytical methods

Samples of gas produced were analyzed to quantify CH4, CO,, and N using a gas
chromatograph (Gow-Mac, Bethlehem, PA) coupled with a thermal conductivity detector
(TCD) (Smith et al. 2013). Total volatilized arsenic was measured by digesting the silica
beads from the gas trap first with 2 mL of 5% nitric acid followed by 2 mL of 1% nitric
acid, and incubation at 100 °C, a procedure modified slightly from that described in
Mestrot et al. (2009). Total arsenic in the concentrated acid digestion fluid was measured
with inductively coupled plasma mass spectroscopy (ICP-MS) (Upadhyaya et al. 2010).
ICP-MS instrumental error was determined to be 5% based on the variation from known
standards. Errors reported include the larger of either 5% or the standard deviation
between triplicate samples. For concentrations less than 2 pg/L the minimum error was
0.8 ng/L with a detection limit of 1.1 pg/L. Liquid phase arsenic in filtered and acidified
samples was measured by ICP-MS. The pH of the liquid samples was also measured
(Mettler Toledo, Columbus, OH). Arsenic in the solid fraction, including the filters from
liquid separation, was measured following a total digestion. Total digestions were
performed at 100 °C for 2 hours with 1:1 nitric acid (10 mL/g solid), followed by the
addition of 2 mL of 15% hydrogen peroxide and a second incubation at 100 °C for 2
hours (U.S. EPA 1992). The liquid and solid fractions from control bottles, without

arsenic added, were treated identically to the samples and then used as the matrix for
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ICP-MS standards through the addition of known quantities of arsenic ICP standard
(Ricca Chemical, Arlington, TX).
5.3.4 Molecular methods

RNA extractions were performed with the Power Soil RNA kit (MoBio Laboratories,
Carlsbad, CA) and treated with DNase using the TURBO DNA-free kit (Ambion, Grand
Island, NY) according to the manufacturer’s instructions. RNA quantity and quality was
determined using fluorospectrometry with the Quantifluor RNA system (Promega,
Madison, W1) and electrophoresis with the Experion RNA analysis kit (Bio-Rad,
Hercules, CA). Single-stranded cDNA for reverse transcriptase quantitative PCR (RT-
gPCR) and sequencing was synthesized using SuperScript VILO kit (Life Technologies,
Grand Island, NY) according the manufacturer’s instructions, including an extended
incubation time of 120 min to maximize yield.

RT-gPCR was performed as described previously (Chapter 4). Briefly, standards
were created from a template of pooled mesocosm DNA extracts (McMahon and
Daugulis 2008, Sonthiphand et al. 2013). The mcrA and 16S rRNA genes amplified with
20 pL reactions containing 0.5 ng template, 500 nM primers, 0.3 mg/mL bovine serum
albumin, 10 pL Phusion High Fidelity Master Mix (NEB, Ipswich, MA), and nuclease-
free water. Thermocycling conditions included an initial denaturation at 95 °C, followed
by 30 cycles of 20 s at 95 °C, 15 s at 55 °C, and 30 s at 72 °C, with a final 5 min
extension at 72 °C. Products were run on a 1.5% agarose gel, excised, and purified using
the QIAquick Gel Extraction Kit (Qiagen, Valencia, CA). Amplified and purified pools
were quantified with fluorospectrometry using the Quantifluor dsDNA system (Promega)

and diluted for standards (10°-10% copies/pL for mcrA and 102-10* copies/pL for 16S
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rRNA amplicons). Real time quantitative PCR (RT-gPCR) was performed using the
Mastercycler Realplex Ep (Eppendorf, Hamburg, Germany) with triplicate wells for each
sample and reaction volumes of 20 pL using Fast Plus EvaGreen Master Mix (Biotium,
Hayward, CA). Primer concentrations were 500 nM for the forward primers and the
reverse 16S rRNA gene primer and the reverse mcrA primer was 250 nM. The first cycle
included an initial 2 min denaturation at 95 °C, then 5 cycles of 95 °C for 20 s, 55 °C for
15s, followed by a temperature ramp of 0.1 °C/s to 72 °C (Luton et al. 2002, Morris et al.
2014), and extension for 72 °C for 30 s. Then 45 cycles were performed without the
temperature ramp with a final extension at 72 °C for 5 min. The final step was a melting
curve analysis. The standard curve R? values were 0.99 and 0.99 and efficiencies were
68% and 76%, for mcrA and 16S rRNA, respectively.

Sequencing was performed at the Host Microbiome Initiative (University of
Michigan, Ann Arbor, MI) using universal primers F515 and R806 targeting the v4
region of 16S rRNA (Caporaso et al. 2011) as modified by Kozich et al. (2013).
Amplification from cDNA samples was performed with Accuprime TAQ (Invitrogen).
Thermocycling conditions were as follows: initial 2 min denaturation at 95 °C, followed
by 30 cycles of 20 s at 95 °C, 15 s at 55 °C, and 5 min at 72 °C. A final extension was
performed for 5 min at 72 °C. Amplicons were pooled by equal mass using the
SequalPrepNormalization Plate Kit (Life Technologies), multiplexed and sequenced
using the Illumina MiSeq, Reagent Kit V2. Sequences were processed with mothur
(Schloss et al. 2009) and classified using the 16S rRNA gene taxonomy from the

Ribosomal Database Project (Cole et al. 2013). There were 222,482 paired-end reads
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after quality filtering. Bacterial sequences were separated and sub-sampled for
subsequent analyses of community structure to a depth of 17,424 sequences per sample.
Double-stranded cDNA for microarray analysis was prepared by concentrating equal
mass of RNA, about 5 pg, from each sample by overnight precipitation at -20 °C with 0.1
volume sodium acetate and 2.5 volume ethanol followed by an ethanol wash and re-
suspension in 10 pL nuclease-free water. Random primers (Invitrogen, Carlsbad, CA)
were added to the RNA and incubated at 65 °C for 5 min followed by incubation on ice.
First strand synthesis was then performed by adding 2 pL 5x first strand buffer
(Invitrogen), 1 pL of 10 mM dNTP mix (Invitrogen), 2 puL of 0.1 M DTT (Invitrogen), 1
ML of RNase Inhibitor (Promega), and 1 uL of linear acryl amide (Ambion, Grand Island,
NY). This mixture was incubated at room temperature for 10 min followed by the
addition of 1 pL reverse transcriptase SuperScript 111 (Invitrogen). A 10 min incubation
at 25 °C was followed by 3 hours at 50 °C and cooling at 4 °C. With the samples on ice,
reagents for the second strand synthesis were added which included: 91 pL nuclease free
water, 30 pL 5x Second Strand reaction buffer (Invitrogen), 3 pL 10 mM dNTP mix, 10
U E. coli DNA ligase (Invitrogen), 40 U E. coli DNA polymerase (Invitrogen), 1 U E.
coli RNase H (Promega, Madison, WI) per reaction. The tubes were incubated at 16 °C
for 2 hours. The reaction was stopped by adding 10 uL 0.5 M EDTA (pH 8.0) (Lonza,
Basel, Switzerland) and 10 pL 1 M NaOH (Sigma Aldrich, St. Louis, MO) and
incubating at 65 °C for 10 min. Phenol chloroform isoamyl was used to purify the
samples which were then precipitated overnight at -20 °C with 1 pL linear acryl amid, 0.5
volumes 7.5 M ammonium acetate, and 2.5 volumes of ethanol. cDNA was re-suspended

and shipped to Glomics Inc. (Norman, OK) for hybridization onto the microarray
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GeoChip version 5.0. Methods for hybridization and scanning have been previously
described (He et al. 2010, Xu et al. 2010). The normalized signal intensity was log
transformed and scaled by dividing each probe signal by the mean of all positive probes
on that array. To identify other Bacteria and Archaea that may have the arsM gene, 25
annotated ArsM protein sequences were downloaded from NCBI and used as the
database for blastx searches from all complete genomes available from NCBI. Initial
parameters limited results to matches with 50% identity and an alignment length of at
least 150 amino acids. Resulting sequences were aligned and compared to the initial 25
protein sequences and only sequences that maintained conservation in the same areas
were selected as potential ArsM proteins. These conserved regions included the cysteine
residues that were determined to be necessary for arsenic binding (Qin et al. 2006).
54  Results

Through measurements of arsenic in the gas, liquid, and solid phases, a mass balance
of arsenic was achieved (Figure 5-13). These results include the measurements from
duplicate mesocosms from the uninhibited As waste condition (sampled at day 0 and day
17) and inhibited conditions (As-BES and As-PA sampled at day 17). The recovery of
arsenic was 97-101% of the total arsenic expected based on the total digestion of the
arsenic-bearing waste (995 * 49.8 ug As/g ECAR waste) and the mass added to each
bottle (0.667 g). These results show that the majority of arsenic remained in the solid
phase over the 17 day experiment. This is consistent with the observations of arsenic
distribution in mesocosms where arsenic was added as a liquid arsenite and the majority
of the arsenic was found in the solid phase following 11 days of incubation (Figure S10,

Appendix E).
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Figure 5-13. Arsenic mass balance in duplicate mesocosms from each condition and
the expected range of total arsenic, based on the average from total digestions of
arsenic-bearing waste (range determined by 5% instrument error).

Measurements of arsenic in the aqueous phase (Figure 5-14) show that, immediately
after mixing the arsenic-bearing wastes, cow dung, and anaerobic digester sludge, about 5
pg of arsenic was in the aqueous phase. Following 17 days of incubation, the amount of
aqueous phase arsenic was higher for all conditions, with and without methanogenesis
inhibition. Aqueous arsenic increased by a factor 7.2, 5.0, and 7.9 for As waste, As-BES,
and As-PA, respectively. This represents <4% of the total mass of arsenic added to the
mesocosms. The average final pH was 7.1, 6.4, and 6.6 for the As, As-BES, and As-PA

mesocosms, respectively.
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Figure 5-14. Mass of arsenic in the liquid measured at the start of the mesocosm
experiments and after 17 days of incubation with either the ECAR waste or ECAR
waste and inhibitors (BES or PA). Bars represent the average and standard
deviation from triplicate mesocosms, except for the measurement from t = 0 which
represents the average and range of duplicate mesocosms. The average and
standard deviation of the liquid volumes for all mesocosms was 408 + 32 mL.

As expected, the methane generation from mesocosms with arsenic waste and
without inhibitors was greatest, resulting in the production of 740 mL methane in 17 days
(Figure 5-15). Methane generation in both mesocosms with methanogenesis inhibitors
was low; no methane was measured in the presence of BES and only 4.5 mL of methane
was measured when PA was present. Arsenic volatilization was much higher in
mesocosms with active methanogenesis as compared to inhibited conditions (Figure 5-
15). Arsenic measured in the traps of the control mesocosms without arsenic waste
added was near the detection limit of 4 ng with an average and standard deviation of 4.3

+ 3.2 ng. Compared to the volatilization observed in the As waste condition,
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volatilization from inhibited As waste conditions was 88% and 96% lower, for BES and

PA respectively.
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Figure 5-15. Methane generation over time (left) and cumulative arsenic volatilized
after 17 days (right). Measurements represent the average from triplicate bottles.

Results from 16S rRNA cDNA sequencing and RT-gPCR of mcrA expression
confirm the reduced activity of methanogens in inhibited conditions (Figure 5-16).
Methanogens were identified as making up about 18% of the active community in non-
inhibited conditions, based on 16S rRNA cDNA sequences, which was similar between
control and arsenic waste containing mesocosms. Methanogenic activity as measured by
mcrA expression was highest in the control without arsenic added, followed by the
arsenic waste mesocosm, and very low for the inhibited conditions (Figure 5-16). As
observed in Chapter 4, Methanosaeta activity was greatly reduced under inhibited

conditions and there were some differences in inhibition levels by genera.
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Figure 5-16. Methanogenic activity in mesocosms based on the percent relative
activity of methanogens over all bacterial and archaeal 16S rRNA cDNA sequences
(bars) and mcrA expression (circles).

The overall bacterial community structure (6,c) of the active bacterial populations
was significantly different (AMOVA, p < 0.01) among the various conditions evaluated
based on 16S rRNA cDNA sequencing. Compared to the control samples, the inhibited
community structures were more different than those from the arsenic waste mesocosm
samples (Figure S11, Appendix E). Consistent with earlier findings, syntrophic bacterial
activity determined by 16S rRNA cDNA sequencing was also inhibited with BES and PA
(Figure S12, Appendix E). Genera that were more abundant in uninhibited conditions
(control and arsenic waste mesocosm) included Syntrophomonas, Syntrophorhabdus, and

uncl. Syntrophomonadaceae (Table S8, Appendix E). Unlike the previous inhibitor study
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where arsenic waste was not present (Chapter 4), in this study, Pelotomaculum spp.,
another syntrophic bacterial group, was found to be very active in the arsenic waste
mesocosm, but not in either the control or inhibited conditions (Figure S12, Appendix E).
Interestingly, using the GeoChip 5.0, there was positive detection of arsM gene
expression from Pelotomaculum thermopropionicum strain SI under both the control and
As waste conditions, but no detection of this gene under inhibited conditions (Figure 5-
17). Of the 167,044 probes contained on the GeoChip 5.0 microarray, probes exist for
the arsM genes of 73 species of Bacteria and Archaea (Table S10, Appendix E). By
searching complete genomes available through NCBI, an additional 28 potential arsM
genes were also identified (Table S10, Appendix E). While most of the genera with
newly identified potential arsM genes were not active in these mesocosms (based on 16S
rRNA cDNA sequencing), the presence of a potential arsM gene in Methanosaeta spp. is
relevant to this study, as this was the most active methanogenic genus in the uninhibited

conditions.
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Figure 5-17. Average intensity of arsM transcripts assayed by the GeoChip 5.0 from
duplicate biomass samples for each condition. Intensity ranges from 0 represented
by white and 1.5 represented by the darkest red.
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55  Discussion
5.5.1 Arsenic volatilization was low, with higher mobilization in the aqueous phase

The distribution of arsenic in the gaseous, aqueous, and solid phases after incubation
under anaerobic conditions shows that cow dung mixing is not an effective disposal
strategy for arsenic-bearing wastes. After 17 days, most of the arsenic (>90%) remained
in the solid phase (Figure 5-13). This was also consistent with results from preliminary
tests in which arsenic was added as aqueous-phase AsO; (Figure S10, Appendix E). The
pathway of arsenic release to the atmosphere through volatilization was not realized, as
even under conditions with the greatest volatilization, less than 0.02% of the total arsenic
present was volatilized (Figure 5-15 and Figure S10, Appendix E). The amount of
arsenic volatilized in this study is similar to some studies of arsenic volatilization in
natural environments and anaerobic digesters (Turpeinen et al. 2002, Edvantoro et al.
2004, Mestrot et al. 2009, Mestrot et al. 2013). Other studies that reported greater
volatilization did not measure arsenic in the gaseous phase, but relied on differences in
the liquid and solid arsenic measurements to estimate gaseous arsenic production (Ali et
al. 2003, Banerjee 2010) and likely had large errors associated with these measurements,
although the errors were not estimated or given. In the present study, the errors
associated with the determination of arsenic concentrations through total digestion of
solids were higher than the total amount of measured arsenic volatilization.

Compared to the amount volatilized, the arsenic released into the aqueous phase was
much higher and accounted for up to 4% of the total arsenic (Figure 5-14). This is likely
due to the activity of iron- and arsenate- reducing microorganisms. Under field

conditions, where arsenic wastes would be mixed with cow dung and disposed on the
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ground or in pits, this mobilization of arsenic into the aqueous phase could result in the
transport of arsenic to surrounding areas during rain or flooding events. The time scales
for actual disposal would be considerably longer than 17 days. Given increased time,
both arsenic volatilization and mobilization in the aqueous phase would be expected to
increase although their relative magnitudes would likely remain similar. This is
supported by two other studies of arsenic mobilization over longer time periods. In
experiments tracking the arsenic volatilization from anaerobic digesters in which arsenic
was added in the aqueous phase, the arsenic volatilization rate remained linear and
resulted in low amounts (<2 %) of the total arsenic to be volatilized over 42 days
(Mestrot et al. 2013). In a different study where arsenic-bearing ferric iron wastes were
incubated under anaerobic landfill conditions for over 800 days, about 49 % of the
arsenic initially present was mobilized into the aqueous phase and arsenic loss due to
volatilization was not measured (Ghosh et al. 2006).
5.5.2 Methanogenic activity correlates with arsenic volatilization

The highest amount of arsenic volatilization occurred under conditions with the
highest methanogenic activity, indicating that methanogenic activity is likely responsible
for the majority of the volatilization. It is possible that the volatilization under these
methanogenic conditions is due to either the enzymes involved in methanogenesis, the
ArsM proteins found in methanogens, or some combination of the two pathways.
Recently, the ArsM from the methanogen Methanosarcina acetivorans C2A has been
identified and characterized (Wang et al. 2014) and through our search of complete
genomes a potential ArsM protein was identified in two species of Methanosaeta. As

Methanosaeta spp. was the most active methanogen in the uninhibited mesocosms and no
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probe for the arsM is present on the GeoChip, the data presented here cannot distinguish
between these two pathways. Interestingly, the ArsM pathway in bacteria associated with
methanogens may also contribute to arsenic volatilization. In this case, the arsM
expression of Pelotomaculum was identified under uninhibited conditions, but not when
methanogenesis was inhibited (Figure 5-17). The potential for this syntroph to be
involved in arsenic volatilization is linked to methanogenic activity, as syntrophic
bacteria rely on the activity of methanogens to keep H; partial pressures low enough to
create energetically favorable conditions for their metabolisms.

The 16S rRNA cDNA sequences reveal that methanogens comprise a large fraction
(~18%) of the active microbial community in these mesocosms (Figure 5-16). In field
application of cow dung mixing, anaerobic conditions would prevail and methanogenesis
would be supported (Gattinger et al. 2007, Radl et al. 2007), although methanogenic
activity would likely not reach levels greater than those studied here in well-mixed
conditions that foster the coupled interactions between methanogens and their syntrophic
partners (Ghanimeh et al. 2012). Since these stirred mesocosms represent ideal
conditions for methanogenic activity, these findings indicate that while methanogenic
activity correlated with increased arsenic volatilization, the potential to further increase
arsenic volatilization rate by increasing the activity of methanogens is unlikely. This is
further indication that volatilization through cow dung mixing will not be an effective
strategy.

5.5.3 Alternate ArsM volatilization pathways
The potential for the ArsM pathway to contribute to arsenic volatilization was

measured in part by the GeoChip 5.0 microarray (Figure 5-17). These results showed
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that arsM gene expression was greatest in the uninhibited As waste condition and lowest
in the As-BES condition. PA inhibition caused some decrease in the number of
microorganisms expressing arsM, but was similar to the expression levels observed in the
control mesocosms, based on number of species from which arsM transcripts were
detected. The lower total expression of arsM observed in the BES inhibited conditions
compared to the PA condition does not correspond to the observed arsenic volatilization,
which was higher in the BES condition as compared to the PA condition (Figure 5-15).
Because there was no methane detected in the BES condition, it is likely that the
observed arsenic volatilization occurred due to the activity of either the groups identified
with the GeoChip or other groups of bacteria that have yet to be identified as possessing
the ability to methylate and volatilize arsenic. While the genes included on this
microarray contain most of the currently known arsM genes, the potential for organisms
with unidentified arsM genes cannot be ruled out. Furthermore, the difference in arsenic
volatilization observed between the uninhibited As waste and the PA inhibited
mesocosms cannot be explained by the differences in arsM expression based on the
GeoChip, indicating that methanogenic activity is likely the most important factor in
determining arsenic volatilization under these conditions.

While the ArsM pathway has been the focus of recent studies demonstrating the
potential of genetically modified bacteria with the arsM gene to remediate arsenic
contaminated sites, the maximum volatilization reported has been only 4.5% of the total
arsenic present (Liu et al. 2011, Chen et al. 2014). Rather than relying on genetically
modified organisms that have a limited ability to compete with natural microbial

communities (Ji et al. 2013), future research should focus on increasing the understanding
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of natural conditions that promote arsenic volatilization to determine the potential for
volatilization as a remediation tool. Previous studies have found differences in the
speciation and volatilization of arsenic under aerobic vs. anaerobic conditions, indicating
that redox conditions are likely important differentiators of the volatilization pathway
(Woolson 1977). Studies should evaluate aerobic conditions or changing redox
conditions and elucidate the key populations for arsenic volatilization under these
conditions, which may also be of interest for global arsenic cycling (Mestrot et al. 2013,
Wang et al. 2014). For remediation strategies, the importance of fungal activity should
also be further explored, given that much higher volatilization, up to 30% of the total
arsenic, have been previously reported (Liu et al. 2013, Wang et al. 2014). Future studies
of fungal volatilization should also include mass balances of arsenic and evaluate actual
arsenic-bearing wastes as most previous studies have been limited to measurements of
aqueous arsenic in culture media.
5.6 Environmental Significance

The combination of very low arsenic volatilization and increased release of arsenic
to the aqueous phase shows that cow dung mixing, when anaerobic conditions prevail, is
not a beneficial disposal strategy for arsenic-bearing drinking water wastes. The small
amount of volatilization that did occur was attributed to methanogenic activity, a finding
with relevance for the use of anaerobic digesters for arsenic contaminated wastes where
some arsenic volatilization should be expected. Future studies should evaluate other
redox environments and microbial activities, including fungal activity, to assess whether

arsenic volatilization under other conditions may provide a more promising result. Other
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disposal strategies should also be explored as volatilization may not always be an ideal

pathway especially in conditions where adequate gas-phase dilution cannot be achieved.
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Chapter 6
Conclusions, Environmental Significance, and Future Research Needs

6.1  Overview

This dissertation evaluated the potential for disposal options to limit arsenic release
from the wastes generated during drinking water treatment for the removal of arsenic
from groundwater. Non-landfill options were selected because of their applicability for
developing countries, including Bangladesh and India, where over 30 million people are
exposed to arsenic through their drinking water (Ravenscroft et al. 2009). The disposal
options tested were concrete stabilization and cow dung mixing. These options have both
been recommended for application in developing countries, where access to landfills can
be limited (Leist et al. 2000, Ali et al. 2003, Visoottiviseth and Ahmed 2008, Sullivan et
al. 2010). The studies presented in this dissertation tested an arsenic-bearing waste
produced during iron electrocoagulation treatment of contaminated groundwater in West
Bengal, India (Amrose et al. 2014). Concrete stabilization was shown to be effective at
limiting arsenic release to less than 1% of the total arsenic present under non-acidic
conditions (pH >4.2) (Chapter 3, Clancy et al. 2015c). Through the characterization of
arsenic waste within the cement matrix, arsenic was shown to remain primarily
associated with iron, similar to the initial state of raw arsenic-bearing waste (Chapter 3,
Clancy et al. 2015c¢). These results highlight the ability of cements to limit arsenic release
even without changing the phase of arsenic to calcium arsenic solids, as had been

previously suggested (Chapter 3, Clancy et al. 2015c). Cow dung mixing has been

158



suggested based on the ability of microorganisms to transform arsenic to volatile arsine
and methylarsine gases that can be diluted in the atmosphere. However, very little
research has characterized the extent of volatilization or the relevant microbial
communities. Anaerobic mesocosms were set-up to simulate cow dung mixing conditions
and create an arsenic mass balance by measuring arsenic in the gaseous, liquid, and solid
phases (Chapter 5, Clancy et al. 2015a). Results showed that very little (<0.02%) arsenic
was released through volatilization, but much higher amounts (4%) were released into the
aqueous phase (Chapter 5, Clancy et al. 2015a). To determine the relative contribution of
methanogenesis to arsenic volatilization, molecular techniques were applied to verify that
two inhibitors were specific to methanogenic archaea (Chapter 4, , Clancy et al. 2015b).
Through the application of these inhibitors, it was found that over 87% of the volatilized
arsenic could be attributed to the activity of methanogens (Chapter 5, Clancy et al.
2015a). These results can also be useful in predicting the volatilization of arsenic under
other anaerobic disposal conditions, such as landfills and anaerobic digesters. The
findings from these studies show that cow dung mixing should not be recommended due
to the potential for increased arsenic release in the agueous phase. Alternatively, concrete
stabilization is a more promising technique and can be recommended for disposal as long
as low pH conditions can be avoided.
6.2  Main findings and significance
6.2.1 Concrete stabilization of waste can limit the release of arsenic in non-acidic
environments (pH > 4.2)

Stabilizing arsenic-bearing wastes with cement may be a practical method of

disposal at community scale arsenic removal plants, where wastes could be mixed with
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cements and stored on the ground near removal plants. To simulate potential arsenic
release during this disposal scenario, arsenic-bearing wastes were mixed with cement and
sand to create mortars and subjected to numerous leaching tests (Chapter 4, Clancy et al.
2015b). A long-term leaching simulation in a static simulated rainwater solution was
performed and arsenic release was monitored over 406 days. Less than 0.4% of the total
arsenic present in the mortar was released to the aqueous phase under these conditions.
Through short-term (18 hour) tests, leaching over a range of final pH values was studied
using leachant solutions with varying concentrations of acetic acid. Acetic acid was
selected because of its use as the leachant in the Toxicity Characteristic Leaching
Procedure, the US EPA regulatory test for waste stability. Comparisons between leaching
from the raw waste and cement stabilized waste showed that at high pH, very little
arsenic was released to the aqueous phase in cement stabilized wastes. At low pH (<4.2)
increased arsenic release for wastes was observed, although higher amounts of arsenic
were leached from cement stabilized wastes compared to raw wastes. This result is
particularly important for disposal environments where low pH conditions dominate,
such as landfills where some cement stabilized arsenic-bearing wastes are disposed
(Kjeldsen et al. 2002, Singh and Pant 2006).

Results from the characterization of the cement stabilized wastes with pXRF showed
that, within the cement matrix, most of the arsenic remains associated with iron, which is
the same as the starting waste. There is some evidence for arsenic diffusion away from
the waste particles, as can be expected from iron wastes in high pH conditions and
consistent with observations from the short-term leaching tests with raw waste. This

result supports the finding that arsenic was more susceptible to leaching from cement
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stabilized wastes under acidic conditions compared to raw waste. In the cement stabilized
matrix, any arsenic that was separated from the iron in the waste could have been bound
by calcite, but would ultimately dissolve under low pH conditions. The presence of
calcite was identified as the primary crystalline phase in areas with the highest arsenic
concentration.

Unlike previous studies that reported evidence for crystalline calcium-arsenic solid
phases, none of these phases were identified using pXRD. This indicates that cement
stabilization can limit arsenic release from iron wastes without changing the phase of
arsenic and that cements can create a physical barrier that can limit the exposure of
wastes to leaching solutions. For treating wastes before disposal on soil near arsenic
removal units, these results show that most of the arsenic would be expected to remain in
the solid phase and risk of environmental recontamination is low.

6.2.2 Methanogen inhibitors 2-bromoethanesulfonate and propynoic acid primarily
affect methanogens and syntrophic bacteria

The overall effect of inhibitors on the active populations in anaerobic digester sludge
and cow dung microbial communities was characterized (Chapter 3, Clancy et al. 2015c),
before the application of methanogenic inhibitors to study the effects of methanogenesis
on arsenic volatilization (Chapter 5, Clancy et al. 2015a). Especially in complex
microbial communities, chemical inhibitors can have unintended effects on the activity of
non-targeted populations. Through the application of RNA- and DNA-based techniques,
the changes in activity of methanogens and the overall bacterial and archaeal community
were characterized. Using new primers for the methyl-coenzyme M reductase (mcrA)

gene, the activity of methanogens based on this functional gene was compared to the
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activity of methanogens as measured by targeting the 16S rRNA (determined based on
amplicon sequencing of cDNA from RNA extracts). The expression of the mcrA gene,
the relative activity of methanogens (based on 16S rRNA), and the generation of methane
were shown to correlate with varying levels of methanogenic inhibition. Analysis of the
bacterial community highlighted that the overall community structure of active
populations was not significantly changed by the addition of inhibitors. Specific bacterial
groups, primarily syntrophic bacteria, were somewhat inhibited. This is expected as
syntrophic bacteria rely on methanogens to keep the partial pressures of hydrogen low for
their metabolisms to be energetically favorable. These results help to interpret the
findings of studies reported in Chapter 5, in which inhibitors were applied to arsenic
waste containing mesocosms.
6.2.3 Cow dung disposal results in low volatilization of arsenic and higher release of
arsenic in the aqueous phase

The recommendation to mix arsenic-bearing wastes with cow dung has been
especially prevalent around discussions of arsenic removal in developing countries (Ali et
al. 2003). This has continued even though there are few studies that evaluate this
method’s effectiveness and the potential for arsenic mobilization. Previous simulations of
arsenic-bearing wastes mixed with cow dung report large variations in the amount of
volatilized arsenic and have not studied the potential for arsenic to be reductively
dissolved and mobilized in the aqueous phase. In the study described in this dissertation,
arsenic-bearing wastes were incubated under anaerobic conditions in mesocosms seeded
with anaerobic digester sludge and cow dung to create conditions mimicking

environmental disposal and create optimum potential for methanogenic activity. By
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creating a mass balance of arsenic through measurements of arsenic in the gaseous,
liquid, and solid phases, these results showed that very little arsenic was volatilized
(<0.02% of the total arsenic added) (Chapter 5, Clancy et al. 2015a). While the majority
of the arsenic remained in the solid phase, arsenic release to the aqueous phase was much
higher than the amount volatilized (4% of the total arsenic added). This finding highlights
the potential for mobilization to surrounding environments if arsenic wastes were mixed
with cow dung and disposed on soils or in pits where rainwater could carry arsenic to the
surrounding environment.
6.2.4 Methanogenic activity is correlated with arsenic volatilization under anaerobic
conditions

There are two potential pathways for the microbially mediated volatilization of
arsenic, through direct arsenic methylation by arsenite S-adenosylmethionine
methyltransferase (ArsM protein) or through the enzymes involved in methanogenesis.
Most research has focused on the volatilization due to ArsM, though little is known about
how these pathways are affected by environmental conditions or the activity of different
naturally occurring microbial populations. The results presented here represent the first
quantification of the relative importance of these two pathways and the specific microbial
populations involved in volatilization. Using the inhibitors studied previously (Chapter 4,
Clancy et al. 2015b), methanogenic activity was controlled in mesocosms with arsenic-
bearing wastes. The highest arsenic volatilization occurred in conditions with the highest
methanogenic activity, indicating that methanogenesis was the primary pathway for the
volatilization of arsenic under these conditions. This is important as it indicates that even

under relatively ideal conditions for methanogenesis, limited arsenic volatilization was

163



observed (<0.2% of the total arsenic). Based on this study, it can be concluded that
arsenic volatilization through the activity of methanogens in cow dung is not an effective
disposal strategy.

These results are also important to understand the fate of arsenic in anaerobic
digesters. Due to the use of arsenic as a feed additive for livestock (Chapman and
Johnson 2002, Arai et al. 2003, Nachman et al. 2013) and the growth of crops in arsenic
contaminated areas (Zhao et al. 2010, Bhattacharya et al. 2012), these animal waste and
crops contain arsenic concentrations between 0.007-50 mg/kg (Arai et al. 2003,
Bhattacharya et al. 2012) and depending on the composition of waste mixtures may
contribute a significant arsenic load to anaerobic digesters. Previous studies have been
motivated by the concern for arsenic volatilization in anaerobic digesters and the
potential to harm the health of nearby residents or workers when large amounts of arsenic
contaminated waste is treated (Mestrot et al. 2013). Because the primary function of
anaerobic digesters is the conversion of organics to methane through methanogenesis, the
findings from this study reveal that arsenic volatilization cannot be avoided during active
methanogenesis in anaerobic digesters, which may treat higher amounts of total waste
products compared to those produced at drinking water arsenic removal units. Therefore,
designs to mitigate this problem should focus on limiting the arsenic load to anaerobic
digesters or treating gases before environmental release.

6.3  Future Research Directions

To support the implementation of proper disposal strategies for arsenic-bearing

wastes from drinking water treatment, several areas of research should build on the

findings from this dissertation. Studies should include both lab-scale experiments and
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field-scale studies of environmental release from actual disposal sites. Further monitoring
in areas with a range of disposal practices would be helpful to focus efforts on areas with
the highest risk of contamination from disposal sites.

The leaching studies presented here indicate the potential for concrete stabilization of
arsenic-bearing wastes to limit the release of arsenic into a rainwater solution. Further
research should evaluate specific parameters for optimal application in the field. Curing
conditions were shown to affect the leaching of concrete in low pH conditions (Chapter
3, Clancy et al. 2015c) and further studies should evaluate the optimal curing
environments at a scale appropriate for waste disposal near an arsenic removal unit. This
research should also explore the links between changes in the concrete matrix, including
arsenic leaching, water permeability, carbonation depth, and strength, as a function of
curing condition.

Further research on the stability of concretes in landfill environments and pond water
should be performed before cement stabilized wastes are disposed in either environment.
There has been very little research on the long-term stability of concrete in landfills, even
though cement stabilization can be used as a pre-treatment before landfilling (Singh and
Pant 2006) and is typically performed to meet the TCLP limits for disposal in municipal
solid waste landfills. In both ponds and landfills, anaerobic conditions promote
fermentation of organic compounds resulting in lowering of the pH. Under very low pH
(<4.2) conditions, concretes are not expected to be stable and the dissolution of calcite
and other cementitious compounds may increase the potential for arsenic release. Landfill
leachate pH is typically between 4.5 and 7.5, although in some microenvironments lower

pH conditions could prevail (Kjeldsen et al. 2002). Following the dissolution of cement
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after continued exposure to low pH conditions, the activity of arsenate- and iron-
reducing microbes in these environments would be expected to release arsenic from the
iron wastes in the aqueous phase through reductive dissolution.

The experiments with cow dung and anaerobic digester sludge demonstrated that
only very small amounts of arsenic were volatilized under anaerobic conditions.
Therefore, future studies should evaluate volatilization in aerobic environments. In
aerobic environments, methanogens would not be active and arsenite S-
adenosylmethionine methyltransferase mediated conversion would be the likely pathway
for arsenic volatilization. Studies comparing arsenic volatilization under aerobic and
anaerobic conditions have found differences in the amounts of methylated and volatilized
arsenic species, indicating that different pathways may be important depending on the
redox environment (Woolson 1977, Majumder et al. 2013). Other studies of fungal
volatilization typically report much higher volatilization, up to 30% of the total arsenic
(Cernansky et al. 2009, Srivastava et al. 2011, Liu et al. 2013, Wang et al. 2014). If
volatilization is determined to be an ideal remediation strategy further studies should
evaluate the potential for fungal activity to be supported.

Beyond understanding the effects of redox environments, future research should also
seek to understand the role of different microbial populations in arsenic volatilization.
Recently, there has been interest in using genetically modified bacteria to express the
arsM gene and support the volatilization of arsenic from contaminated sites (Liu et al.
2011, Chen et al. 2014). However, the ability for genetically modified organisms to be
maintained over long time periods in natural environments or to compete with natural

populations is unclear. Given that arsM is widely distributed across all domains of life
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(Bentley and Chasteen 2002), it could be more fruitful to focus on understanding
organisms that already thrive in arsenic contaminated environments and produce high
amounts of volatilized arsenic. Future studies should also consider the role of fungal
arsenic volatilization as pure culture studies have reported up to 30% arsenic
volatilization from fungal cultures and co-cultures with bacteria (Cernansky et al. 2009,
Srivastava et al. 2011, Liu et al. 2013, Wang et al. 2014). If significant volatilization
could be supported given the right conditions and stimulation of specific microbial
populations, the design of future disposal conditions could be improved.

The proper disposal of arsenic-bearing wastes is an important component to support
the sustainable implementation of technologies for arsenic removal from drinking water.
Other challenges to the provision of arsenic safe drinking water in developing
communities include community interest and demand for arsenic-free water (Ahmad et
al. 2005), long-term operation and maintenance of treatment systems (Hossain et al.
2005, Etmannski and Darton 2014), and the potential for multiple contaminants to co-
exist in drinking water sources (Wasserman et al. 2006, Hug et al. 2011). Since the
discovery of the arsenic contamination problem, many different arsenic removal
technologies have been implemented in Bangladesh and India (Ahmed et al. 2006, Sarkar
et al. 2010), but many systems have been abandoned (Hossain et al. 2005). This history
of failure points to the need for new designs and techniques for implementation. More
acceptable and successful solutions are likely to result from interdisciplinary evaluations
of designs that consider the success of arsenic removal systems through the lenses of

economic feasibility, social acceptance, and environmental sustainability.
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Appendices

Appendix A. Field sampling of soils near arsenic removal filters in Bangladesh

Background

For the vast majority of community scale drinking water filters for arsenic removal
installed in Bangladesh, there is little or no treatment of the arsenic bearing wastes
generated. Filters typically remove arsenic by sorption onto oxidized iron materials.
Periodically, these filters must be backwashed to remove the accumulated insoluble
arsenic-bearing iron wastes. This waste stream is commonly discharged onto the
surrounding soil surface via a drain channel. There is cause for concern with this practice
due to the potential for arsenic mobilization and subsequent contamination of the
surrounding environment. To address these concerns, this study reports results from a
collaboration with Asia Arsenic Network, a non-profit organization in Bangladesh, to
investigate the effect of these disposal practices on the surrounding environment. This
work was supported through the NSF-USAID program Partnerships for Enhanced
Engagement in Research (PEER).

Sampling Sites and Procedures

Ten sites were selected in the Jessore district of Bangladesh to represent arsenic
removal installations with two of the most common filter designs, the AIRP and SIDKO
systems. The arsenic and iron removal plant (AIRP) design (Yokota et al. 2001) has
been employed in areas with naturally high concentrations of iron in the groundwater.

An AIRP first aerates water pumped from a tube well by directing water through holes in
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metal trickling plates, followed by successive filtration through gravel and sand filter
beds. Naturally present iron in the groundwater is oxidized and precipitates as ferric
hydroxides to which arsenic is sorbed. The SIDKO filters (Ahmed 2001) remove arsenic
by filtration through a gravel column followed by a ferric hydroxide based adsorbent
media column.

In both designs, the filters must be periodically backwashed to remove accumulated
arsenic-bearing waste solids. These wastes are often deposited on the ground nearby the
filtration unit. In some filter installations, the waste backwash stream flows out through a
small concrete chamber where some settling of waste solids is expected to take place.
This chamber is referred to as a pit tank. However, based on field observations, this tank
is quite small (typically 0.06 m®) and its efficacy as a settling tank has not been properly
evaluated. Furthermore, some pit tanks contain a plastic drain pipe either at the top or
bottom of the tank that leads away from the filter to a nearby pond or ditch. Keeping in
mind this variability in filter design, ten sites were chosen to include the two mentioned
filter types as well as sites with and without a ‘pit tank’. Five AIRP systems were
chosen: AIRP sites 1, 2, and 3 had a pit tank and sites 4 and 5 did not have a pit tank.
Three SIDKO filter systems were selected (S1, S2, S3). Two control sites that did not
have arsenic removal filter installations were selected. Control site 1 had low
groundwater arsenic concentrations (< 5 pg/L), while Control site 2 had high
groundwater arsenic levels (~500 pg/L). Soil samples were collected from various sites
surrounding these filters for total arsenic measurements through a nitric acid and
hydrogen peroxide digestion (described in Chapter 3). Two sampling events were

performed at a selection of the sites in August and April 2014. At each site, the center
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point was determined as the site of waste disposal that was separate from the pit tank, if
present. This often included the site of backwash waste disposal or the area nearby the
pit tank where the pit tank sludge would be disposed during cleaning. Surrounding soil
samples were collected from locations about five meters from the center point in four
directions that did not include the direction of draining from the center point. The
sampling in April was done during the dry season and included all ten sites selected. The
sampling in August occurred during the rainy season and included more sampling points
along the drain path which was determined visually based on what direction water from
the center point would drain.

Results and Discussion

Figure A-S1summarizes the soil arsenic concentrations of samples collected from the
sites in both April and August 2014. Results from sites with only one set of samples
collected are shown in Figure A-S2. Arsenic levels in the surrounding soils varied from
1-8 mg/kg at different sites, though the variation between samples at any given site was
smaller (standard deviations are shown as error bars for each site). These surrounding
soil values represent the background concentrations in the soils and are used as a

comparison to evaluate the effect of the filter and current waste management strategy.
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Figure A-S1. Soil arsenic concentrations (mg arsenic/kg soil) from samples taken at
various locations near arsenic removal filters during two sampling events. The
control samples were collected around a tube well without arsenic. Bars represent

the average soil arsenic concentration and error bars the standard deviations
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between triplicate soil samples from each site. Surrounding soil bars represent the
average and standard deviation of four soil samples collected about 5 m from the
center point at each site.

The pit tank and center point samples generally had higher arsenic levels than the
surrounding soils and in a few cases this difference was very large (up to a 12 fold greater
at AIRP 2) (Figure A-S2). Some drain path samples had elevated arsenic concentrations
(AIRP 2, AIRP 4, SIDKO 3), while in other cases the levels were closer to the
surrounding soil levels (AIRP 1, AIRP 3). Differences between arsenic concentrations
measured in April and August at the same sites may be due to changes in factors such as
time since the last backwash and rainfall frequency, which varied between the two

samplings.
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Figure A-S2. Soil arsenic concentrations from selected sites. Bars represent the
average of either triplicate total digestions or for the surrounding samples four soil
samples from about 5 m from the center point and the error bars represent the
standard deviation.

Based on these data, it appears that current filter waste maintenance practices have a
localized effect on soil arsenic concentrations. The highest soil arsenic concentrations
are found in the pit tank, at the center points where waste is disposed, and along the drain
path. This finding is important to consider during the design and implementation of the
filters and measures to limit the spread of this waste stream should be minimized. The

stability of these arsenic bearing wastes is a matter of concern and further studies are
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required to understand the potential for mobilization and the relative risk these arsenic
soil concentrations represent. Current studies are evaluating the potential uptake of
arsenic by plants grown in the vicinity of these filters and the potential for stabilization of
these arsenic-bearing wastes by incorporation into building materials such as brick and

concrete.
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Appendix B. Supplementary Information for Chapter 2

Table S1. Results of TCLP for Different Arsenic-bearing Wastes

Solids Tested Solids Arsenic TCLP Leachate Reference
Concentration Concentration
(mg/kg) (mg/L)
Sulfide material from sulfate reducing 61.3 0.04 (Jong and
bioreactors treating simulated mining Parry 2005)
waste
Mine tailings (concrete stabilized) 83.8 0.18 (Choi et al.
2009)
81.6 0.07
79.4 0.03
75.0 0.01
70.6 0.01
66.2 0.01
61.7 0.00
69.6 0.23
67.8 0.16
66.0 0.06
62.3 0.05
58.6 0.02
55.0 0.02
51.3 <0.004
Mine tailings (without concrete) 88.2 1.14 (Choi et al.
2009)
1.4 0.06
73.3 0.61
Mine tailings 8120 0.06 (Hooper et
al. 1998)
Slag 355 0.1 (Hooper et
al. 1998)
Burn ash 229 0.13 (Hooper et
al. 1998)
Laboratory synthesized ferric 82400 2.54 (Phenrat et
hydroxides al. 2008)
71500 1.86 (Phenrat et
al. 2008)
57400 1.05 (Phenrat et
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al. 2008)

56000 0.4 (Phenrat et
al. 2008)
38400 0.26 (Phenrat et
al. 2008)
Sludge from drinking water treatment 0.1 0.0067 (Banerjee
arsenic removal plant (ferric hydroxide) and
Chakraborty
2005)
2.9 0.083
29.2 0.13
73.1 0.25
SIDKO Adsorp® Technology (ferric 2025 0.225 (Hossain
hydroxide) from drinking water 2003)
treatment
Ferric chloride coagulation solids 1540 0.205 (Meng et al.
(settled dewatering pond, anaerobic) 2001)
from drinking water treatment
935 0.283
Ferric chloride coagulation solids (fresh 638 0.078 (Meng et al.
solids, oxic) from drinking water 2001)
treatment
Bayoxide® E33 (ferric oxide) from 2150 0.021 (Stuckman
drinking water treatment et al. 2011)
2140 0.001
7530 0.085
2250 0.049
3070 0.036
MAGC/ALCAN top media (activated 80.1 0.148 (Hossain
alumina based) from drinking water 2003)
treatment
MAGC/ALCAN bottom media 72.1 0.426 (Hossain
(activated alumina based) from drinking 2003)
water treatment
READ-F media (hydrous cerium oxide)  258.2 0.007 (Hossain
from drinking water treatment 2003)
SONO top sand from drinking water 16.6 0.005 (Hossain
treatment 2003)
SONO iron filings (zero valent iron) 1.2 0.002 (Hossain
from drinking water treatment 2003)
SONO bottom sand from drinking water 3.5 0.004 (Hossain
treatment 2003)
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Appendix C. Supplementary Information for Chapter 3

Table S2. Synthetic Rainwater Composition (Hadi et al. 1999)

Component mM mg/L
CaCl, 0.012 1.3308
NaHCO; 0.026 2.184
K,CO3 0.0015 0.2073
MgCl, 0.0037  0.352277
NH,CI 0.05 2.6725
pH = 6.35

Rainwater was prepared using ACS grade salts (Sigma-Aldrich).
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Figure S1. Comparisons of the Ka emission intensities of arsenic to iron (a,c) and
arsenic to calcium (b,d) for mortar cubes from day 0 (a, b) and day 406 (c,d) from
maps shown in Figure S2.
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Figure S2. uXRF compositional maps showing the overlay of
calcium (red), arsenic (green), and iron (blue) cubes from day 0
(left) and day 406 (top). White circles outline the areas used to
determine elemental mass ratios.
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Appendix D. Supplementary Information for Chapter 4

Table S3. Primer coverage of the mlas and mcrA-rev primers compared to the
modified mlas and mcrA-rev primers used in this study for 32 methanogens for
which genomes were available. Primer pair coverage is a score of the primer pair
binding to the template using the sequence overlaps of the forward and reverse
primers normalized to the length of the primers generated with MFE Primer 2.0
(Qu et al. 2012). A primer pair coverage cutoff value of 30 was used.

NCBI Taxonomy Size Primer Pair Coverage (%)
Reference (bp) mlas/ modified
mcrA-rev mlas/ mcrA-

rev
NC_015574.1 Methanobacterium sp. SWAN-1 472 97 97
NC_009135.1 Methanococcus maripaludis 469 97 97
NC_009634.1 Methanococcus vannielii 469 97 97
NC_009637.1 Methanococcus maripaludis 469 97 97
NC_009975.1 Methanococcus maripaludis 469 97 97
NC 003552.1 Methanosarcina acetivorans 490 97 97
NC_003901.1 Methanosarcina mazei 490 97 97
NC 014408.1 Methanothermobacter 469 97 97

marburgensis

NC_014507.1 Methanoplanus petrolearius 493 97 97
NC_007355.1 Methanosarcina barkeri 490 97 97
NC_007681.1 Methanosphaera stadtmanae 469 97 97
NC _009051.1 Methanoculleus marisnigri 493 75.8 97
NC_009712.1 Methanoregula boonei 472 75.8 97
NC _015416.1 Methanosaeta concilii 472 75.8 97
NC_009515.1 Methanobrevibacter smithii 472 <30 97
NC _009464.1 Methanocella arvoryzae 469 <30 97
NC _015847.1 Methanococcus maripaludis 469 <30 97
NC 017527.1 Methanosaeta harundinaceae 472 <30 97
NC_018227.1 Methanoculleus bourgensis 493 97 97
NC _018876.1 Methanolobus psychrophilus 490 97 97
NC_019943.1 Methanoregula formicicum 472 33 97
NC_005791.1 Methanococcus maripaludis 469 <30 97
NC_023044.1 Methanobacterium sp. MB1 469 89 89
NC _007955.1 Methanococcoides burtonii 490 56 56
NC_008553.1 Methanosaeta thermophila 472 56 56
NC _019977.1 Methanomethylovorans hollandica 490 38 38
NC_008942.1 Methanocorpusculum labreanum 493 33 33
NC 015216.1 Methanobacterium sp. AL-21 466 33 33
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NC_011832.1
NC_014222.1
NC_021355.1
NC_020389.1

Methanosphaerula palustris
Methanococcus voltae

Methanobrevibacter sp. AbM4

Methanosarcina mazei

472
469
472
490

33

33

33
<30

33
33
33
33

187



100%

90%

80%

70%

60%

50%

40%

30%

20%

10%

% Relative Abundance Based on mcrA Gene Sequences

0%

ExpectedActual

Mock Community

A-PCR

ExpectedActual

Mock Community

A

ExpectedActual

Mock Community

% Relative Abundance Based on 16S rRNA gene Sequences

100%

90%

80%

70%

60%

50%

40%

30%

20%

10%

0%

Expected Actual Expected Actual
Mock Community Mock Community
A B

m Methanosaeta

B Methanobacterium

m Methanosarcina

I Methanobrevibacter
Methanothermobacter

B Methanosphaera

m Methanococcus

B Methanospirillum

Figure S3. Comparison of expected and actual results from methanogen mock community sequencing with mcrA gene amplicons (a)
and 16S rRNA gene amplicons (b). Mock communities A and B represent a relatively even community (A) or an uneven community
(B) with relative methanogen abundances similar to what would be found in an anaerobic digester (Smith et al. 2013). Mock
community A-PCR was generated by pooling individually amplified DNA extracts from the different strains, whereas mock
communities A and B were generated by pooling DNA extracts before amplification. The expected compositions were calculated
based on measured DNA concentrations extracted from 10 strains (Table S4), genome size, and gene copy number (Table S4). For the
genera Methanospirillum and Methanosarcina two different strains were included from each genus (Table S4). All strains included in
the mock communities were identified for each of the methods used. The mcrA gene based sequencing results included one sequence
identified as Methanohalophilus and one sequence identified as Methanoculleus, which were excluded from the graphs.
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Figure S4. Cumulative gas production for all inhibitor concentrations tested
including replicate mesocosms.
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shown.
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Table S4. Strains of methanogenic archaea used to create mock communities.

Strain ID Organism name 16S rRNA mcrA gene
copy number | copy number

DSM-862 | Methanobacterium bryantii’ 2.5 2
DSM-861 | Methanobrevibacter smithii 2 1
DSM-2067 | Methanococcus maripaludis 3 1
DSM-3671 | Methanosaeta concilii 2 1
DSM-2834 | Methanosarcina acetivorans 3 1
DSM-800 | Methanosarcina barkeri 3 1
DSM-3091 | Methanosphaera stadtmanae 4 1
DSM-1101 | Methanospirillum hungatei 4 1
DSM-864 | Methanospirillum hungatei 4 1
DSM-1053 | Methanothermobacter thermautotrophicus 2 2

"Gene copy numbers for Methanobacterium bryantii were estimated based on the
complete genomes of Methanobacterium sp. AL and Methanobacterium sp. SWAN.
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Primer sequences were used to search for matching sequences in the complete
genomes of strains included in the mock communities. Complete genomes were
downloaded from the Joint Genome Institute and NCBI. Mismatches to primers are
highlighted in red. There were no mismatches to the 16S rRNA gene forward and reverse
primers used. Two copies of the mcrA gene are present in Methanobacterium and
Methanothermobacter.

Table S5. Comparison of primer match with sequences from methanogens included
in mock community

Organism mcrA-forward primer (modified mlas primer
(Steinberg and Regan, 2009))
5’ -GGYGGTGTMGGNTTCACHCARTA-3’

Methanospirillum hungatei

GGTGGTGTCGGATTTACCCAGTA

Methanobacterium sp. AL
Methanobacterium sp. AL

GGTGGTGTAGGTTTCACACAGTA
GGAGGAGTAGGATTCACTCAGTA

Methanobacterium sp. SWAN 1
Methanobacterium sp. SWAN 1

GGCGGTGTCGGTTTCACCCAGTA
GGTGGTGTTGGATTCACACAGTA

Methanobrevibacter smithii

GGTGGTGTAGGATTCACTCAATA

Methanothermobacter
thermautotrophicus
Methanothermobacter
thermautotrophicus

GGTGGTGTAGGATTCACCCAGTA

GGTGGTGTGGGTTTCACCCAGTA

Methanosphaera stadtmanae

GGTGGTGTAGGATTCACACAATA

Methanococcus maripaludis

GGTGGTGTAGGATTCACACAATA

Methanosaeta concilii

GGTGGTGTAGGTTTCACACAGTA

Methanosarcina acetivorans

GGTGGTGTCGGGTTCACCCAGTA

Methanosarcina barkeri

GGTGGTGTCGGATTCACACAGTA
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Organism

Methanospirillum hungatei

mcrA-reverse primer
(Steinberg and Regan, 2008)

5’-CGTTCATBGCGTAGTTVGGRTAGT -3’

CGTTCATTGCGTAGTTCGGGTAGT

Methanobacterium sp. AL
Methanobacterium sp. AL

CGTTCATTGCATAGTTAGGGTAGT
CGTTCATTGCGTAGTTTGGATAGT

Methanobacterium sp. SWAN 1
Methanobacterium sp. SWAN 1

CGTTCATGGCGTAGTTCGGGTAGT
CGTTCATTGCGTAGTTAGGGTAGT

Methanobrevibacter smithii

CGTTCATTGCGTAGTTAGGGTAGT

Methanothermobacter
thermautotrophicus
Methanothermobacter
thermautotrophicus

CGTTCATGGCGTAGTTTGGATAGT

CGTTCATGGCGTAGTTTGGATAGT

Methanosphaera stadtmanae

CGTTCATTGCGTAGTTAGGGTAGT

Methanococcus maripaludis

CGTTCATTGCGTAGTTAGGGTAGT

Methanosaeta concilii

CGTTCATGGCGTAGTTCGGGTAGT

Methanosarcina acetivorans

CGTTCATTGCGTAGTTCGGGTAGT

Methanosarcina barkeri

CGTTCATTGCGTAGTTGGGGTAGT
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Figure S8. Gibb’s free energy (AG) versus the partial pressure of hydrogen (Pyy) for
“propionate oxidation via butyrate”, in which propionate is dismutated by Smithella
spp. to acetate and butyrate followed by butyrate oxidation by Syntrophomonas spp.
(Gan et al., 2012), “classical propionate oxidation”, in which propionate oxidation
occurs by Smithella spp., and “butyrate oxidation”, in which butyrate oxidation
occurs directly by Syntrophomonas spp. The AGyeaction Were calculated based on the
free energies of formation (AG;°) in (Madigan et al., 2010) and assumed to be 48,400
J/mol, 76,500 J/mol, and 48,300 J/mol for the Smithella, Classical, and
Syntrophomonas Pathways, respectively, shown below. Temperature was assumed
to be 31°C. Concentrations of acetate, propionate, butyrate, and bicarbonate were
assumed to be 22.9, 12.2, 6.43, and 49.2 mM, respectively. A pH of 6.5 was assumed.
A AG<O0 indicates an exergonic reaction.

Propionate Oxidation via Butyrate
2CH;CH,C00™ + 2H,0 — 3CH;C00~ + 2H, + H*
Classical Propionate Oxidation
CH3;CH,CO0™ + 3H,0 - CH,CO00~ + HCO3 + 3H, + H*
Butyrate Oxidation

CHs;CH,CH,CO0™ + 2H,0 — 2CH,C00~ + 2H, + H*
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Figure S9. Principal coordinate plot of the bacterial community structure (0y.)
based on OTU clustering (cutoff = 0.03) from the 16S rRNA gene and 16S rRNA
cDNA sequences. Duplicate biomass samples are shown for each mesocosm.
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Appendix E. Supplementary Information for Chapter 5
Gas trap efficiency experiment

Controlled volatilization experiments were carried out in 40 mL serum vials. The
final composition of reagents added to each vial was as shown in Table S6. First an
acidified solution of dimethylarsinic acid (DMAA) was prepared by adding water,
DMAA stock solution, and nitric acid in that order. The vials were then sealed with a
septa and crimp top. An arsenic trap (siliver nitrate impregnated silica gel) was connected
to the vial with a 22 gauge needle and platinum-cured silicon tubing (Fischer Scientific).
The outlet of the trap was open to the atmosphere such that any gas generated within the
vial could exit through the trap. Sodium tetrahydroborate (Sigma-Aldrich, St. Louis, MO)
was then added through a syringe. Immediate evolution of gas started once NaBH, was
added to the mixture. The addition was done slowly while monitoring the gas evolution.
Once gas evolution had stopped, the syringe was removed and the vial purged with
nitrogen to force any remaining arsines in the headspace to pass through the gap trap. The
residual arsenic in the reaction mixture was measured using ICPMS. The gas traps were
digested as previously and analyzed using ICPMS. The arsenic volatilization was
calculated by performing a mass balance on initial and final liquid concentrations. The
average and standard deviation of trap recovery for triplicate tests in which about 100 ng

of arsenic was volatilized was 83% =+ 3.
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Table S6. Composition of reagents for gas trap efficiency test

Solution Concentration | Volume (mL)

DMAA 1 mg/L 0.2
NaBH,4 2% wiw 1
HNO;3 68% wiw 0.32
Water 100% w/w 8.48
Total 10
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Mesocosms with aqueous arsenite

Mesocosms were prepared containing anaerobic digester sludge and cow dung as
described previously. A lower total volume of 100 mL was used in 150 mL serum vials.
Initially mesocosms were run for 12 days without arsenic, followed by the addition of
arsenic as aqueous AsOs (prepared from Sigma Aldrich TraceCERT As standard) to
achieve a total mass of 50 g As in each of two replicate mesocosms. In these
experiments the background matrix was not matched with an arsenic-free control and
therefore an overestimate of the total arsenic may be due to matrix effects. The
mesocosms were incubated for an additional 11 days at 31 °C before sampling and
measurement of arsenic in the liquid and solid phases. Silver nitrate impregnated silica

gel traps were digested for the measurement of arsenic volatilization.
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Figure S10. Arsenic distribution in solid, liquid, and gaseous phases (a) and
volatilized arsenic (b) from duplicate mesocosms with arsenic added as aqueous
arsenite.
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Table S7. ArsM Protein Sequences from NCBI

NCBI Reference Sequence

Organism

YP_001512636.1

Alkaliphilus oremlandii OhILAs

YP_825656.1 Candidatus Solibacter usitatus EIlin6076
YP_003125722.1 Chitinophaga pinensis DSM 2588
YP_678125.1 Cytophaga hutchinsonii ATCC 33406
YP_182128.1 Dehalococcoides ethenogenes 195
YP_001214685.1 Dehalococcoides sp. BAV1
YP_308344.1 Dehalococcoides sp. CBDB1
YP_002457695.1 Desulfitobacterium hafniense DCB-2
YP_520381.1 Desulfitobacterium hafniense Y51

YP_001528649.1

Desulfococcus oleovorans Hxd3

YP_003197819.1

Desulfohalobium retbaense DSM 5692

YP_146445.1 Geobacillus kaustophilus HTA426
NP_618654.1 Methanosarcina acetivorans C2A
YP_305236.1 Methanosarcina barkeri str. Fusaro
NP_634267.1 Methanosarcina mazei Gol
NP_632685.1 Methanosarcina mazei Gol
YP_001210990.1 Pelotomaculum thermopropionicum Sl
YP_570547.1 Rhodopseudomonas palustris BisB5
NP_948900.1 Rhodopseudomonas palustris CGA009
YP_485587.1 Rhodopseudomonas palustris HaA2
YP_001993051.1 Rhodopseudomonas palustris TIE-1
YP_446560.1 Salinibacter ruber DSM 13855
YP_076198.1 Symbiobacterium thermophilum IAM 14863
YP_002512337.1 Thioalkalivibrio sulfidophilus HL-EbGr7
YP_315186.1 Thiobacillus denitrificans ATCC 25259
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Figure S11. Principal coordinate plot of the active bacteria community structure
(8yc) for duplicate biomass samples. Bacterial sequences were subsampled to a depth
of 17,424 sequences per sample and grouped at the genus level. The difference in

community structure between conditions was statistically significant (AMOVA, p <
0.01).
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Figure S12. Percent relative activity of syntrophic bacteria over all bacteria based
on 16S rRNA cDNA sequencing
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The indicator analysis (Dufréne and Legendre 1997) was performed to determine

bacterial phylotypes that were significantly (p < 0.05) correlated with the different

conditions. Results are shown in Table S9 and Table S8.

Table S8. Indicator Phylotypes for Uninhibited (Control and As waste) and

Inhibited (As-BES and As-PA) Conditions

Uninhibited

Inhibited

uncl. Comamonadaceae

uncl. Clostridiales

Syntrophomonas

uncl. Firmicutes

uncl. Syntrophomonadaceae

uncl. Lachnospiraceae

uncl. WS3 Acinetobacter
Syntrophorhabdus uncl. Clostridia
Acetivibrio Bacteroides

uncl. Opitutaceae

uncl. Rhodobacteraceae

Oscillibacter

uncl. Erysipelotrichaceae

uncl. Enterobacteriaceae

Vitreoscilla

Gordonibacter

Paraprevotella

Bilophila

Table S9. Indicator Phylotypes for Each Condition

Control
(no As)

AS waste

As-BES

As-PA

Trichococcus

uncl. Proteobacteria

uncl. Flavobacteriaceae

uncl. Firmicutes

Treponema

Acetobacterium

Clostridium IV

Zoogloea

Erysipelothrix

Clostridium XIVa

Sedimentibacter
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Table S10. Bacteria and Archaea with identified arsM genes

Organism

Included on GeoChip

Alkaliphilus oremlandii OhILAS

Aminobacterium colombiense DSM 12261

Anaerobaculum hydrogeniformans ATCC BAA-1850

Anaerophaga thermohalophila DSM 12881

Bacillus cereus 95/8201

Bacillus sp. INLA3E

Bacteroides fragilis 3112

Blastococcus saxobsidens DD2

Candidatus Nitrospira defluvii

Chitinophaga pinensis DSM 2588

Clostridium carboxidivorans P7

Clostridium scindens ATCC 35704

Conexibacter woesei DSM 14684

Cupriavidus metallidurans CH34

Cyanobium sp. PCC 7001

Dehalococcoides ethenogenes 195

Desulfitobacterium dichloroeliminans LMG P-21439

Desulfitobacterium hafniense DCB-2

Desulfitobacterium hafniense Y51

Desulfitobacterium metallireducens DSM 15288

Desulfobulbus propionicus DSM 2032

Desulfohalobium retbaense DSM 5692

Desulfotomaculum carboxydivorans CO-1-SRB

Desulfotomaculum gibsoniae DSM 7213

Desulfurivibrio alkaliphilus AHT?2

endosymbiont of Riftia pachyptila (vent Ph05)

Finegoldia magna ATCC 53516

Flexistipes sinusarabici DSM 4947

gamma proteobacterium HTCC 5015

Gemmata obscuriglobus UQM 2246

Gemmatimonas aurantiaca T-27

Geobacter metallireducens GS-15

Halomonas sp. HAL1

Haloterrigena turkmenica DSM 5511

Hyphomicrobium denitrificans INES1

Imtechella halotolerans K1

e T o o o o o o S o O o S O o I I o S o o I o A A o IS S

Leptonema illini DSM 21528
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Methanobacterium sp. AL-21

Methanosarcina acetivorans C2A

Methanosarcina barkeri str. Fusaro

Methanosarcina mazei Gol

Methylobacter tundripaludum SV96

Methylomicrobium alcaliphilum

Methylomonas methanica MC09

Niastella koreensis GR20-10

Nitrosomonas sp. AL212

Nitrosomonas sp. Is79A3

Nostoc sp. PCC 7120

Opitutus terrae PB90-1

Paenibacillus lactis 154

Paenibacillus larvae subsp. larvae BRL-230010

Paenibacillus polymyxa M1

Paenibacillus sp. HGF7

Pedobacter sp. BAL39

Pelotomaculum thermopropionicum Sl

Rhodanobacter sp. 2APBS1

Rhodobacteraceae bacterium KLH11

Rhodomicrobium vannielii ATCC 17100

Rhodopseudomonas palustris BisB5

Rhodopseudomonas palustris DX-1

Serinicoccus profundi MCCC 1A05965

Solibacter usitatus Ellin6076

Sphaerobacter thermophilus DSM 20745

Stackebrandtia nassauensis DSM 44728

Symbiobacterium thermophilum 1AM 14863

Synechocystis sp. PCC 6803

Syntrophothermus lipocalidus DSM 12680

Thermanaerovibrio acidaminovorans DSM 6589

Thermosediminibacter oceani DSM 16646

Thiobacillus denitrificans ATCC 25259

Thiocapsa marina 5811

Treponema vincentii ATCC 35580

Xenorhabdus nematophila ATCC 19061

IR AR AR AR R R R I R R R R R R R AR A R R R A A R A A B

Rhodopseudomonas palustris HaA2

Rhodopseudomonas palustris CGA009

Rubrivivax gelatinosus

Dehalococcoides sp. BAV1

Dehalococcoides sp. VS
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Geobacillus kaustophillus HTA426 -

Salinarchaeum sp. Harcht Bskl -

Natronomonas moolapensis -

Sulfuricella denitrificans skB26 -

Desulfovibrio magneticus RS-1 NC -

Methylacidiphillum infernorum -

Desulfosporosinus meridiei -

Desulfococcus oleovorans -

Desulfocapsa sulfexigens -

Desulfotomaculum acetoxidans -

Syntrophobacter fumaroxidans -

Dehalogenimonas lykanthroporepellens -

Methanoplanus petrolearius -

Methanosaeta harundinacea -

Methanosaeta concilii -

Salinibacter ruber -

Solitalea canadensis -

Fibrella aestuarina -

Runella slithyformis -

Maribacter sp. HTCC 2170 -

Aequorivita sublithincola -

Spirosoma linguale DSM74 -

Haliscomenobacter hydrossis DSM 1100 -

Reference

Dufréne, M. and P. Legendre (1997). Species assemblages and indicator species: the need
for a flexible asymmetrical approach. Ecological Monographs 67(3): 345-366.
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