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ABSTRACT 

 

Monomethylmercury (MMHg) is a toxic and bioaccumulative compound that poses 

serious health threats to wildlife and humans consuming fish. There are significant uncertainties 

concerning the MMHg sources and exposure pathways to aquatic food webs and mercury stable 

isotope studies are beginning to shed new light on these processes. In Chapter 2 and 3, we 

conducted a series of controlled feeding experiments to understand the behavior of mercury 

isotopes during bioaccumulation and trophic transfer in freshwater and marine food webs. We 

found that there is an absence of mercury isotope fractionation during bioaccumulation, trophic 

transfer, and transport of MMHg between food sources and different tissues within fish. We used 

this information to develop the application of mercury isotopes as a monitoring tool for 

identifying MMHg sources in natural environments. In Chapter 4 and 5, we applied mercury 

isotopes to investigate the MMHg sources and exposure pathways in coastal marine food webs 

and in lacustrine-terrestrial transition food webs. Our work has elucidated spatial and ecological 

variability in MMHg sources as well as movements between terrestrial and aquatic ecosystems. 

This dissertation demonstrates that mercury stable isotopes can enhance our knowledge of the 

complexities of MMHg sources and biogeochemistry in natural ecosystems. 
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CHAPTER 1  

 

Introduction 

 

1.1. Mercury sources 

 Mercury (Hg) is a naturally occurring trace metal, which can be found as geologic ore 

deposits at various locations throughout the world (1). Hg has been mined and purified since 

antiquity for use in precious metal extraction, medicine, and decorative product making (2). Even 

to date, Hg is found in many commercial products including batteries, fluorescent light bulbs, 

electrical switches, and thermometers due to its many useful industrial properties. 

 A long history of Hg mining, anthropogenic use, as well as its release from various 

industrial activities has resulted in a significant amount of Hg emission to the atmosphere. In 

fact, a number of estimates have shown that anthropogenic activities have contributed to 2- to 5-

fold increase in atmospheric Hg deposition relative to pre-industrial levels (3). Anthropogenic 

emission sources are largely categorized as primary and secondary. Primary anthropogenic 

sources occur when Hg of geologic origin is mobilized via mining of Hg-bearing ore or burning 

of fossil fuel. Secondary anthropogenic sources occur during intentional use of Hg such as 

industrial processes, product manufacturing and use, and gold mining operations. A recent 

estimate has shown that anthropogenic Hg emission sources are ranked in the order: gold mining 

(42%), fossil fuel combustion (25%), ferrous and non-ferrous metal (Al, Cu, Pb, Zn) production 

(12%), cement production (9%), waste incineration (6%), and oil refining (1%) (4). These 

anthropogenic sources together constitute 30% of the total Hg emission into the atmosphere (4). 

Hg can also be emitted into the atmosphere through various natural processes such as 

volcanic activity and hydrothermal vents, and constitute 10% of the total atmospheric Hg 

emission (2, 5). Estimating the amount of natural Hg emission is subject to significant debate as 

Hg deposited from both natural and anthropogenic sources can be re-emitted into the atmosphere 

through processes such as forest fires and evasion from geochemical reservoirs including water
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bodies and soils (6, 7). Re-emission of anthropogenic Hg from geochemical reservoirs is 

considered to be the largest Hg emission source, accounting for 60% of the total atmospheric Hg 

emission (3). It is estimated that these three emission sources (anthropogenic; 30%, natural; 10%, 

re-emission; 60%) together amount to a total of 5500-8900 tons of Hg annually in the global 

atmosphere (3). 

 

1.2. Mercury biogeochemical cycling 

 Hg is subject to complex biogeochemical cycling pathways as it can change speciation 

by undergoing redox reactions, photochemical reactions, and biological processes. In the 

atmosphere, Hg exists as three chemical species; elemental Hg (Hg0), oxidized gaseous Hg 

(Hg2+), and particulate Hg (Hgp). These chemical species vary dramatically in reactivity and 

atmospheric mobility. The extent to which Hg is deposited to the lithosphere can also vary 

depending on the chemical species, type and proximity of point sources, atmospheric chemistry, 

and meteorology affecting Hg transport and deposition (6, 8). In general, Hg0 is the dominant 

form of atmospheric Hg and is relatively stable and inert. Because Hg0 has a long residence time 

(~1 year), it is well mixed in the atmosphere and can be transported globally (9, 10). In contrast, 

Hg2+, and Hgp are highly reactive and water-soluble, and thus they bind rapidly with particles or 

water droplets in the atmosphere. While these species are less common, their reactive properties 

make them vulnerable to rapid scavenging and deposition to local environments (6, 9, 10). 

Hg that is deposited to the earth’s surface can be subjected to various biogeochemical 

processes, which can determine the ecosystem fate of Hg. The processes governing Hg 

transformation and fate have been studied extensively in aquatic ecosystems, compared to 

terrestrial ecosystems, due to the important health implications related to human consumption of 

fish (see section 1.3). Specifically, Hg exists in three general chemical forms in aqueous 

solution; dissolved Hg0, oxidized Hg2+ bound to ligands, and dissolved monomethylmercury 

(MMHg). Multiple biogeochemical processes (i.e. microbial, photochemical reactions) can 

induce the reduction of Hg2+ to Hg0, and can cause Hg0 removal to the atmosphere (2, 10, 11). 

Hg2+ that remains in aqueous solution can also be removed through processes involving particle 

sorption followed by sedimentation (11). In certain regions, the accumulation of Hg in sediments 

can provide long-term records of atmospheric Hg sources and deposition (12-14). A fraction of 

the Hg that remains in aquatic ecosystems can also be transformed into an organic form of Hg, 
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known as monomethylmercury (MMHg). Biotic methylation via sulfate- and iron-reducing 

bacteria is thought to be the dominant MMHg production pathway in many aquatic ecosystems 

(15). It has been found that two genes responsible for methyl-group transfer (hgcA) and electron 

donor for corrinoid cofactor reduction (hgcB) are the key components to biotic Hg methylation 

(16). Biotic methylation typically occurs in oxic/anoxic interfaces of various aquatic 

compartments (15). In freshwater and coastal systems, surface sediments, algal mats, and 

wetlands are thought to be the primary sites for biotic methylation (17-19). In the open ocean, Hg 

can be methylated at intermediate depths or within oxygen minimum zones (200-1000 meters) in 

the water column (20, 21).  

 

1.3. Bioaccumulation and toxicity of MMHg 

While MMHg represents a small fraction of total Hg in many freshwater and marine 

reservoirs, it is MMHg that readily bioaccumulates in organisms. Multiple biological properties 

have been proposed to explain the efficient bioaccumulation and biomagnification of MMHg in 

aquatic food webs. Dissolved MMHg in aqueous solution can be readily incorporated into 

microorganism cells and cause >10,000-fold higher MMHg concentrations in microorganisms 

relative to MMHg concentrations in water (22, 23). In higher animals, it has been found that 

MMHg can be transported to different organs via the blood stream and become assimilated by 

crossing intestinal membranes (24, 25). Once MMHg reaches internal organs, it binds strongly 

with sulfur ligands and accumulates in biological tissues (26). Because MMHg is rapidly 

assimilated and slowly eliminated, it becomes preferentially transferred to subsequent trophic 

positions, resulting in elevated MMHg levels in high trophic level organisms (27).  

 Exposure to MMHg can result in multiple detrimental health impacts to humans and 

wildlife. The toxicity of MMHg was first recognized in the 1950s at Minamata Bay, Japan (28). 

It was found that a local chemical company, which used Hg as a catalyst, released MMHg 

directly into Minamata Bay. The consumption of fisheries products impacted by the 

anthropogenic MMHg discharge caused significant health impacts to the local community. Even 

in areas unaffected by point-source contamination, the consumption of marine fisheries products 

is considered to be the dominant MMHg exposure pathway to humans (29). Multiple guidelines 

have been developed to prevent humans from being exposed to high levels of MMHg. These 

guidelines include fish consumption advisories, and reference doses (RfD; 0.1 ug/kg bw/day) 
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established by agencies such as the U.S. Environmental Protection Agency (30). Exceeding the 

RfD can lead to obvious physiological symptoms, and serious diseases. In humans, chronic 

MMHg exposure can damage the central nervous system, and cause neurological impairment, 

muscle spasms, and paralysis (31-33). Moderate to acute MMHg exposure can result in 

cardiovascular diseases and autoimmune disorders (34). In wildlife such as birds and bats, high 

MMHg levels have been shown to be linked to reproductive failure, physiological alteration, and 

neurological deficit (35, 36, 37).  

 

1.4. Mercury stable isotope ratios 

 Mercury has seven stable isotopes with varying natural abundances: 196Hg=0.155%, 
198Hg=10.04%, 199Hg=16.94%, 200Hg=23.14%, 201Hg=13.17%, 202Hg=29.73%, 204Hg=6.83% 

(38). Mercury isotopes can undergo mixing and fractionation via various environmentally 

relevant processes, and impart distinct Hg isotopic compositions on natural environmental 

samples. Recently, the utilization of multi-collector inductively coupled plasma mass 

spectrometry, and the development of new laboratory methods have enabled precise 

measurement of Hg isotope ratios (39). The ability to precisely measure Hg isotope ratios in 

diverse environmental samples has added valuable insight to the sources and transformation 

pathways of Hg in many natural ecosystems. 

 Mercury isotopes can undergo two types of fractionation pathways: mass-dependent 

fractionation (MDF), and mass-independent fractionation (MIF). MDF is reported as δ202Hg in 

units of permil (‰) referenced to the standard reference material NIST 3133:  

δ202Hg= {[(202Hg/198Hg)sample/ (202Hg/198Hg)NIST3133]-1}*1000   (1) 

The mechanism of MDF is similar to the traditional light isotope systems (i.e., carbon and 

nitrogen stable isotopes) such that the degree of fractionation is dependent on the nuclear mass of 

the isotopes. MDF of Hg isotopes have been shown to occur during processes such as 

photochemical reduction and degradation of inorganic Hg (IHg) and MMHg (40, 41), microbial 

methylation and demethylation (42-44), thiol-ligand exchange (45), and volatilization of Hg0 

(46).  

MIF is calculated using the difference between a measured δxxxHg value and a value 

predicted based on MDF.  

∆199Hg= δ199Hg - (δ202Hg * 0.252)       (2) 
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∆200Hg= δ200Hg - (δ202Hg * 0.5024)        (3) 

∆201Hg = δ201Hg - (δ202Hg * 0.752)       (4) 

∆204Hg= δ204Hg - (δ202Hg * 1.4930)       (5) 

Three common mechanisms have been proposed to cause MIF: the nuclear volume effect (< 

0.3 ‰), the magnetic isotope effect (> 1‰), and nuclear self-shielding. The nuclear volume 

effect occurs mainly during equilibrium reactions and the fractionation is thought to be 

dependent on the nuclear charge radii of isotopes (47). In contrast, the magnetic isotope effect 

occurs only during kinetic reactions. High levels of MIF via the magnetic isotope effect have 

been observed predominantly during photochemical reduction and degradation of IHg and 

MMHg (40). The magnetic isotope effect has been documented primarily in the odd-mass-

number isotopes (199Hg, 201Hg). This is because the odd-mass-number isotopes have nuclear 

magnetic moments, unpaired nuclear spin, and radical pairs (48, 49), which can cause either the 

reactant or the product to be preferentially enriched in the odd-mass-number isotopes during 

reactions. Several recent studies have also suggested that the magnetic isotope effect as well as 

the nuclear self-shielding may also occur in even-mass-number isotopes (50, 51). The 

mechanism that causes MIF in the even-mass-number isotopes is still unclear.  

 

1.5. Applications of mercury isotopes: Dissertation structure 

While multiple aspects of Hg biogeochemical cycling have been investigated, previous 

studies have relied on indirect measurements (e.g., Hg concentration measurements) to trace 

important Hg sources, and ecosystem processes. The ability to precisely measure Hg isotope 

ratios in diverse environmental samples has enabled us to accurately link Hg sources to 

receptors, and to understand complex biogeochemical processes in natural environments. 

Particularly in aquatic ecosystems, significant uncertainties remain concerning the MMHg 

sources and exposure pathways in aquatic food webs. The research described in this dissertation 

demonstrates that the utilization of Hg isotopes is beginning to shed light on important sources 

and processes governing MMHg in diverse aquatic ecosystems.  

The heart of this dissertation is Chapters 2 to 5, each of which was written as an 

independent research article. Chapters 2 to 4 are published in the peer reviewed literature and 

Chapter 5 has been submitted for publication. The citations and copyright for each of these 

chapters are given below: 

5 



• Chapter 2: Reprinted with permission from Kwon, S. Y.; Blum, J. D.; Carvan, M. J.; 
Basu, N.; Head, J. A.; Madenjian, C. P.; Solomon, R. D. Absence of fractionation of 
mercury isotopes during trophic transfer of methylmercury to freshwater fish in captivity. 
Environ Sci Technol, 2012, 46, 7527-7534. Copyright 2012 American Chemical Society. 

 
• Chapter 3: Reprinted with permission from Kwon, S. Y.; Blum, J. D.; Chirby, M. A.; 

Chesney, E. J. Application of mercury isotopes for tracing trophic transfer and internal 
distribution of mercury in marine fish feeding experiments. Environ Toxicol Chem, 2013, 
23, 2322-2330. Copyright 2013 Wiley. 

 
• Chapter 4: Reprinted with permission from Kwon, S. Y.; Blum, J. D.; Chen, C. Y.; 

Meattey, D. E.; Mason, R. P. Mercury isotope study of sources and exposure pathways of 
methylmercury in estuarine food webs in the Northeastern U.S. Environ Sci Technol, 
2014, 48, 10089-10097. Copyright 2014 American Chemical Society. 

 
• Chapter 5: Kwon, S. Y.; Blum, J. D.; Nadelhoffer, K. J.; Dvonch, J. T.; Tsui, M. T. K. 

Isotopic study of mercury sources and transfer between a freshwater lake and adjacent 
forest food web. Sci Tot Environ, 2015—in review. 

 

In Chapters 2 and 3, we explore the changes of Hg isotope ratios during bioaccumulation 

and trophic transfer in freshwater (Perca flavescens, Salvelinus namaycush), and marine fish 

(Seriola dumerili). We conducted a series of controlled fish feeding experiments, and 

characterized the Hg isotopic compositions of the diet and fish tissues both before and after the 

feeding experiments. We documented the absence of Hg isotope fractionation during 

bioaccumulation, trophic transfer, and transport of MMHg to different tissues. When fish were 

fed with diets composed of both IHg and MMHg, the isotope values of fish tissues displayed 

isotopic compositions reflecting MMHg due to the preferential trophic transfer and 

bioaccumulation of MMHg. The fact that the isotopic composition representing an 

environmental source of MMHg is retained in fish tissue indicates that we can now confidently 

use Hg isotope ratios in fish as a monitoring tool for tracing MMHg sources and biogeochemical 

processes in natural environments. 

In Chapter 4, we applied this monitoring tool to investigate the sources and exposure 

pathways of MMHg in estuarine food webs located across the northeastern, USA. We first 

characterized the Hg isotopic compositions of sediments and various estuarine organisms 

representing different feeding guilds (green crab, blue mussel, killifish, and eider). We then 

estimated the isotopic composition representing MMHg by plotting % MMHg against Hg isotope 

values of the sediment and the estuarine organisms. We found significant positive relationships 
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between % MMHg and Hg isotopes values at all sites, indicating that MMHg accumulated from 

the local environment is indeed retained in fish tissues during bioaccumulation and trophic 

transfer. We found that MMHg associated with sediments and has undergone small amounts of 

photochemical degradation acts as the dominant source to many estuarine organisms. This study 

confirms that the measurement of Hg isotope ratios in organisms can be a valuable monitoring 

tool for deciphering MMHg sources and biogeochemical processes in aquatic ecosystems. 

In Chapter 5 we explored the sources and biogeochemical processes of MMHg in Douglas 

Lake and adjacent forest food webs located at the University of Michigan Biological Station 

(Pellston, Michigan, USA), and assessed the importance of Hg transfers across ecosystem 

boundaries. We characterized the Hg isotopic compositions of basal resources (sediment, soil, 

leaf litter), and estimated the isotopic compositions representing IHg and MMHg by measuring 

aquatic and forest organisms with varying % MMHg values (macroinvertebrates, birds, bats, and 

fish). We found that MMHg produced in situ and that has undergone photochemical degradation 

is the dominant source to both the aquatic and forest food webs. In addition to MMHg, the 

measurement of Hg isotope ratios in organisms with low % MMHg allowed us to differentiate 

between the IHg associated with the basal resources and the IHg that has bioaccumulated in the 

food web. By comparing the isotopic compositions estimated for IHg, we found that the aquatic 

and forest food webs share a similar IHg source originated from terrestrial soil and that IHg 

deposited via watershed runoff provides an important Hg transfer pathway between the forest 

and aquatic ecosystems.  
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CHAPTER 2  

 

Absence of fractionation of mercury isotopes during trophic transfer of methylmercury to 

freshwater fish in captivity 

 

Abstract 

We performed two controlled experiments to determine the amount of mass-dependent and 

mass-independent fractionation (MDF and MIF) of methylmercury (MeHg) during trophic 

transfer into fish. In Experiment 1, juvenile yellow perch (Perca flavescens) were raised in 

captivity on commercial food pellets and then their diet was either maintained on un-amended 

food pellets (0.1 µg/g MeHg), or was switched to food pellets with 1.0 µg/g or 4.0 µg/g of added 

MeHg, for a period of 2 months. The difference in δ202Hg (MDF) and ∆199Hg (MIF) between fish 

tissues and food pellets with added MeHg were within the analytical uncertainty (δ202Hg; 

0.07 ‰, ∆199Hg; 0.06 ‰) indicating no isotope fractionation. In Experiment 2, lake trout 

(Salvelinus namaycush) were raised in captivity on food pellets, and then shifted to a diet of 

bloater (Coregonus hoyi) for 6 months. The δ202Hg and ∆199Hg of the lake trout equaled the 

isotopic composition of the bloater after 6 months, reflecting re-equilibration of the Hg isotopic 

composition of the fish to new food sources and a lack of isotope fractionation during trophic 

transfer. We suggest that the stable Hg isotope ratios in fish can be used to trace environmental 

sources of Hg in aquatic ecosystems. 

 

2.1. Introduction 

Mercury (Hg) is a globally distributed toxic metal that bioaccumulates in aquatic organisms. 

Aquatic ecosystems provide favorable methylation conditions and this can lead to elevated levels 

of methylmercury (MeHg) in fish through biomagnification (1). This ultimately poses serious 

health threats to humans and wildlife that depend on fish for their diet (2). There has been a 

growing scientific effort to develop various means of identifying the environmental sources and 
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exposure pathways of Hg in aquatic ecosystems. For instance, previous studies have indirectly 

identified Hg sources in aquatic food webs by coupling Hg concentrations in fish with potential 

sources (3). Other studies have examined various ecological factors that promote 

bioaccumulation of Hg (4). Ecological tracers such as stable carbon and nitrogen isotopes have 

been used in conjunction with Hg concentration measurements to allow comparisons of Hg 

concentrations in aquatic organisms with their feeding ecology (5). The potential application of 

small fish as biosentinels of Hg contamination has been somewhat limited by the lack of ability 

to capture the complex processes involved in the bioaccumulation of Hg. Techniques that can 

illuminate Hg sources and exposure pathways and offer a more direct link between Hg sources 

and potential receptors are clearly needed.  

Application of the variation in natural abundance of stable Hg isotopes has expanded rapidly 

in recent years (6), with studies that now include atmospheric Hg cycling (7), point source 

identification (8), human exposure (9), and determination of Hg sources to aquatic ecosystems 

(10-13). The distinct Hg isotope ratios produced by fractionation and mixing through 

environmental processes provide insight into Hg sources and transformation pathways. Kinetic 

Hg isotope fractionation is a process where the different stable isotopes of Hg react at different 

rates in chemical reactions resulting in measurable differences in the Hg isotopic composition 

between reactants and products. This difference in the isotope ratios can become a proxy for 

tracing the sources of Hg. Depending on the reaction pathways, Hg isotope fractionation can 

occur as mass-dependent fractionation (MDF), similarly to common light-isotope fractionation, 

or by mass-independent fractionation (MIF), via the nuclear volume and magnetic isotope effects 

(14, 15). Differences in MDF are reported as δ202Hg, which is the difference in the 202Hg/198Hg 

ratio of a sample compared to the NIST-3133 standard in units of permil (‰). Differences in 

MIF are reported as Δ199Hg and Δ201Hg, which are the differences in the 199Hg/198Hg and 
201Hg/198Hg ratios in ‰ from those predicted from the δ202Hg value based on MDF (6).  

Recently, Hg isotopes have been applied to aquatic ecosystems to establish links between 

sources and receptors of Hg. Gehrke et al.(11) demonstrated that δ202Hg values in fish correlated 

strongly with δ202Hg values in intertidal sediments collected at a series of sites in the San 

Francisco Estuary (USA), with a nearly constant isotopic difference of 0.6 ‰. Unfortunately, the 

utility of using the MDF signature in fish as a tracer of the isotopic composition of a particular 
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anthropogenic source of Hg is limited by a lack of understanding of Hg isotope fractionation 

between reservoirs within sediments and during trophic transfer to fish.  

High positive Δ199Hg values have been observed in fish (10, 12, 13, 16-19) and this has led 

to two contrasting explanations for the origin of MIF in fish. Bergquist and Blum (16) 

documented large magnitude MIF (>0.5‰ change in Δ199Hg) during photochemical reduction of 

inorganic Hg (HgI) and photodemethylation of MeHg in aqueous medium, but not in dark abiotic 

control experiments. They suggested that MIF occurs in the odd-mass number isotopes (199Hg 

and 201Hg) via photochemical reactions and used the Δ199Hg values in fish collected from 

multiple lakes to estimate the extent of photodegradation of MeHg that took place prior to uptake 

by organisms at the base of the food web. Several subsequent studies have adopted this approach 

to estimate the extent of ecosystem-scale MeHg photodegradation and have assumed that Δ199Hg 

values are not modified by trophic transfer to fish (10, 12, 16, 20). In contrast, Jackson et al. (19) 

and Das et al. (17) found a significant positive relationship between Δ199Hg and the trophic level 

(based on δ15N) along various freshwater food chains. Based on these observations, Das et al. 

(17) suggested that MIF of Hg isotopes occurs, at least in part, in vivo by internal metabolic 

processes within fish. The interpretation of Δ199Hg signatures in aquatic ecosystems is thus 

dependent on whether or not MIF of Hg isotopes occurs in vivo, and controlled experimental 

studies are needed to determine whether Δ199Hg values are changed by fractionation during 

trophic transfer to fish. 

In the study reported here, we performed two sets of experiments to compare Hg isotopic 

compositions and concentrations in tissues of two freshwater fish species at different levels of 

MeHg exposure to test whether Hg isotopes are fractionated during trophic transfer to fish. In 

Experiment 1, we raised juvenile yellow perch (Perca flavescens) for three months on regular 

food pellets and then switched some of them for 2 months to a diet of food pellets amended with 

MeHg. The food pellets were spiked with varying concentrations of MeHg to allow 

determination of the isotope fractionation of MeHg. We chose to use juvenile yellow perch for 

Experiment 1 because it is an ideal biosentinel organism for studying Hg bioaccumulation in 

freshwater food webs due to its ubiquitous distribution in freshwater bodies (21). Their 

omnivorous feeding behavior is also advantageous for raising them in a controlled environment. 

In a second experiment designed to mimic natural trophic transfer processes of Hg (Experiment 

2), we raised lake trout (Salvelinus namaycush), a top predator in many freshwater food webs, on 
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food pellets for 47 months until they reached an adult phase. We then switched their food for 6 

months to bloater (Coregonus hoyi), which is their natural prey. The degree of fractionation was 

determined by comparing the Hg isotope values of the food fed to the fish with the Hg isotope 

values of the fish tissues.  

 

2.2. Materials and methods 

2.2.1. Experimental Design  

2.2.1.1. Experiment 1: Yellow perch feeding experiments 

Three-month-old yellow perch were raised at the Great lakes WATER Institute at the 

University of Wisconsin-Milwaukee during the summer of 2010. Twenty-four individuals were 

randomly selected to determine the average initial body length (47.6 ± 5.4 mm) and body weight 

(2.01 ± 0.62 g). In August, 2010, the fish were transferred into tanks that were maintained by a 

flow-through system at 8-10°C and in which water was filtered to remove suspended residues. 

They were divided into three different treatments (20 individuals in each tank and 4 replicate 

tanks for each level, totaling 240 fish) and fed with commercial food pellets (Zeigler Finfish 

Starter Diet, 2 mm) composed mainly of marine by-catch products, poultry by-products, 

hydrolyzed feather meal, fish oil, wheat, soy flour, and brewers dried yeast. The food pellets 

were manipulated to three different MeHg concentrations. To vary MeHg concentration in the 

food pellets, two batches of food pellets were soaked in synthetic MeHg solutions for two days at 

1.0 µg/g and 5.0 µg/g (nominal concentrations) and then evaporated to dryness. Synthetic MeHg 

solution was prepared by diluting solid methylmercury (II) chloride (Sigma-Aldrich) in 100% 

ethanol. We achieved three different total-Hg (THg) concentration levels (actual concentrations): 

0.076 µg/g dry wt. (background without added MeHg), 1.0 µg/g and 4.0 µg/g (pellets with added 

MeHg) and these are referred to as 0.1, 1.0 and 4.0 µg/g treatments hereafter. All food pellets 

were kept at minus 80°C prior to use. 

Across all treatments, fish were fed twice a day with approximately 6% of their body weight 

in food pellets, for a total period of two months. Yellow perch that were fed with 0.1, 1.0 and 4.0 

µg/g food pellets are referred to as YP-P0, YP-P1 and YP-P4 respectively. All fish achieved 

similar body length and weight after the experiment (average length= 76.8 ± 8.6 mm, average 

weight= 8.97 ± 2.69 g, n= 240), regardless of the MeHg levels in the food pellets. The fish were 

dissected to different organs, frozen and shipped to the University of Michigan, where 
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subsamples of fish muscle and liver tissues were taken for THg concentration and stable Hg 

isotope analysis. We took either one or two fish from each of the 12 tanks for muscle tissues (n= 

18) and pooled four to seven liver samples to achieve 2 liver analyses for each treatment (n= 6). 

The food pellets were analyzed in triplicate for each treatment level (n= 9).   

 

2.2.1.2. Experiment 2: Lake trout feeding experiments 

Lake trout were raised in the U.S. Fish and Wildlife Service Sullivan Creek National Fish 

Hatchery (Brimley, MI). Fish were fed with commercial fish food (Nelson Silver Cup extruded 

sinking feed), composed mainly of fish meal, soybean meal, blood meal, wheat flour, fish oil, 

hydrolyzed feather meal, and poultry by-products, for 47 months until they reached an average 

body mass of 570 g. A single individual was sacrificed and dissected for muscle tissue at this 

time (referred to as LT-P). Both the food pellets and the LT-P muscle tissues were sub-sampled 

to achieve 3 separate samples for analysis (LT-P, n= 3; pellets, n= 3). A total of 133 lake trout 

were sent to the U.S. Geological Survey Great Lakes Science Center (Ann Arbor, MI) in 

February 2010, distributed to 8 different tanks and switched to a diet of bloater. Tanks were 

maintained by a flow-through system at 8-10°C and water was filtered to remove suspended 

residues. The bloater fed to the lake trout were obtained from Lake Michigan in September 2009 

and May 2010 and referred to as bloater-1 and bloater-2, respectively. The bloaters were caught 

at two different time periods because there was not enough of bloater-1 to complete the feeding 

experiment. The bloater diet was prepared by homogenizing whole fish in a stainless steel 

grinder and storing at minus 30°C prior to use. Bloater-1 and bloater-2 represent a composite of 

3 and 6 bloaters respectively. Each bloater composite sample was analyzed twice for THg 

concentrations and isotopic composition (bloater-1, n= 2; bloater-2, n= 2). 

We chose three tanks to analyze for THg concentrations and isotopic composition of the lake 

trout after 2 months (n= 3) and 6 months (n =3) of feeding with bloater. Lake trout were fed with 

bloater-1 for 2 months until they reached an average body mass of 694, 890 and 817 g in each 

tank (referred to as LT-B(2M)). From each tank, a total of 4 lake trout were sacrificed and 

homogenized as a composite sample. After an additional 3-months of feeding with bloater-1, the 

lake trout were switched to a diet of bloater-2 and fed for an additional 1-month period until they 

reached an average body mass of 1242, 1518 and 1566 g in each tank. The remaining 10 fish 

were sacrificed and homogenized as a composite sample representing 10 individuals from each 
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tank (referred to as LT-B(6M)). Additional information on feeding procedures can be found in 

Madenjian et al.(22). Individual fish were not analyzed after switching the food source, and the 

homogenized composite samples removed some of the possible effects of heterogeneity between 

individuals. 

 

2.2.2. Mercury concentration analysis 

All tissue and food pellet samples were analyzed for THg concentrations at the University of 

Michigan. The tissue samples were freeze-dried prior to analysis and concentrations are reported 

based on dry weight. Briefly, the samples were combusted at 800°C and THg was quantified 

using a Nippon Instruments MA-2000 AAS Hg analyzer. Calibration was obtained by a standard 

solution of NIST SRM 3133 and was checked between every three samples; the values were 

always within 5% of certified values. Two standard reference materials, ERM CE 464 (average 

measured THg = 4.71 µg/g, n=8) and NRCC DORM-2 (4.16 µg/g, n=7), were combusted along 

with samples, and always agreed within 10% of certified values.  

MeHg concentrations were analyzed for the 0.1 µg/g food pellets from Experiment 1, as well 

as for the bloater-1 and bloater-2 and lake trout from Experiment 2, at the U. S. Geological 

Survey Mercury Research Lab in Middleton, Wisconsin, following the method described in 

Hammerschmidt and Fitzgerald (23). Briefly, samples were digested in Teflon digestion tubes 

with dilute nitric acid (5M HNO3) at 60ºC for 8 hours. 4.5M KOH and sodium tetraethylboarate 

(NaTEB) were added to form methylethylmercury (MeEtHg). Argon (Ar) gas was used to strip 

the MeEtHg from the liquid phase, and transferred into Tenex traps. MeEtHg was then desorbed 

back into the sample stream and different Hg species were separated using a gas chromatography 

column. MeHg and Hg2+ were converted to Hg0 and analyzed using a CVAFS detector. The 

detection limit was monitored on a daily basis and was 2 ng/g. 

 

2.2.3. Mercury isotope analysis 

Sample combustion and transfer - A two-stage combustion system was employed to thermally 

release and isolate Hg from fish tissue and fish food samples (11). Briefly, a pre-fired ceramic 

boat was loaded with sample powder, covered with sodium carbonate and aluminum oxide and 

placed in a dual-stage quartz tube furnace. The combustion compartment was heated in a step-

wise fashion to 750°C over a 6 hour period. Mercury-free oxygen was fed to carry released Hg0 
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from samples through the down-stream 1000°C decomposition compartment, and all Hg0 was 

subsequently oxidized in a “trap solution” of 1% KMnO4 in 10% H2SO4. To fully separate Hg 

from other combustion products, the sample trap solutions were partially neutralized by the 

addition of hydroxylamine, and then Hg2+ was reduced to Hg0 by addition of SnCl2. Hg0 was 

purged into another 1% KMnO4 trap solution using Ar gas, resulting in a matrix-free solution 

adequate for mass spectrometry analysis. 

  

Recovery of Hg through combustion and transfer – Since the δ202Hg value of Hg in samples can 

be affected by incomplete recovery of Hg through the combustion and transfer processes, we 

monitored the THg concentrations in trap solutions after both combustion and transfer steps. 

THg recoveries were calculated using standard reference materials, ERM CE 464 (n= 9) and 

NRCC DORM-2 (n= 2) and ranged between 96 and 103% and between 93 to 99%, respectively. 

Procedural blanks contained negligible amounts of THg (average = 0.017 ng/g, n=5) when 

compared to sample concentration for isotopic measurements (i.e. 1-5 ng/g).  

 

MC-ICP-MS analysis - Stable Hg isotope ratios were measured using a Nu Instruments multi-

collector inductively coupled plasma mass spectrometer (MC-ICP-MS). Neutralized trap 

solutions (after the final purge and trap step) were diluted with the same matrix to achieve THg 

concentrations between 1 and 5 ng/g. Hg2+ in solution was reduced by SnCl2, and evolved Hg0 

was separated from the solution using a frosted glass tip phase separator and introduced to the 

MC-ICP-MS. On-peak zero corrections were applied, and instrumental mass bias was corrected 

using an internal Tl standard (NIST SRM 997) and sample-standard (NIST SRM 3133) 

bracketing at uniform THg concentrations and matrix composition6. The bracketing standard was 

diluted using the same matrix and matched to the THg concentration of the samples within 5 %. 

MDF is reported as δ202Hg in permil (‰) referenced to NIST SRM 3133 and calculated as: 

 

δ202Hg= {[(202Hg/198Hg)sample/ (202Hg/198Hg)NIST3133]-1}*1000.            (1) 

 

MIF represents the difference between the measured δxxxHg value and the value predicted based 

on MDF and the δ202Hg value16. MIF is thus reported as Δ199Hg and Δ201Hg in permil (‰). MIF 

is calculated as below based on an approximation valid for δ <10‰:  
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∆199Hg= δ199Hg - (δ202Hg * 0.252)      (2) 

∆201Hg = δ201Hg - (δ202Hg * 0.752)      (3) 

 

We use Δ199Hg as the default value to report MIF. 

 

Analytical uncertainty of isotopic analysis - Analytical uncertainty at 2 s.d. was estimated as the 

larger of replicate measurements of the in-house standard (UM-Almáden) or of replicate analyses 

of procedural standards. UM-Almáden (n=81) had mean values (±2 s.d.) of δ202Hg=  

-0.57±0.06 ‰, ∆201Hg= -0.03±0.04 ‰, and ∆199Hg= -0.02±0.05 ‰. Standard reference material 

ERM CE 464 (freeze dried fish powder) was combusted, processed and analyzed in the same 

manner as samples (n=9) and its mean values were δ202Hg= 0.69±0.07 ‰, ∆201Hg= 

1.97±0.03 ‰, and ∆199Hg= 2.39±0.06 ‰.  

 

2.3. Results and Discussion 

2.3.1. Hg Concentrations and Bioaccumulation Factors in Fish 

The THg concentrations in the muscle and liver tissues of the yellow perch (Experiment 1) 

increased with increasing MeHg concentration in the three different food pellet treatments after 

two months of feeding. This is consistent with other studies that have documented a positive 

relationship between the Hg concentrations in commercial food pellets and Hg concentrations in 

the muscle and liver tissues of other fish species (24). The MeHg concentration analysis showed 

that the 0.1 μg/g food pellets were composed of 78% MeHg. The level of HgI in the 0.1 μg/g 

food pellets was used to calculate the % MeHg in the 1.0 µg/g and 4.0 µg/g pellets, which were 

94% and 99% respectively. The average THg concentrations in the muscle tissues were 

0.210±0.01 (n= 6, 1 s.d), 2.54±0.33 (n= 6), and 13.3±0.90 μg/g (n= 6) and in the liver tissues 

were 0.022±0.003 (n=2), 0.34±0.03 (n= 2), and 3.77±0.43 μg/g (n= 2) in YP-P0, YP-P1 and YP-

P4, respectively (Supporting information Table S1).  

The THg concentrations in the lake trout (Experiment 2) increased when their diet was 

switched to bloater, which had much higher THg concentrations than the food pellets. The 

average THg concentrations of the food pellets were 0.0267±0.001 µg/g (n= 3, 1 s.d) and the 

bloater-1 and bloater-2 were 0.312±0.001 (n= 2) and 0.463±0.006 µg/g (n= 2) respectively. The 
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LT-P, LT-B(2M) and LT-B(6M) had THg of 0.111±0.004 (n= 3), 0.138±0.02 (n= 3) and 

0.316±0.02 µg/g (n= 3), respectively (Supporting information Table S2). The % MeHg in the 

LT-B(2M) and LT-B(6M) were 83% and 89% and the % MeHg in the bloater-1 and bloater-2 

were 85% and 87%. 

We calculated the bioaccumulation factors (BAFs) to determine the extent of Hg 

bioaccumulation at different levels of Hg exposure. In this study, the BAFs in Experiment 1 were 

calculated as the THg concentration in fish muscle divided by the average THg concentration in 

food pellets. Muscle tissues concentrations are often used for this purpose, as muscle is the major 

site of MeHg accumulation (25). The BAFs were 2.8±0.2 (1 s.d), 2.7±0.3, and 3.1±0.2, for the 

0.1, 1.0, and 4.0 μg/g treatments, respectively. The THg concentration of these small fish, which 

added over 400% body mass in the 2-month feeding period, appear to have risen to new Hg 

concentrations in equilibrium with their new diets and thus yielded constant BAF values across a 

>50-fold range in concentrations. 

The BAF of LT-P in Experiment 2 was calculated as the THg concentration in muscle 

divided by the THg concentration in food pellets, and the LT-B(2M) and LT-B(6M) were 

calculated based on the THg concentration in whole fish divided by the THg concentration in the 

whole fish bloater diet. Due to the two batches of bloater that were used as food during the 

course of the experiment, we took the weighted average of the THg concentration of the bloater-

1 (88%) and bloater-2 (12%) to calculate the BAF for the LT-B(6M) (bloater 1 and 2= 0.330 

μg/g). The BAFs calculated for Experiment 2 are 4.1±0.2 (1 s.d), 0.44±0.1 and 0.96±0.1 for the 

food pellets (before the change to a bloater diet) and bloater diet after 2 and 6 months, 

respectively. Previous studies have reported BAFs of 3 to 5 between food and whole-body fish 

tissue concentrations of THg (3, 26). The lower BAF values after 2 and 6 months on the bloater 

diet indicate that for these adult fish (which added only 39% and 100% body mass) THg 

concentrations had presumably not yet risen to values in equilibrium with their new diet.  

 

2.3.2. Hg Isotopic Compositions in the Food  

The food pellets with added synthetic MeHg used in Experiment 1 had much lower δ202Hg 

and ∆199Hg values than the food pellets without added MeHg (Fig 1; Fig 2; Supporting 

information Table S1). The isotopic composition of the un-amended food pellets reflects 

background Hg from marine by-catch products, poultry by-products and other materials from 
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which they are composed. The isotopic composition of the food pellets with added MeHg 

reflects the synthetically prepared MeHg, which is derived from industrial sources of Hg and 

therefore has a ∆199Hg value near zero (27). The synthetic MeHg showed similar δ202Hg as 

cinnabar (HgS) (28-30) and metallic Hg (e.g., Almaden standard) (16) from various sources. The 

Hg isotopic composition of the 0.1 µg/g and 4.0 µg/g food pellets are considered the “natural” 

pellet Hg and synthetic MeHg respectively, and as expected the isotopic composition of 1.0 µg/g 

food pellets fall on a mixing line between these end members (Fig 1).  

In Experiment 2, the food pellets and the new diet (i.e., bloater) were also markedly different 

in Hg isotopic composition, but in this case they were higher in δ202Hg and ∆199Hg compared to 

Experiment 1 (Fig 3; Supporting information Table S2). The bloater had a high proportion of 

MeHg and also naturally higher values of δ202Hg and ∆199Hg (without the use of synthetic 

MeHg). This allowed a comparison of possible isotopic fractionation during trophic transfer of 

naturally occurring MeHg, compared to the synthetic MeHg in Experiment 1. Significantly 

positive ∆199Hg values in the food pellets from both experiments suggest that Hg in the food may 

have originated from marine by-catch products, because of the similarity in measured isotopic 

compositions in various marine fish (11, 13). The even higher ∆199Hg values in the bloater used 

in Experiment 2 were consistent with their origin as lake fish (9, 10, 12, 16) (Supporting 

information Table S2). Moreover, the Δ199Hg/Δ201Hg ratio observed in the 0.1 µg/g food pellets 

(1.21±0.03, 1 s.d.), and the bloater (1.27±0.02, 1 s.d.) are consistent with the ratios previously 

reported for fish (~1.20) (11-13, 16, 20). 

 

2.3.3. Hg Isotopic Variation during Bioaccumulation and Trophic Transfer 

After two months of feeding on the new food sources, and after an average body mass 

increase of over 400%, both δ202Hg and ∆199Hg in the muscle and liver tissues of yellow perch 

(Experiment 1) generally matched the respective food pellets used within each treatment (Fig. 1; 

Fig 2). The Hg isotopic compositions of the muscle tissues were indistinguishable from the liver 

tissues in each treatment despite considerable differences in the Hg concentrations. This 

indicates that Hg isotope fractionation does not occur under these conditions during the internal 

distribution of Hg between these tissues. To examine whether there were significant isotopic 

shifts in either δ202Hg or ∆199Hg during bioaccumulation and trophic transfer, we calculated the 

differences in measured δ202Hg and ∆199Hg between fish and their food (fish minus food) and 
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found no difference in δ202Hg or ∆199Hg for either of the MeHg amended pellet treatments 

(Supporting information Fig S1A, B). This indicates that the Hg isotopic composition is directly 

transferred to the fish without isotope fractionation. In contrast, small isotopic differences in both 

δ202Hg and ∆199Hg (≤0.2‰) were observed between the un-amended 0.1 µg/g food pellets and 

the muscle and liver tissues of YP-P0 (Supporting information Fig S1A, B). It is important to 

clarify that the small differences in the isotopic composition of Hg between the fish and 0.1 µg/g 

food pellets are not the result of isotope fractionation that occurred during chemical reactions. 

Instead, we attribute this to the preferential uptake of MeHg in the muscle and liver tissues of 

YP-P0 compared to HgI, leading to a small Hg isotopic shift upon bioaccumulation (discussed 

below in further detail). 

In the lake trout study (Experiment 2), in which the food pellets and the bloater had 

contrasting Hg isotopic compositions, we observed considerable, but incomplete, turnover of the 

Hg isotopic compositions in the LT-B(2M) 2 months after switching the diet to the bloater (and 

following an average weight increase of only 39%) (Fig 3). Lake trout from two of the three 

tanks sampled at 2 months (LT-B(2M)) fall on a mixing line, as expected, between the Hg 

isotopic values of the food pellets and the bloater. We do not have a clear explanation for why a 

third LT-B(2M) sample does not fall on this line, but we speculate that it is due to heterogeneity 

of the bloater food source. For lake trout fed bloater for 6 months (LT-B(6M)) (with an average 

weight increase of 100%) complete isotopic equilibration to the value of the bloater-2 food 

source appears to have occurred. This also corresponded with the increase in the THg 

concentrations in LT-B(6M) compared to LT-B(2M), indicating further accumulation and 

incorporation of Hg into the lake trout tissues.  

To summarize the experimental results, we find no evidence for MDF or MIF during trophic 

transfer of Hg. In Experiment 1, when the proportion of MeHg to THg and the concentrations in 

the food pellets was high (1.0 µg/g and 4.0 µg/g treatments), there was no detectable difference 

in δ202Hg or ∆199Hg between the food pellets and yellow perch muscle or liver tissue. Similarly, 

in Experiment 2, Hg was transferred from the bloater food source to the lake trout, and the 

δ202Hg and ∆199Hg of the LT-B(6M) shifted to the value of the bloater after 6 months. In the 

experiment where yellow perch (Experiment 1) were fed with food pellets with low MeHg 

concentration and a significant proportion of HgI (22%), the fish were observed to have δ202Hg 

and ∆199Hg values that were slightly offset from the food pellets. We suggest that the fraction of 
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HgI in the un-amended food pellets had a contrasting Hg isotopic composition compared to the 

MeHg, which seems reasonable given the widely contrasting materials (see above) that are used 

to make the food pellets and the observation that HgI and MeHg can have contrasting isotopic 

composition in individual tissues (31). More efficient accumulation of MeHg, compared to HgI, 

in the fish could then account for the small discrepancy between the Hg isotopic composition of 

the un-amended pellets and the fish raised on them. 

Das et al.(17) previously reported a significant increase in ∆199Hg with trophic level 

(inferred from δ15N) and argued that in vivo processes in fish could cause MIF. It has, however, 

been suggested on theoretical grounds that internal metabolic processes are unlikely to cause the 

observed MIF of Hg isotopes (32). The suggestion of in vivo MIF is not supported by our 

experiments, which demonstrate that MeHg, whether synthetically prepared or natural, is 

transferred without fractionation. The absence of isotope fractionation of MeHg observed in both 

juvenile (yellow perch) and adult (4-year old lake trout) fish and following different time periods 

after dietary changes (2 months vs 6 months) suggests that differences in age, growth rate, and 

Hg turnover explored in our experiments do not lead to significant isotope fractionation of 

MeHg. It is unclear, without additional studies, whether other metabolic processes or 

physiological states of fish could influence the isotope fractionation of MeHg in the wild. 

Nevertheless, our controlled experiments suggest that differing isotopic compositions between 

MeHg and HgI in aquatic organisms are most likely responsible for the differences in δ202Hg and 

∆199Hg that have been observed during bioaccumulation and trophic transfer in some studies. 

Much higher bioaccumulation of MeHg compared to HgI has been well documented in a number 

of studies that have exposed fish to both Hg species through their diet (33-35). 

In contrast to Das et al.(17), some studies have failed to observe any relationship between 

Hg isotope values and trophic levels in fish (10, 13). Instead, in those studies, the variations of 

MIF in fish were explained by the extent of photochemical demethylation of MeHg in the natural 

environment prior to uptake into the aquatic food web. If we assume that both HgI and MeHg are 

present in water and are equally exposed to light in the water column, we would expect HgI to 

impart a lesser degree of MIF compared to MeHg. The experimental study by Bergquist and 

Blum (16) documented larger MIF of MeHg compared to HgI despite a similar rate of 

photoreduction. With bioaccumulation of two Hg species, HgI with lower δ202Hg and ∆199Hg 

values and MeHg with higher δ202Hg and ∆199Hg values, by low trophic level organisms such as 
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phytoplankton (36) and subsequent trophic transfer of predominantly MeHg, the pattern of 

increasing δ202Hg and ∆199Hg values with trophic position in aquatic food webs could be 

generated. As a side note we point out that the lack of Hg isotope fractionation during trophic 

transfer into fish does not imply that fractionation does not occur in other types of organisms. In 

fact, a recent study by Laffont et al.(9) noted an average enrichment of δ202Hg by 2‰ in human 

hair compared to food sources (but no change in ∆199Hg) and suggested that in vivo processes in 

humans may cause MDF during transfer into hair. 

 

2.3.4. Application of Hg Isotopes in Aquatic Ecosystems 

The lack of isotope fractionation of Hg (both MDF and MIF) during trophic transfer into 

fish that we observe in this study suggests that the application of Hg isotope measurements can 

provide direct linkages between Hg sources and Hg in fish tissues. In the study by Gehrke et 

al.(11), it was recognized that the use of young fish as biosentinels to detect spatial patterns of 

Hg sources was limited by a lack of understanding of Hg isotope fractionation between sediment 

and algae and during trophic transfer to fish. It was suggested that the observed constant offset of 

0.6 ‰ in δ202Hg between the sediment and fish was the result of the combined effect of chemical 

transformations in sediment and trophic transfer. Based on our findings, we now suggest that the 

offset of 0.6 ‰ is not due to trophic transfer into fish and is instead the result of other processes. 

Our demonstration of a lack of Hg isotope fractionation upon trophic transfer focuses our 

attention towards understanding fractionation during processes that occur within sediments.  

The rate at which the Hg isotopic composition re-equilibrated to the value of new food 

sources in our experiments yields insight into the timescale of Hg exposure recorded by the Hg 

isotopic composition of fish. The age-0 juvenile yellow perch in Experiment 1 and the mature 

age-4 lake trout in Experiment 2 reflected their new food sources after 2 and 6 months, 

respectively. After only 2 months however, the lake trout retained an isotopic signal of a mixture 

of their old and new food sources. In the case of input of new Hg sources to the environment, we 

expect that it would take longer than 2 months for older fish, depending on size and growth rate, 

to fully reflect the Hg isotopic composition of new Hg sources. 

A number of studies have reported spatial patterns of ∆199Hg values both within and across 

aquatic systems (10-13). Ganter et al.(10) observed varying ∆199Hg values in Arctic char 

depending on the latitude of the Canadian lakes in which the fish were sampled. Moreover, their 
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results exhibited species-specific variation in ∆199Hg values such that zooplankton occupying the 

water column had higher ∆199Hg values compared to benthic invertebrates. The interpretation of 

∆199Hg values was previously hindered by uncertainties concerning the effect of potential 

biological fractionation versus fractionation by photochemical degradation of MeHg. Our 

experimental study clearly suggests that biological MIF is unimportant, and we can now more 

confidently estimate the proportion of MeHg lost through photodegradation (10-13). Given the 

potentially diverse dietary sources, feeding behaviors and mobility of fish in natural ecosystems, 

there are clear limitations to using stable Hg isotopes in fish as tracers of Hg sources. We 

anticipate, however, that as we learn more about Hg isotope fractionation during specific 

processes in the environment, the application of δ202Hg and ∆199Hg in aquatic ecosystems will 

develop into a strong tracer of Hg sources in aquatic ecosystems. 
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Figure 2.1 Plot of mean δ202Hg and ∆199Hg values from Experiment 1. The shaded line 
represents the mixing between 0.1 μg/g and 4.0 μg/g treatment pellets. Analytical uncertainly is 
indicated by the error bar (2 s.d.). Error bars on symbols are 1 s.d. of the mean of 3 food pellets, 
2 liver tissues and 6 muscle tissues in each treatment. Dashed boxes show area of Figure 2.2A 
and 2.2B. 
 

 

 

 

 

 

 

 

Figure 2.2 Plot of individual δ202Hg and ∆199Hg values from Experiment 1. (A) represents the 
0.1 µg/g treatment and (B) represents the 1.0 and the 4.0 µg/g treatment. Each figure 
corresponds to the dashed boxes shown in Figure 1. Analytical uncertainty is indicated by the 
error bar (2 s.d.). 
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Figure 2.3 Plot of δ202Hg and ∆199Hg values from Experiment 2. The shaded line represents the 
mixing between the food pellets and bloater food source. Analytical uncertainty is indicated by 
the error bar (2 s.d). 
 

2.4. Supporting Information 

Supporting figures (Fig 2.S1A, B) and tables (Table 2.S1, S2). This material is available free of 

charge via the Internet at http://pubs.acs.org. 

Figure 2.S1 δ202Hg (A) and ∆199Hg (B) differences between the mean food pellet and the mean 
yellow perch tissues (fish minus food). Open symbols represent the difference between the food 
pellet and the muscle tissues, and the shaded symbols are the difference between the food pellet 
and the liver tissues of YP-P0 (squares), YP-P1 (triangles), and YP-P4 (circles). Error bars on 
symbols are 1 s.d of the mean of 3 liver tissues and 6 muscle tissues in each treatment. Analytical 
uncertainty is indicated by the dash line (2 s.d). 
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Table 2.S1 THg concentrations (µg/g), and Hg isotopic compositions (‰) of the food pellet (P), 
muscle (M) and liver tissues (L) of YP-P0, YP-P1, and YP-P4 after 2-month feeding. 

  THg 
(µg/g) n δ202Hg 

(‰) 2sd  δ199Hg 
(‰) 2sd ∆201Hg 

(‰) 2sd ∆199Hg 
(‰) 2sd 

0.1 
µg/g P 0.0746 2 0.20 0.08 1.45 0.10 1.18 0.04 1.40 0.08 

  0.0760 1 0.25  1.46  1.13  1.40  
  0.0763 1 0.15  1.42  1.14  1.38  
 M 0.218 2 0.42 0.12 1.69 0.14 1.29 0.10 1.58  
  0.206 2 0.33 0.06 1.60 0.06 1.26 0.04 1.51 0.10 
  0.189 1 0.31  1.62  1.32  1.54 0.04 
  0.213 2 0.40 0.06 1.67 0.02 1.30 0.02 1.57  
  0.206 2 0.34 0.12 1.62 0.18 1.32 0.08 1.53 0.04 
  0.228 2 0.32 0.08 1.63 0.00 1.30 0.02 1.55  
 L 0.0200 1 0.44  1.75  1.50  1.64  
  0.0243 1 0.40  1.58  1.29  1.48  

1.0 
µg/g P 0.893 2 -0.63 0.04 -0.01 0.02 0.09 0.04 0.15 0.02 

  0.920 2 -0.59 0.08 0.02 0.10 0.11 0.02 0.16 0.08 
  1.041 2 -0.59 0.06 -0.04 0.04 0.06 0.04 0.11 0.02 
 M 2.318 2 -0.72 0.02 -0.04 0.10 0.12 0.04 0.14 0.08 
  2.037 2 -0.73 0.04 0.06 0.02 0.17 0.06 0.25 0.00 
  2.573 2 -0.61 0.14 0.03 0.08 0.13 0.16 0.18 0.06 
  2.876 2 -0.69 0.14 -0.04 0.02 0.13 0.02 0.14 0.02 
  2.574 2 -0.61 0.12 -0.01 0.04 0.15 0.02 0.14 0.00 
  2.882 2 -0.71 0.06 -0.03 0.10 0.09 0.16 0.15 0.08 
 L 0.357 1 -0.55  0.03  0.10  0.17  
  0.313 1 -0.63  -0.02  0.13  0.14  

4.0 
µg/g P 4.10 2 -0.73 0.00 -0.13 0.02 0.03 0.08 0.06 0.02 

  4.20 2 -0.76 0.06 -0.15 0.06 0.01 0.10 0.04 0.08 
  4.18 2 -0.61 0.00 -0.12 0.02 -0.01 0.02 0.03 0.00 
 M 12.3 2 -0.71 0.12 -0.12 0.04 0.01 0.02 0.06 0.02 
  13.4 2 -0.76 0.18 -0.15 0.12 0.05 0.06 0.04 0.08 
  13.0 2 -0.78 0.10 -0.15 0.06 0.07 0.16 0.05 0.04 
  12.9 2 -0.80 0.02 -0.13 0.06 0.04 0.04 0.07 0.06 
  15.0 2 -0.65 0.08 -0.09 0.12 0.00 0.10 0.07 0.10 
  13.6 2 -0.80 0.22 -0.17 0.16 0.04 0.02 0.03 0.10 
 L 3.46 2 -0.70 0.12 -0.18 0.06 -0.02 0.02 0.00 0.08 
  4.08 2 -0.70 0.08 -0.13 0.00 0.04 0.04 0.04 0.02 
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Table 2.S2 THg concentrations (µg/g), Hg isotopic compositions (‰) of the food pellet (P), LT-
P, bloater-1 (B1), bloater-2 (B2), LT-B(2M) and LT-B(6M). 

 THg 
(µg/g) n δ202Hg 

(‰) 2sd δ199Hg 
(‰) 2sd ∆201Hg 

(‰) 2sd ∆199Hg 
(‰) 2sd 

P 0.0261 2 0.05 0.16 0.80 0.18 0.57 0.12 0.79 0.14 
 0.0280 2 -0.09 0.02 1.31 0.30 1.04 0.06 1.33 0.32 
 0.0261 2 -0.13 0.44 1.10 0.14 0.84 0.28 1.14 0.02 

LT-P 0.106 1 0.07  1.08  0.67  1.07  
 0.112 2 0.00 0.02 1.12 0.02 0.78 0.16 1.11 0.00 
 0.114 2 0.06 0.12 1.07 0.16 0.93 0.30 1.05 0.12 

B1 0.311 2 1.43 0.04 5.53 0.02 4.04 0.02 5.17 0.00 
 0.312 2 1.33 0.08 5.47 0.06 3.99 0.00 5.14 0.06 

B2 0.467 2 1.50 0.00 5.79 0.04 4.22 0.18 5.41 0.04 
 0.459 2 1.53 0.06 5.81 0.02 4.11 0.08 5.25 0.02 

LT-
B(2M) 0.166 1 1.53  4.84  3.53  4.46  

 0.119 1 1.00  3.92  2.85  3.67  
 0.128 1 1.16  4.32  3.19  4.03  

LT-
B(6M) 0.297 2 1.55 0.08 5.64 0.20 4.09 0.02 5.25 0.08 

 0.321 2 1.51 0.06 5.63 0.04 4.11 0.08 5.25 0.02 
 0.329 2 1.58 0.12 5.68 0.04 4.12 0.06 5.28 0.00 
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CHAPTER 3  

 

Application of mercury isotopes for tracing trophic transfer and internal distribution of 

mercury in marine fish feeding experiments 

 

Abstract 

We performed feeding experiments to investigate mercury (Hg) isotope fractionation 

during trophic transfer and internal distribution of total Hg (THg) in marine fish upon exposure 

to natural seafood. Young-of-the-year amberjack (Seriola dumerili) were fed with either blackfin 

tuna (Thunnus atlanticus) (2647 ng/g THg) or brown shrimp (Farfantepenaeus aztecus) (25.1 

ng/g THg) for 80 and 50-days, respectively, and dissected for muscle, liver, kidney, brain, and 

blood. After 30 days of consuming tuna, Hg isotopes (δ202Hg and ∆199Hg) of the amberjack 

organs shifted to the tuna value (δ202Hg= 0.55 ‰, ∆199Hg= 1.54 ‰,), demonstrating the absence 

of Hg isotope fractionation. When amberjack were fed a shrimp diet, there was initial mixing of 

the amberjack organs toward the shrimp value (δ202Hg= -0.48 ‰, ∆199Hg= 0.32 ‰), followed by 

a cessation in further shifts in ∆199Hg and a small shift in δ202Hg. We attribute the failure of 

∆199Hg to reach the value of the shrimp diet to a reduction in Hg bioaccumulation from shrimp 

due to feeding inhibition, and the δ202Hg shift to a small internal fractionation during excretion. 

Given that the feeding rate and Hg concentration of the diet can influence internal Hg isotope 

distribution, these parameters need to be considered in biosentinel fish studies.  

 

3.1. Introduction 

Monomethylmercury (MMHg) in aquatic environments is a major health concern due to its 

persistence, bioaccumulation and toxicity (1). Fish consumption is the most important pathway 

for human exposure to MMHg (1) and it is estimated that over 75% of the global fisheries 

product originates from marine environments (2). Despite the health risks posed to humans 
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consuming fish, there are still many unanswered questions about the sources, 

bioaccumulationand transport of MMHg to natural marine food webs as well as the internal 

processing of dietary Hg by marine organisms. Linking the bioaccumulated Hg in marine food 

webs to sources of Hg in the environment is a considerable challenge, in part, due to the complex 

biogeochemistry of Hg in the ocean. Mercury isotopic analyses of fish tissues are increasingly 

being used to infer sources of Hg to aquatic food webs and to provide evidence of 

biogeochemical pathways of Hg in aquatic systems (3-6). Lack of controlled experiments 

characterizing trophic transfer to marine food webs limits the interpretation of Hg isotopes in 

natural environments. In this study we performed feeding experiments to investigate Hg isotope 

fractionation during trophic transfer and internal distribution of total Hg (THg) in marine fish 

upon exposure to diets composed of naturally accumulated Hg from two distinct marine 

environments (estuarine and offshore). 

Stable Hg isotopes can vary in the environment due to fractionation during reactions and by 

mixing of isotopically distinct reservoirs. Hg isotopes undergo two different types of 

fractionation. In mass-dependent fractionation (MDF), the degree of fractionation depends on the 

relative mass of the isotopes and is similar to other light stable isotope systems (such as nitrogen 

and carbon). Differences in MDF are reported as δ202Hg in units of permil (‰) (7). Some of the 

environmental processes known to cause MDF include biotic methylation (8), demethylation (9), 

and photochemical reactions (10). Mass-independent fractionation (MIF) is thought to occur via 

the magnetic isotope effect (MIE) (11) and to a lesser extent the nuclear volume effect (NVE) 

(12) primarily in odd-mass number Hg isotopes. MIF is the deviation in isotope ratios from the 

theoretical prediction for MDF and is reported as Δ199Hg and Δ201Hg (‰) (7). Large magnitude 

MIF (>0.5‰) has only been documented during photochemical reduction and degradation of 

inorganic Hg (IHg) and MMHg (10, 13). Because Δ199Hg and Δ201Hg have been shown to be 

directly proportional to the degree of photochemical demethylation, they have been used to 

estimate the extent of MMHg photodegradation in many natural ecosystems (3-5, 14). The ratio 

of ∆199Hg/∆201Hg may also be used to distinguish the degree of photochemical reduction and 

degradation of either IHg (∆199Hg/∆201Hg = 1.00) or MMHg (∆199Hg/∆201Hg = 1.36) (10). MIF 

of even-mass isotopes has also recently been reported in some atmospheric samples, but the 

mechanism producing this effect is not yet well understood (15, 16). 
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The fact that the odd-mass number Hg isotopes fractionate primarily via photochemical 

reactions makes then very useful as a tracer for monitoring MMHg during trophic transfer and 

bioaccumulation. A recent experimental study documented an absence of δ202Hg and Δ199Hg 

fractionation of MMHg during trophic transfer to juvenile freshwater fish (17). Other ecosystem 

level studies have also observed similar Δ199Hg between closely linked prey and predators (e.g., 

pelagic sculpin and seal) and have suggested that Δ199Hg is unlikely to fractionate via internal 

metabolic processes (18). Terrestrial plants such as lichens, rice and aspen tree foliage have also 

demonstrated an absence of Δ199Hg fractionation during internal metabolic processes (19-21). 

Aside from the potential utilization of Δ199Hg as a tracer, the influence of metabolic processes 

and the physiological state of fish on the fractionation of δ202Hg needs to be further explored.  

In this study, marine fish of the species Seriola dumerili, (common name greater amberjack, 

AJ) were exposed to diets of Thunnus atlanticus (common name blackfin tuna) and 

Farfantepenaeus aztecus (common name brown shrimp) in captivity. Amberjack are a marine 

reef-associated fish that are common in the northern Gulf of Mexico. They are known for their 

rapid growth rate and adaptability in captivity. At an early life stage they are often found in 

association with Sargassum patches where they feed on shrimp, small crabs and other small 

fishes. As they grow, they become aggressive predators and feed primarily on fishes (such as 

scad and blue runner) and invertebrates (22). Due to the difference in their trophic levels and 

feeding habitat, using tuna and shrimp as food sources allowed us to compare the effects on AJ 

of consuming high and low Hg food sources from the Gulf of Mexico. We monitored the rate of 

isotopic adjustment of various organs in the AJ to a changing diet and determined whether 

isotopic fractionation occurred between organs due to internal metabolic processes. 

 

3.2. Material and methods 

3.2.1. Experimental design 

Young-of-the-year amberjacks (AJ) were caught in surface waters using sabike rig fishing 

lures and were fished around Sargassum weedlines formed in offshore waters of the Gulf of 

Mexico, located approximately 20 miles north of the Brutus Oil Rig (27’ 47.4286’’ N, 90’ 

38.5115’’ W) and 165 miles southwest of New Orleans. The juvenile AJ were reared in a 

recirculating seawater system at the Louisiana University Marine Consortium marine center 

(LUMCON) from June to August of 2011. The tanks were maintained at temperatures of 22 to 
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30°C, pH of 8.0 to 8.8, and salinity of 23 to 30 ng/L throughout the experimental period. AJ were 

divided into two treatment tanks, each containing 25 individuals, and fed with either blackfin 

tuna (hereafter referred to as tuna) or brown shrimp (hereafter referred to as shrimp) to apparent 

satiation for a total of a 50- or 80-day period, respectively. The tuna were also caught near the 

Brutus Oil platform but at much greater depths (~1000 m) compared to AJ. The shrimp were 

caught in the bayous of Terrebonne Parish, LA (29’ 22.9968’’ N, 90’ 75.3281’’ W), located two 

miles to the west of LUMCON. The tuna and shrimp diets were prepared by removing the skin 

and exoskeleton respectively, and cutting only the muscle tissues into small pieces and freezing 

them for later use.  

Three to five AJ were sacrificed at different time periods during the course of the feeding 

experiment (Table 1). On the day that AJ were first caught, five fish were randomly selected as a 

wild control (referred to as day 0). Three to five AJ were sacrificed each at day 10, 30, and 50 

after consuming the tuna diet (referred to as AJ(T)). AJ that were fed with the shrimp diet 

(referred to as AJ(S)) were sacrificed at day 10, 30, 50, and 80. 

Fish were measured for total length and wet weight prior to dissection and the extraction of 

muscle, liver, brain, kidney and blood at each time period. The dissection was performed by 

anesthetizing the fish with 1.5mL of a clove oil solution (10:1 ethanol to clove oil) diluted in 1 

gallon of seawater. The caudal fin was removed to drain the blood into acid washed glass vials. 

Muscle, liver, brain and kidney were dissected using a stainless steel scalpel and scissors. For 

convenience, all components dissected in this study (muscle, liver, brain, kidney, and blood) will 

be referred to as “organs”. All the tools were thoroughly wiped with a paper wipe and cleaned 

with distilled water and alcohol between samples to avoid contamination. Each organ was placed 

in a pre-weighed plastic bag or acid washed glass vial to obtain wet weights. The organs were 

then frozen at -20 °C, freeze-dried, and further homogenized with mortar and pestle for Hg 

concentration and stable Hg isotope analyses at the University of Michigan (see below). All THg 

concentrations are reported based on dry weight except for blood.  

 

3.2.2. Total mercury concentration analysis 

Organs from individual fish generally did not contain enough Hg for isotopic analysis and, 

therefore, composite samples were made from the organs of the three to five individuals 

sacrificed at each time period. For muscle samples, both individual and composite samples were 
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analyzed since there was enough Hg in muscle to run individual fish. The THg concentrations 

were determined by Atomic Absorption Spectroscopy (AAS) following combustion at 800oC 

using a Nippon Instruments MA-2000 Hg analyzer. Standard solutions of NIST SRM 3133 were 

used to obtain calibration curves and for quality assurance and quality control. The values of 

replicate analyses were always within 5%. Three standard reference materials, ERM CE 464 

(average measured THg= 4232 µg/g, n=8) NRCC DOLT-2 (2193 µg/g, n=3) and NRCC DORM-

3 (362 µg/g, n=8) were also analyzed along with the samples and agreed within 10% of certified 

values.  

 

3.2.3. Methylmercury analysis 

MMHg concentrations were analyzed for the shrimp and tuna diet as well as the muscle, 

liver, kidney and brain of AJ(S) at day 0 and 80 either at Wayne State University or the 

Metropolitan Council Environmental Services, St. Paul, Minnesota, using an aqueous distillation 

method (23). Briefly, the samples were digested with 4.6M nitric acid (HNO3) at 60°C for 12hr 

and distilled at 140°C in Teflon distillation vessels. Distillates were added to 4.5M potassium 

hydroxide (KOH) and sodium tetraethylborate (NaTEB) for aqueous-phase derivitization and 

collection of Hg on Tenax traps. After the separation of Hg species using a gas chromatography 

column, MMHg and IHg were converted to Hg0 and analyzed using Cold-Vapor Atomic 

Fluorescence Spectroscopy (CVAFS). Reagent blanks and standard reference material NRCC 

TORT-2 were included between samples for quality assurance. The reagent blanks showed no 

detectable MMHg and the recoveries of TORT-2 ranged between 91-107% (n= 8). The 

proportion of THg that occurs as MMHg is reported as %MMHg. 

 

3.2.4. Mercury isotope analysis 

Samples were weighed and loaded into ceramic boats with alternating layers of sodium 

carbonate and aluminum oxide powders that were baked out in a muffle furnace at 750°C 

overnight before use to assure low Hg blanks. The powders stabilize the combustion products 

and assure retention in the first stage of the furnace. The ceramic boats were loaded into an 

offline two-stage combustion furnace system. In the first combustion compartment, the samples 

were heated to 750°C over a 6-hour period to release all Hg (as Hg0). Mercury-free oxygen was 

used to transport Hg0 to the second combustion compartment maintained at 1000°C and 
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subsequently to an oxidizing “trap solution” of 1% KMnO4 in 10% trace metal grade H2SO4, 

which was purged with Hg-free argon gas for 4 hours before use. To remove potential matrix 

components from samples, the trap solutions containing the oxidized Hg2+ were neutralized using 

hydroxylamine, reduced back to Hg0 by addition of SnCl2 and purged into another trap solution.   

The procedural blanks were prepared by combusting only the combustion powders (without 

the sample) in a ceramic boat, transferring to a clean trap solution and measuring for THg before 

and after the transfer steps. The blanks had an average of 0.3±0.1 ng THg (n= 6). Measuring the 

THg concentrations of the trap solutions after both the combustion and transfer steps also 

allowed monitoring of the recoveries of THg during the combustion and transfer processes. The 

standard reference materials ERM CE 464 (n= 5) and NRCC DOLT-2 (n= 3) were also 

combusted and transferred in the same manner as the samples to monitor the recoveries of THg. 

The recoveries of the combustion and transfer steps of the samples and standard reference 

materials ranged between 97 and 106% and between 96 to 106%, respectively.  

A Nu Instruments multi-collector inductively coupled plasma mass spectrometer (MC-ICP-

MS) was used to measure Hg isotope ratios at the University of Michigan. The trap solutions 

were neutralized using hydroxylamine and diluted to between 1 and 5 ng/g, using the same 

neutralized trap solution matrix, to match the THg concentration of the sample to the standards.  

Hg was introduced to the MC-ICP-MS as Hg0 by reducing Hg2+ to Hg0 with SnCl2, and 

separating Hg0 from solution using a frosted glass tip phase separator. On-peak zero corrections 

were applied. Instrumental mass bias was corrected using an internal Tl standard (NIST SRM 

997) and by bracketing each sample with NIST SRM 3133 matched to sample THg 

concentrations and matrix composition. MDF is reported as δ202Hg in permil (‰) referenced to 

NIST SRM 3133: 

 

δ202Hg= {[(202Hg/198Hg)sample/ (202Hg/198Hg)NIST3133]-1}*1000.             (1) 

 

MIF represents the difference between the measured δxxxHg value and the value predicted 

based on MDF and the δ202Hg value. MIF is reported as Δ199Hg and Δ201Hg in permil (‰). The 

calculation is based on an approximation valid for δ <10‰ [7]:  

 

∆199Hg= δ199Hg - (δ202Hg * 0.252)       (2) 
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∆201Hg = δ201Hg - (δ202Hg * 0.752)       (3) 

 

Analytical uncertainty at 2 s.d. was estimated based on either replicate analysis of a standard 

solution (UM-Almáden) or on replicate analyses of procedural standards. In this study, we used 

ERM CE 464 to report analytical uncertainty since it had a larger uncertainty. UM-Almáden (n= 

40) had mean values (±2 s.d.) of δ202Hg= -0.57±0.10 ‰, ∆201Hg= -0.03±0.06 ‰, and ∆199Hg=  

-0.02±0.06 ‰. Standard reference material ERM CE 464 (n=5) had mean values of δ202Hg= 

0.65±0.10 ‰, ∆201Hg= 1.93±0.08 ‰, and ∆199Hg= 2.34±0.10 ‰; and DOLT-2 (n=3) had mean 

values of δ202Hg= -0.52±0.04 ‰, ∆201Hg= 0.59±0.06 ‰, and ∆199Hg= 0.70±0.08 ‰. 

 

3.3. Results 

AJ(T) and AJ(S) demonstrated a considerable variation in total body mass and fork length 

within each time period (Table 1). The total body mass and the fork length of AJ at day 0 varied 

by 2.6 and 1.4 fold, respectively, and the variation persisted to a similar extent over the course of 

the experiment. The experiment was not designed to monitor the changes in body mass and 

length over time. Instead, AJ with a variety of sizes were selected randomly for the 

determination of the internal Hg isotope distribution. Though the variability is too large to 

accurately estimate the growth rate, the fact that the composite and individual samples show 

similar THg concentrations and Hg isotope behaviors suggests that fish size does not 

significantly affect the internal distribution of Hg isotopes (see results below). 

 

3.3.1. Total mercury concentrations in Amberjack 

The average THg concentrations in the tuna and shrimp diets were 2647±66 ng/g (n= 3, 1 

s.d) and 25.1±3.3 ng/g (n= 3, 1 s.d), respectively; similar to values reported in other studies from 

the Gulf of Mexico (5, 24). Prior to the consumption of these diets (day 0), the AJ muscle, liver, 

kidney, brain and blood had THg concentrations of 75.1, 44.7, 49.9, 12.0 and 1.70 ng/g 

respectively. The individual sample of AJ muscle had THg concentration of 75.3 ng/g, which 

was similar to the composite sample. With consumption of either the tuna or shrimp diets in 

captivity, the THg concentration of AJ(T) and AJ(S) organs increased rapidly with time (Figure 

1). To assess the extent of Hg bioaccumulation in each organ of AJ(T) and AJ(S) at different 

time periods, we calculated the bioaccumulation factor (BAF) (the ratio of THg concentration in 
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each organ to the THg concentration in the diet—tuna or shrimp) (Table 2). The AJ(T) and AJ(S) 

muscle demonstrated the highest BAF at day 10. After day 10, the highest BAF was observed in 

the kidney and the lowest BAF in the blood of AJ(T) and AJ(S). At the end of the experimental 

period (day 50 and 80, respectively), the THg concentrations in AJ(T) were ranked by decreasing 

order: kidney (4400 ng/g) > brain (3682 ng/g) > muscle (3201 ng/g composite, 3299 ng/g 

individual) >liver (2331 ng/g) >blood (277 ng/g) and THg concentrations in AJ(S) were ranked 

by decreasing order: kidney (235 ng/g) > muscle (215 ng/g composite, 187 ng/g individual) > 

liver (139 ng/g) > brain (63.7 ng/g) > blood (12.6 ng/g) (Figure 1). The THg concentrations in 

the AJ(S) liver, brain and blood decreased by 5%, 16%, and 22%, respectively, between day 50 

and 80 (Figure 1). This was accompanied by a reduction of BAFs for the AJ(S) liver, brain and 

blood (Table 2). 

 

3.3.2. Hg isotopic compositions in the diets 

The δ202Hg and ∆199Hg values of Hg in the tuna were significantly higher compared to the 

shrimp diet (Figure 2a, 3a). The average isotopic composition of the tuna diet was δ202Hg= 

0.55±0.05 ‰ and ∆199Hg= 1.54±0.01 ‰ (n=3, 1 s.d) and the shrimp diet was δ202Hg=  

-0.48±0.05 ‰ and ∆199Hg= 0.32±0.05 ‰ (n=3, 1 s.d). In the tuna virtually all of the THg was 

MMHg (>99%) and in the shrimp 80% of the THg was MMHg. 

 

3.3.3. Hg isotopic compositions in Amberjack 

The AJ muscle, liver and blood at day 0 displayed a range of δ202Hg values from 0.38 to 

0.59 ‰ and a range of ∆199Hg values from 1.63 to 3.26 ‰. The brain and kidney could not be 

measured for Hg isotopes at day 0 due to the small amount of material. At day 0 the liver, brain, 

and kidney contained 41%, 47% and 39% of THg as MMHg (% MMHg), respectively. The 

muscle had >99% of THg as MMHg. We plotted percent of THg as MMHg (% MMHg) against 

∆199Hg for the AJ muscle, blood and liver to test whether the ratio of % MMHg to THg 

explained the observed ∆199Hg variation in the AJ organs (Figure 4). The % MMHg in blood was 

estimated using values from the literature, which report approximately 90% of THg as MMHg in 

the blood of marine fish (25, 26). The % MMHg and ∆199Hg of the AJ muscle, blood and liver 

demonstrated a strong correlation (r2= 0.96). Although our estimate of the isotopic composition 

of IHg is based only on a simple linear extrapolation, it is likely that MMHg and IHg have 
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different Hg isotopic compositions and the extent of MMHg bioaccumulation in the various 

organs of the AJ explains the variation of ∆199Hg at the start of the experiment. 

 

3.3.4. Tuna treatment 

Because of the difference in the Hg isotopic composition of AJ organs at day 0, and the 

different rate of Hg isotope re-equilibration of the organs to the new food source, two mixing 

lines were plotted: 1) between the tuna diet and the AJ muscle, and 2) between the tuna diet and 

the AJ blood at day 0 (Figure 2). The mixing lines are described by the equation XXXHgmixture= 
XXXHgtuna ftuna + XXXHgorgan0 forgan0, where XXXHg represents either δ202Hg or ∆199Hg, and f 

represents the fraction of THg concentration in either the tuna or the organs of AJ(T) at day 0. 

After 10 days of consuming the tuna diet, the isotopic compositions of AJ(T) composite samples 

of muscle, liver, kidney, brain, and blood shifted to values close to the tuna value. The isotopic 

composition of Hg in a single AJ(T) individual’s muscle did not shift appreciably after 10 days 

(Figure 2). By day 30, the isotopic compositions of Hg in all organs including another 

individual’s muscle had became nearly equal to the isotopic composition of the tuna diet. Only 

minor changes were observed in both δ202Hg and ∆199Hg of the AJ(T) organs (within the 

analytical uncertainty) at day 50.  

 

3.3.5. Shrimp treatment 

For AJ fed a shrimp diet, two mixing lines were plotted: 1) between the shrimp diet and the 

AJ muscle, and 2) between the shrimp diet and the AJ liver at day 0 (Figure 3). After consuming 

the shrimp diet for a 10-day period, the isotopic composition of Hg in the AJ liver, kidney and 

blood shifted towards the isotopic composition of the shrimp diet. After a 30-day period, we 

observed a cessation in the changes of ∆199Hg and a small shift of δ202Hg (+0.35 ‰) away from 

the mixing line for the liver, kidney and blood; they did not reach the isotopic composition of the 

shrimp diet. The brain of AJ(S), which did not have enough material to be analyzed for day 0 and 

10, displayed an isotopic compositions similar to other organs after 30 days. From day 50 and to 

the end of the experimental period, the AJ organs showed only minor changes with time in 

δ202Hg and ∆199Hg (within the analytical uncertainty). The AJ(S) muscle (composite and 

individual) demonstrated a delayed response compared to other organs throughout the 

experimental period, and the isotopic composition of AJ(S) muscle did not shift away from the 
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mixing line until after day 50. At the end of the 80-day period, the liver and kidney contained 

38%, and 22%, respectively, of their THg as MMHg. The muscle and brain contained entirely 

MMHg (>99%). 

 

3.3.6. Photochemical degradation of Hg in the Gulf of Mexico  

The experimentally determined ∆199Hg/∆201Hg ratio has been used to distinguish the extent 

of photochemical reduction of Hg(II) (∆199Hg/∆201Hg= 1.00±0.01) or photochemical degradation 

of MMHg (∆199Hg/∆201Hg= 1.34±0.04) [10]. We calculated the ∆199Hg/∆201Hg in AJ at day 0 

prior to the consumption of either shrimp or tuna diet, and AJ(S) and AJ(T) after the feeding 

experiments. The ∆199Hg/∆201Hg in AJ at day 0, AJ(S) and AJ(T) were 1.24±0.04 (1 sd), 

1.28±0.11 and 1.23±0.02, respectively. Values for the AJ in this study are lower than the 

experimental MMHg degradation value determined in freshwater experiments using riverine 

dissolved organic carbon by Bergquist and Blum [10] but consistent with other marine fish 

(including fish from the Gulf of Mexico) reported previously (∆199Hg/∆201Hg of ~1.2) [3,5]. We 

suggest that the MIF observed in the fish tissues is due to photochemical degradation of MMHg 

prior to entry into the Gulf of Mexico marine food web. 

 

3.4. Discussion 

3.4.1. Hg isotopic compositions of the diets and of Amberjack before feeding 

The tuna collected from the offshore region display significantly higher δ202Hg and ∆199Hg 

compared to the shrimp collected from the coastal region of the Gulf of Mexico. This suggests 

that the tuna and the shrimp obtain Hg from different sources, or that the Hg to which they are 

exposed has been fractionated by different biogeochemical processes. Previous studies that have 

reported spatial patterns of δ202Hg and ∆199Hg in fish and sediments suggested that Hg isotopes 

can be used to distinguish different Hg sources (3, 5, 27). Senn et al (5), in particular, found 

higher δ202Hg and ∆199Hg in offshore fish species compared to coastal fish species in the Gulf of 

Mexico and attributed this to the uptake of MMHg (by offshore food webs) that was subjected to 

a higher degree of photochemical degradation than MMHg taken up by coastal food webs. In 

fact, the isotopic compositions of Hg associated with coastal fishes (δ202Hg= -0.54±0.32 ‰ and 

∆199Hg= 0.53±0.11 ‰) and offshore species such as the blackfin tuna (δ202Hg= 0.41±0.18 ‰ and 
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∆199Hg= 1.75±0.48 ‰) and juvenile yellowfin tuna (δ202Hg= 0.54±0.15 ‰ and ∆199Hg= 

2.39±0.30 ‰) in the Gulf of Mexico (5) are in excellent agreement with the isotopic composition 

of the shrimp and tuna diets used in our study. 

Within the offshore region where both AJ and tuna were collected, the tuna and the AJ 

organs at day 0 demonstrated a similar range of δ202Hg but considerably different ∆199Hg, with 

tuna displaying lower ∆199Hg compared to the average ∆199Hg of the AJ organs (muscle, liver, 

blood). Recent studies have shown increasing ∆199Hg in organisms occupying decreasing water 

column depth in both lakes (14) and marine environments (28). Sherman and Blum (6) also 

observed a relationship between secchi depth (a measure of light penetration) and ∆199Hg values 

among multiple lakes in Florida such that the fish inhabiting lakes with greater light penetration 

displayed higher ∆199Hg values. Given that juvenile AJ were caught in the surface waters and 

adult tuna at much greater depths, the differences in the feeding depth and thus the degree of 

photochemical demethylation in the water column may explain the within habitat variation of 

∆199Hg among AJ and tuna. The similar range of δ202Hg in the tuna and the AJ organs is 

consistent with the offshore region of the Gulf of Mexico receiving the same source of Hg prior 

to being subjected to photochemical degradation in different parts of the water column.  

Variability was observed in ∆199Hg among the AJ organs at day 0 (Figure 4). One 

explanation for this could be changes in the ∆199Hg of food sources prior to capture of AJ, 

coupled with differences in the residence time of Hg in different organs. However, a strong 

correlation between % MMHg and ∆199Hg of the AJ organs suggests that a difference in ∆199Hg 

between MMHg and IHg in food sources (17), and a varying extent of MMHg versus IHg 

bioaccumulation in different organs may also provide an explanation for the ∆199Hg variability in 

the specific organs of the AJ.  

 

3.4.2. Tuna treatment 

When AJ consumed the tuna diet, which had 35 times higher THg concentration compared 

to the initial AJ muscle and was composed mainly of MMHg, there was a dramatic shift in the 

Hg isotopic composition of the AJ(T) organs towards the tuna value within 10 days of the 

beginning of the feeding experiment. The isotopic composition of all AJ(T) organs nearly 

equaled the isotopic composition of the tuna diet within 30 days of consuming the tuna. A 
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previous study in which food pellets spiked with MMHg were fed to juvenile yellow perch, and 

bloater (86% MMHg) was fed to lake trout, also demonstrated direct transfer of the Hg isotopic 

composition of the food to fish (17) and attributed this to the rapid assimilation and trophic 

transfer of MMHg. Similarly, in this study, the uptake of a naturally high MMHg tuna diet, 

which led to the rapid increase in THg concentrations in the AJ(T) organs, appears to have 

caused rapid re-equilibration of the Hg isotopic composition of the internal organs to the new 

food source.  

It is interesting to note the similarity in the patterns of the Hg isotope distribution between 

organs that we observe, and previous studies from the literature. Pharmacokinetic studies have 

documented rapid transfer of MMHg to the visceral organs (liver, kidney, spleen, gill) via blood 

and a much slower turnover of Hg in the muscle (25, 29, 30), which is what we observed in our 

feeding experiments (Figure 2). A number of radiotracer studies that exposed both adult 

freshwater and saltwater fish to experimental diets spiked with MMHg suggested that it requires 

approximately ~30 days for MMHg to be detected in fish muscle (29, 30), which is consistent 

with our study. Thus, with the demonstrated efficient assimilation of high MMHg diets, we can 

expect to observe an absence of Hg isotope fractionation in major fish organs upon internal 

distribution and trophic transfer of a high-MMHg diet.  

 

3.4.3. Shrimp treatment 

Amberjack fed with shrimp, which had a THg concentration 105 times lower than the tuna 

food source, displayed substantially different patterns of internal distribution of Hg isotopes. 

During the first 10 days of the feeding experiment, increases in the THg concentrations of the 

AJ(S) organs were accompanied by mixing of the Hg isotopic compositions between the values 

of the AJ(S) organs and the shrimp diet, indicating that bioaccumulation of shrimp-Hg was 

taking place without isotope fractionation. After the 30-day period however, there was a 

cessation in further shifts in ∆199Hg toward the shrimp value and a small shift in δ202Hg by 

~0.35 ‰ in the AJ(S) organs away from the mixing line. We attribute the cessation of changes in 

∆199Hg to the reduction in the feeding rate of AJ(S), and the small shift of δ202Hg to a small 

internal fractionation of δ202Hg. 

As discussed in the previous section, ∆199Hg is the best indicator for monitoring the trophic 

transfer of MMHg and mixing of two isotopically distinct reservoirs of Hg, because internal 
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metabolic processes are unlikely to cause any fractionation of ∆199Hg (9, 17). The fact that 

∆199Hg of the AJ(S) organs ceased to mix with the shrimp diet and displayed only minor changes 

after the 30-day period suggest that the Hg associated with the shrimp was no longer effectively 

being transferred to the AJ(S). We suggest that this is most likely caused by the stress-related 

feeding inhibition behavior among AJ(S). After 30 days of the feeding experiment, AJ(S) began 

to refuse the shrimp diet and reached mortality close to the end of the experiment. Thus, given 

the low THg concentration in the shrimp diet and decrease in the feeding rate of AJ(S), the 

bioaccumulation of shrimp-Hg may have been too small to cause a measureable additional shift 

in the ∆199Hg of AJ(S) organs.  

It may be possible that with different isotopic compositions of IHg and MMHg, a shift in the 

differential uptake and excretion of these two Hg species could lead to the observed δ202Hg shift 

in the AJ(S) organs. However, in order for such a large shift to occur via the uptake or excretion 

of IHg the shrimp diet would need to contain a large proportion of THg as IHg, which is not 

what we observe. While we can assume that the isotopic composition of the AJ(S) muscle at day 

80 reflects the isotopic composition of bioaccumulated MMHg (> 99% THg as MMHg), this 

isotopic composition cannot be used to estimate the isotopic composition of IHg in the shrimp 

diet given the potential fractionation of δ202Hg during internal metabolism and uptake (8, 9). 

Kritee et al (9) observed a kinetic fractionation of δ202Hg, but not in ∆199Hg, during the microbial 

demethylation of MMHg such that the reactant (MMHg) became enriched in heavier δ202Hg 

compared to the product (IHg). A number of studies have shown evidence for microbial 

transformation of Hg species in the intestines of fish (31) and in aquatic sediments (32). Thus, 

one possible scenario is that there is microbial demethylation of MMHg in the AJ(S) intestines 

followed by preferential trophic transfer of the remaining (higher δ202Hg) MMHg to the internal 

organs of AJ(S), with excretion of the low δ202Hg IHg-product from the body. This somewhat 

speculative scenario will require testing with further experiments. 

With reduction in the feeding rate, it is possible that remobilization of fat and protein from 

liver and muscle tissues during starvation (33) may have facilitated the excretion of MMHg, 

leading to the small fractionation of δ202Hg in the AJ(S) organs. Though we do not have 

physiological evidence to support remobilization from the AJ(S) organs, decrease in the THg 

concentrations and BAFs in the liver, brain, and blood after day 50 indicate that the Hg 
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bioaccumulation began to slow and excretion may have been enhanced in AJ(S). In fact, the 

reduction in THg concentrations in the visceral organs followed by the redistribution of Hg to the 

storage organs (muscle and kidney) has been observed repeatedly in Hg elimination studies in 

fish (29, 34), which is consistent with what we observed in the AJ(S) organs with time. If this is 

the case, we expect that MMHg with lower δ202Hg, which is generally more reactive (9), would 

be preferentially excreted while the heavier Hg isotopes remain in the organs, thus leading to the 

enrichment of δ202Hg in the AJ(S) organs during the excretion. As a side note, Laffont et al  (35) 

reported an enrichment of δ202Hg by 2 ‰ in human hair compared to a dietary source of MMHg 

from fish, which implies that internal processes in mammals can in some instances lead to the 

fractionation of δ202Hg. 

In summary, it appears that the consumption of a low-Hg shrimp diet and changes in the 

physiological state allowed the detection of incomplete turnover and mixing of MMHg in the 

AJ(S) organs and a small internal fractionation of δ202Hg. This is in contrast to the experiments 

reported herein for a high-Hg tuna diet and for a previous study of freshwater fish (17), which 

reported an absence of δ202Hg and ∆199Hg fractionation during trophic transfer and the complete 

re-equilibration of the AJ(T) organs upon exposure to a high-MMHg diet. It is important to 

emphasize that the major differences between the experiments is the THg concentration in the 

diet and the feeding rate of the fish. Thus, our study suggests that while the active consumption 

of a high-MMHg diet results in rapid turnover in all organs of fish to the isotopic composition of 

a new food source through efficient MMHg assimilation, reduction in Hg bioaccumulation and 

feeding rate caused by changes in the physiological state of fish can lead to incomplete shift of 

Hg isotopes to a new food source.  

 

3.4.4. Application of Hg isotopes in natural marine systems 

The behavior of stable Hg isotopes during the trophic transfer and internal distribution of Hg 

in marine fish has been explored in this study. Previous studies using radiotracers offered 

quantitative estimates of the extent of trophic transfer and assimilation of dietary Hg in various 

species of fish (36, 37). The application of stable Hg isotopes provides unique insight into the 

sources of Hg to fish and the processes of trophic transfer of Hg in fish consuming natural diets. 

The ability to identify sources and monitor the process of Hg trophic transfer has the potential to 

aid in understanding of ecologically relevant Hg biogeochemical processes in natural marine 
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ecosystems. For instance, transport of coastal MMHg to the open ocean via bioadvection and 

horizontal trophic transfer has been suggested to play an important role in providing MMHg to 

open ocean food webs (38). However, distinguishing the relative importance of coastal versus 

offshore MMHg sources to marine food webs has been limited using previous techniques. Given 

that the Hg source can be monitored with stable Hg isotopes in fish tissues, we can now to 

distinguish the relative importance of Hg sources in marine food webs. 

The finding that the physiological state of fish and the THg concentration in their diet can 

influence the Hg isotopic equilibration of various organs and tissues indicates that these 

parameters need to be taken into consideration when using Hg isotopes in fish to identify sources 

and biogeochemical processes in natural marine systems. For instance, while species feeding at 

high trophic levels and consuming high-MMHg diets are expected to reflect the dominant 

MMHg source of their respective marine environment, the identification of Hg sources in species 

that do not actively ingest food during certain seasons or life cycles may be difficult due to the 

slow transition of ∆199Hg from a new diet and the potential fractionation of δ202Hg. Even if the 

fish depend exclusively on high-MMHg diets, the fact that various ecological factors such as fish 

size, trophic position, habitat and food sources can influence the THg concentrations in aquatic 

organisms (39, 40) indicate that prey-predator relationships need to be well constrained before 

selecting a biosentinel fish species to monitor Hg pollution. Moreover, the utilization of Hg 

isotopes may be more applicable to sites that are severely impacted by a single point source, as 

demonstrated in studies using Hg isotopes in sediments (27). More research is required to 

understand how internal processes such as demethylation and excretion lead to the small 

observed fractionation of δ202Hg. Nevertheless, we suggest that using stable Hg isotope 

techniques to trace Hg sources and trophic transfer in marine food webs has the potential to 

become a regular and important part of biomonitoring and ecological risk assessment.  
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Table 3.1 List of average organ mass (g, wet weight), total body mass (g, wet weight), and total fork length (mm) of AJ(S) and AJ(T) 
at different time periods. The numbers in parentheses represent the number of individual AJ in each treatment (n). 

 

 

 

 

 

 

 

 

 

Table 3.2 List of BAFs of AJ(S) and AJ(T) at different time periods. 

 Day 10 Day 30 Day 50 Day 80 
 Shrimp Tuna Shrimp Tuna Shrimp Tuna Shrimp 

Muscle 3.77 0.19 4.77 0.79 7.39 1.21 8.56 
Liver 2.49 0.18 4.02 1.00 5.84 0.88 5.52 

Kidney 3.21 0.16 5.26 1.14 8.49 1.66 9.38 
Brain 0.94 0.09 2.17 0.52 2.96 1.39 2.54 
Blood 0.18 0.003 0.44 0.08 0.64 0.10 0.50 
Whole 

fish NA NA 4.38 0.43 4.85 1.07 5.68 

 Day 0  Day 10 Day 30 Day 50 Day 80 
(5) Shrimp (5) Tuna (5) Shrimp (5) Tuna (5) Shrimp (3) Tuna (3) Shrimp (5) 

Liver 0.80±0.32 0.95±0.41 1.5±0.25 2.3±1.4 3.9±2.1 2.2±1.2 12±2.8 2.0±1.9 
Kidney 0.22±0.12 0.20±0.07 0.35±0.16 0.65±0.27 0.30±0.06 0.44±0.15 0.78±0.15 0.78±0.75 
Brain 0.43±0.13 0.32±0.20 0.44±0.12 0.42±0.11 0.40±0.12 0.48±0.11 0.56±0.17 0.47±0.39 
Blood 2.9±1.4 3.3±1.0 4.3±0.92 3.7±2.09 3.5±0.51 2.1±0.91 3.2±1.3 2.1±1.7 

Total mass 162±72 165±60 229±59 223±71 197±29 292±88 377±66 337±111 
      Fork length 22±3.3 21±2.7 24±2.8 23±2.0 22±2.4 30±2.7 30±1.7 27±2.7 
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Figure 3.1 Total Hg (THg) concentrations (ng/g, dry weight) of the organs of A) Amberjack fed 
a tuna diet and B) Amberjack fed a shrimp diet at different time periods. THg concentrations of 
the blood are reported in wet weight. 
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Figure 3.2 Plot of δ202Hg and ∆199Hg values of Amberjack fed a tuna diet at A) day 0, B) day 10, 
C) day 30, and D) day 50. The solid line represents the mixing line between the tuna diet and the 
AJ muscle at day 0 and the dotted line represents the mixing line between the tuna diet and the 
AJ blood at day 0. The grey arrows represent the shift in the Hg isotopic composition of each 
organ from the previous time period. Analytical uncertainty is indicated by the error bar (2 s.d). 
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Figure 3.3 Plot of δ202Hg and ∆199Hg values of Amberjack fed a shrimp diet at A) day 10, B) 
day 30, C) day 50, D) day 80, and E) day 80 with shrimp-IHg and shrimp-MMHg. The solid line 
represents the mixing line between the shrimp diet and the AJ muscle at day 0 and the dotted line 
represents the mixing line between the shrimp diet and the AJ liver at day 0. The grey arrows 
represent the shift in the Hg isotopic composition of each organ from the previous time period. 
Analytical uncertainty is indicated by the error bar (2 s.d). 
 

 
Figure 3.4 Plot of percent MMHg (% MMHg) and ∆199Hg of the Amberjack organs at day 0. 
The ∆199Hg of the inorganic Hg is extrapolated from the best-fit line of the muscle, liver, and 
blood of AJ.
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CHAPTER 4  

 

Mercury isotope study of sources and exposure pathways of methylmercury in estuarine 

food webs in the Northeastern U.S. 

 

Abstract 

We measured mercury (Hg) isotope ratios in sediments and various estuarine organisms 

(green crab, blue mussel, killifish, eider) to investigate methylmercury (MMHg) sources and 

exposure pathways in five Northeast coast (USA) estuaries. The mass independent Hg isotopic 

compositions (MIF; ∆199Hg) of the sediments were linearly correlated with the sediment 1/Hg 

concentrations (∆199Hg: r2=0.77, p<0.05), but the mass dependent isotope compositions (MDF; 

δ202Hg) were not (r2=0.26, p=0.16), reflecting inputs of anthropogenic Hg sources with varying 

δ202Hg. The estuarine organisms all display positive ∆199Hg values (0.21 to 0.98 ‰) indicating 

that MMHg is photo-degraded to varying degrees (5-12%) prior to entry into the food web. The 

δ202Hg and ∆199Hg values of most organisms can be explained by a mixture of MMHg and 

inorganic Hg from sediments. At one contaminated site mussels have anomalously high δ202Hg, 

indicating exposure to a second pool of MMHg compared to sediment, crabs and fish. Eiders 

have similar ∆199Hg as killifish but much higher δ202Hg, suggesting that there is an internal 

fractionation of δ202Hg in birds. Our study shows that Hg isotopes can be used to identify 

multiple anthropogenic inorganic Hg and MMHg sources and determine the degree of photo-

degradation of MMHg in estuarine food webs. 

 

4.1. Introduction 

Monomethylmercury (MMHg) is a toxic and bioaccumulative organometallic compound 

that poses serious health risks to both humans and wildlife (1). Humans are primarily exposed to 

MMHg via the consumption of marine fish and shellfish, with over 90% of marine fisheries 

products originating from estuarine and open ocean areas (2, 3). Many estuarine organisms 
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currently contain elevated MMHg levels, which can cause health problems in humans (4, 5), but 

there is considerable uncertainty concerning the relative importance of the sources and exposure 

pathways of MMHg to estuarine food webs. 

Sediments have long been suggested as the dominant MMHg source to estuarine food webs. 

Estuarine sediments act as an important sink for Hg, receiving Hg via atmospheric deposition 

(6), industrial runoff (7) and riverine input (8), and provide geochemical conditions that promote 

biotic methylation (9). Past studies have also reported strong linkages between total Hg (THg) 

concentrations in sediments and THg in estuarine forage fish in San Francisco Bay (10, 11). In 

contrast, Chen et al (12, 13) recently documented a strong positive association between pelagic 

forage fish (Fundulus heteroclittus and Menidia menidia) MMHg concentrations and water 

column particulate MMHg concentrations, but not with sediments, across multiple estuaries on 

the Northeast coast, USA. Based on this observation, the authors suggested that the MMHg 

accumulated into water column particulates may be a more dominant MMHg source to pelagic 

organisms than sediment MMHg. Monomethylmercury can enter the water column via diffusion, 

advection and resuspension from sediments (14). Inflowing fluvial and tidal waters have been 

suggested as important external MMHg sources to pelagic food webs in the Bay of Fundy (15) 

and the Hudson River estuary (16), with coastal sediments being a less important source. At 

Chesapeake Bay (17) and Long Island Sound (8), both sediments and external sources were 

found to be important MMHg sources to these systems. Given these diverse sources, tools that 

can differentiate MMHg sources and exposure pathways are expected to help highlight the most 

important biogeochemical processes affecting MMHg in estuarine food webs. 

Studies of the natural abundance of Hg isotopes have enhanced understanding of the sources 

and biogeochemical processing of Hg in natural environments. Mercury isotopes undergo mass-

dependent fractionation (MDF, reported as δ202Hg) and mass-independent fractionation (MIF, 

reported as Δ199Hg and Δ201Hg) (18). While MDF has been documented in various 

environmentally relevant reactions such as biotic methylation (19), demethylation (20), thiol-

ligand exchange (21) and photochemical reactions (22), MIF in natural systems is thought to 

occur primarily in odd-mass number isotopes via photochemical reduction and degradation of 

inorganic Hg (IHg) and MMHg. Recently, Δ199Hg has been applied as a biological and 

ecological tracer for understanding processes such as bioaccumulation and trophic transfer (23, 

24) as well as transfers of MMHg between ecosystems (25). The ratio of ∆199Hg/∆201Hg has also 
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become a valuable tool for distinguishing between photochemical reduction of IHg 

(∆199Hg/∆201Hg=1.00) and degradation of MMHg (∆199Hg/∆201Hg=1.2-1.4) (22). 

Mercury isotope ratios have recently been used to provide insight into the sources and 

exposure pathways of MMHg to diverse marine food webs (10, 24, 26, 27). Based on these 

studies, we can make predictions as to how Hg isotope ratios might be useful for understanding 

the sources and biogeochemical processing of MMHg in estuaries. For instance, high positive 

∆199Hg values have been documented in pelagic fish (> 1‰) compared to coastal fish (< 1‰), 

indicating that MMHg that has been subjected to extensive photochemical degradation in the 

open ocean water column is the dominant MMHg source to pelagic food webs (26, 27). In 

shallow coastal environments it has been suggested that MMHg produced in the sediment, that 

has undergone relatively little photochemical degradation, enters the base of the food web (27). 

In another relevant study, Gehrke et al (10) documented relatively low ∆199Hg values (< 1‰) in 

intertidal forage fish (i.e. topsmelt and silverside) that feed on epibenthic invertebrates across the 

San Francisco Bay Estuary. Fish δ202Hg values were found to be consistently higher by 0.6 ‰ 

compared to nearby sediments at multiple sites, which led to the conclusion that the fractionation 

imparted during production and degradation pathways of MMHg in the sediment or during 

trophic transfer was responsible for these δ202Hg offsets. Fish feeding experiments (23, 24), have 

now documented an absence of Hg isotope fractionation during trophic transfer of MMHg to 

fish, and therefore the isotopic offset is thought to provide insight into the biogeochemical 

pathways of MMHg prior to introduction to the food web. We also expect that the isotopic offset 

between fish and sediments may differ between sites that vary in Hg biogeochemical cycling, as 

well as between different feeding guilds among estuarine organisms. 

In this study, we investigated the sources and exposure pathways of MMHg in food webs 

from five estuaries located across the northeastern coast of the USA. Sediments and organisms 

from these sites have been previously studied for IHg and MMHg concentrations by Chen et al 

(12, 13). The Northeast coast of the USA is one of the most productive marine ecosystems in the 

world and supports valuable commercial and recreational fisheries. In the last century, this area 

has become severely impacted by an increase in population, industrial activity, and emission of 

anthropogenic pollutants including Hg (28). Here we characterize the Hg isotopic compositions 

of estuarine sediments across sites on the Northeast coast to identify Hg sources in these regions. 

The sources and exposure pathways of MMHg were evaluated across food webs consisting of 
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epibenthose (green crab; Carcinus maenas, killifish; Fundulus heteroclittus), filter feeders (blue 

mussel; Mytilus edulis, ribbed mussels; Geukensia demissa), and consumers (common eider; 

Somateria mollissima). We determined the Hg isotopic composition of the estuarine organisms 

and estimated the isotopic composition of MMHg to identify the dominant MMHg source and 

exposure pathway to the estuarine food webs. The MMHg isotopic compositions were compared 

across sites and between feeding guilds (i.e. groups of species that exploit the same resources) to 

assess potential spatial and ecological variability in MMHg sources. To our knowledge, this is 

the first attempt to use Hg isotope ratios to compare MMHg sources to varying marine feeding 

guilds across multiple ecosystems.  

 

4.2. Materials and Methods  

4.2.1. Site description 

We sampled five estuarine sites along the northeastern coast of the USA (Maine; ME, 

Massachusetts; MA, Rhode Island, RI; Connecticut, CT, New Jersey; NJ) in the summers of 

2008 and 2010 (Fig S1). All sites were adjacent to coastal marsh habitats except for Bold Point, 

RI (BOLD), which was located in an unvegetated area of the Providence River Estuary. The 

Webhannet Estuary in Wells, ME (WELLS) and Buzzards Bay, MA (BUZZ) are characterized 

by sandy beaches and are sparsely populated. Both sites receive primarily atmospherically 

deposited Hg from non-point sources and the inputs are relatively small compared to the other 

Northeast coast sites (29). BOLD is situated in urbanized Providence, RI, and receives some 

atmospheric point source Hg from local waste incinerators (10% of the total Hg budget) (29). 

BOLD is impacted by local wastewater treatment facilities (21% of Hg input) and industrially 

impacted rivers (69% of Hg input) (30). Barn Island, CT (BARN) is located in the southeastern 

tip of Connecticut and also receives Hg via local wastewater treatment facilities and industrially 

impacted rivers—the Connecticut River (59% of Hg input) and the East River (25% of Hg input) 

(8). Mill Creek, NJ (MILL) is impacted by the Hackensack River, which has been heavily 

contaminated by landfills, and a Hg recovery plant that discharged 30-400 tons of Hg including 

elemental Hg, mercuric oxide, and other forms of oxidized Hg by-products during its operation 

between 1929 and 1974 (31).  
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4.2.2. Sampling & analysis   

The estuarine sediments were measured for THg and MMHg concentrations at the 

University of Connecticut Department of Marine Sciences and were reported previously (13) 

(n=9). Four types of biota were analyzed for this study: green crabs (Carcinus maenas) (n=6), 

blue mussels (Mytilus edulis) (n=5) or ribbed mussels (Geukensia demissa) (n=2), killifish 

(Fundulus) (n=9), and eider (Somateria) (n=5) (referred to as crab, mussel, fish, and bird 

hereafter). The methods for sampling and processing of the sediments and aquatic biota are 

described in Chen et al (13). The aquatic biota were measured for stable nitrogen and carbon 

isotopic composition at the Stable Isotope Laboratory, Dartmouth College to characterize the 

trophic positions and feeding guilds. THg and MMHg analyses were conducted for most samples 

at the Trace Element Analysis Laboratory, Dartmouth College. These results were previously 

reported in Chen et al (13). Additional samples of mussels (n=4) and crabs (n=3) were measured 

for THg concentrations at the University of Michigan. These samples were freeze-dried prior to 

removing the shells, and homogenized in a zirconium grinding mill (Retsch, Mixer Mill MM 

301). The mussels and crabs were measured for THg using Atomic Absorption Spectroscopy 

(AAS) following combustion of samples at 800oC using a Nippon Instruments MA-2000 Hg 

analyzer. Standard reference material NIST-3133 was used to generate calibration curves and for 

quality control. Standard reference material TORT-3 (n=4) was analyzed as an external standard 

and agreed within 5% of certified values.  

Samples of bird blood were collected near WELLS and BUZZ between January and April 

2010 (Fig S1). The birds were captured using floating mist nets and the blood samples were 

collected by following the standard tissue collection protocol described in Evers et al (32). The 

blood samples were drawn non-lethally by venipuncture from either the cutaneous ulnar or tarsal 

vein using needles and syringes. The blood samples were stored in either clean heparinized 

capillary tubes or microtainers. The samples were sealed on both ends with Critocaps®, placed 

in 10 cc plastic vacutainers, and frozen at -25°C prior to the analyses for THg concentrations at 

the Wildlife Mercury Research Lab at the Biodiversity Research Institute, Maine, USA. The THg 

concentrations were determined using a direct Hg analyzer (DMA 80, Milestone Incorporated) 

following the USEPA Method 7473 (US EPA 2007). The standard reference materials DOLT-4 

and DORM-4 were used to generate calibration curves and for quality control. DOLT-4 (n=5) 

and DORM-3 (n=5) were analyzed with samples and agreed within 10% of certified values. The 
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relative standard deviations of duplicate analyses of samples were within 5%. The THg 

concentrations of sediments and aquatic biota are reported in dry weight and the aquatic biota 

represent whole body tissues. The bird blood analyses are reported in wet weight (32). 

 

4.2.3. Hg isotope analysis 

The sediment and biota samples were measured for stable Hg isotopic composition at the 

University of Michigan. Blood samples were thawed and oven-dried at 50-60°C in acid washed 

ceramic boats. Samples of aquatic biota were weighed and loaded into ceramic boats with 

sodium carbonate and aluminum oxide powders. Offline two-stage combustion furnace systems 

were used to release Hg (as Hg0) from the samples. The ceramic boats were loaded into the first 

combustion compartment and heated to 750°C over a 6-hour period. Released Hg0 was directed 

to the second combustion compartment (1000°C) via a stream of Hg-free oxygen and 

subsequently oxidized in a trap solution (1% KMnO4 in 10% trace metal grade H2SO4). The 

solutions containing Hg2+ were neutralized with hydroxylamine, reduced back to Hg0 with SnCl2 

and purged into a new trap solution to remove combustion product matrix components from the 

sample. 

Procedural blanks were prepared in the same manner as the samples (but with no sample 

placed in the ceramic boat) and measured for THg before and after the transfer steps. The 

procedural blanks had an average THg of 0.2±0.1 ng (n=6). The THg concentrations of the 

samples as well as the standard reference materials ERM CE 464 (n=3), TORT-2 (n=1) and 

MESS-3 (n=2) were measured before and after the transfer step to monitor the recoveries of THg 

during the combustion and transfer processes. The recoveries of the combustion and transfer 

steps of the samples and standard reference materials ranged between 89 to 100%, and 92 to 

106%, respectively. 

Stable Hg isotope ratios were measured using a Nu Instruments multi-collector inductively 

coupled plasma mass spectrometer (MC-ICP-MS). The trap solutions were neutralized using 

hydroxylamine. To match the THg concentration of the sample to the standard, the trap solutions 

containing the sample were diluted to between 1 and 5 ng/g using the same neutralized trap 

solution matrix. Hg was introduced to the MC-ICP-MS as Hg0 by reducing Hg2+ in solution with 

SnCl2, and separating Hg0 using a frosted glass tip phase separator. On-peak zero corrections 

were applied. Instrumental mass bias was corrected using an internal Tl standard (NIST SRM 
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997) and by bracketing each sample with NIST SRM 3133 matched to sample THg 

concentrations and matrix composition. MDF is reported as δ202Hg in permil (‰) referenced to 

NIST SRM 3133 (18): 

 

δ202Hg= {[(202Hg/198Hg)sample/ (202Hg/198Hg)NIST3133]-1}*1000.                 (1) 

 

MIF represents the difference between the measured δxxxHg value and the value predicted based 

on MDF and the δ202Hg value (18). MIF is reported as Δ199Hg and Δ201Hg in permil (‰). The 

calculation is based on an approximation valid for δ <10‰:  

 

∆199Hg= δ199Hg - (δ202Hg * 0.252)       (2) 

∆201Hg = δ201Hg - (δ202Hg * 0.752)       (3) 

 

Analytical uncertainty at 2 s.d. is estimated based on either replicate analysis of a standard 

solution (UM-Almáden) and on replicate analyses of standard reference materials. We used 

ERM CE 464 to report analytical uncertainty since it had a larger uncertainty. UM-Almáden (n= 

30) had mean values (±2 s.d.) of δ202Hg= -0.57±0.06 ‰, ∆201Hg= -0.04±0.04 ‰, and ∆199Hg=  

-0.02±0.05 ‰. Standard reference material ERM CE 464 (n=3) had mean values of δ202Hg= 

0.66±0.08 ‰, ∆201Hg= 1.91±0.06 ‰, and ∆199Hg= 2.31±0.09 ‰; TORT-2 (n=1) had values of 

δ202Hg= 0.10 ‰, ∆201Hg= 0.57 ‰, and ∆199Hg= 0.79 ‰; and MESS-3 (n=2) had mean values of 

δ202Hg= -1.81±0.08 ‰, ∆201Hg= -0.05±0.05 ‰, and ∆199Hg= 0.01±0.03 ‰. 

 

4.3. Results & Discussion 

4.3.1. Hg concentrations and isotopic compositions in the sediments  

The THg concentrations of the Northeast coast sediments are quite low at BUZZ (5.70 ng/g) 

and WELLS (9.43 ng/g) and higher at the other three sites (BARN, BOLD, MILL) (42.0 to 2961 

ng/g) (Table S1). Due to the low THg values at the BUZZ and WELLS sites (typical of 

uncontaminated sites) (33, 34), we designate WELLS and BUZZ as “background sites” and due 

to the relatively higher values at BOLD, BARN, and MILL we designate them as “contaminated 
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sites.” The contaminated sites are associated with Hg point sources (see site description) and 

have at least 6 times higher THg concentration compared to the background sites.  

Overall, the sediments displayed ranges of δ202Hg values between -0.89 ‰ and -0.38 ‰, 

and Δ199Hg values between -0.04 ‰ and 0.19 ‰, and were within the range of values reported 

previously in other coastal marine sediments (7, 27, 35, 36). We plotted 1/THg concentration 

against δ202Hg and Δ199Hg to linearize mixing relationships and to characterize the Hg isotopic 

compositions of the sediments in relation to the Hg contamination. We observed a weak negative 

(r2=0.26, p=0.16) and significant positive (r2=0.77, p<0.05) relationship between 1/THg 

concentration and δ202Hg and Δ199Hg, respectively (Fig 1). The Δ199Hg values of the sediments 

were distinct between the background and contaminated sites with the contaminated sediments 

exhibiting uniform Δ199Hg≈0 ‰, and slightly elevated Δ199Hg in the background sediments. The 

sediments displayed ranges of negative δ202Hg values and were less well correlated with the 

sediment THg concentrations. 

The fact that the Δ199Hg values of the Northeast coast sediments are correlated with the THg 

concentrations suggests that these sediments reflect inputs from multiple Hg sources associated 

with the Northeast coast estuaries. When we compared the background sediments to the 

contaminated sediments, the sites designated as “background” displayed negative δ202Hg values 

with Δ199Hg values that were distinctly positive compared to the contaminated sediments. 

Coastal and marine sediments from other studies that were characterized as background, or those 

that are pre-anthropogenic in age, display low THg concentrations, negative δ202Hg and slightly 

elevated Δ199Hg (7, 35-37). The background sediments from this study are consistent with the 

δ202Hg and Δ199Hg values reported in those previous studies. The positive Δ199Hg values in the 

background sediments are likely the result of fractionation caused during partial photochemical 

reduction of IHg, which may occur either through deposition of photochemically reduced IHg 

from surface water (38), periodic exposure of surface sediments to sunlight during tidal 

fluctuation of water levels (1-2 m) (7, 37), or deposition of photochemically reduced IHg from 

rain water (38). Photochemical reduction of IHg has been used to explain the positive Δ199Hg 

values documented in shallow and relatively undisturbed marshes (~ 0.66 ‰) (37) and coastal 

and intertidal sediments (~ 0.08 ‰) (7, 27) and we suggest that positive Δ199Hg values may be 

imparted in background sediments without the mixing of anthropogenic Hg sources. 
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In the contaminated sediments, we observed similar ranges of negative δ202Hg values but 

uniform Δ199Hg≈0 ‰, reflecting the dominance of anthropogenic Hg sources in these sediments 

(7, 35, 36, 39). Various industrial Hg sources have been characterized by wide ranges of negative 

δ202Hg and zero Δ199Hg values (22, 39, 40), and the input of industrial Hg sources likely explains 

the low Δ199Hg values, high THg concentrations, and wide ranges in δ202Hg values observed in 

the contaminated sediments. The range of δ202Hg values for the contaminated sites that are 

impacted by local industrial Hg sources (BARN, BOLD; -0.60 to -0.82 ‰) were also consistent 

with values for Hg0 used in gold mining in the San Francisco Bay Estuary (-0.59 to -0.78 ‰) (7). 

Thus, the Hg isotopic compositions and the THg concentrations of the sediments appear to be 

consistent with the presence of multiple anthropogenic Hg sources in these regions.  

 

4.3.2. Hg concentrations and isotopic compositions in biota 

The THg concentrations of the estuarine biota increase in the order: crabs (55.3±24 ng/g) < 

fish (138±188 ng/g) < mussels (145±52 ng/g) < bird blood (863±724 ng/g) (Table S1). The 

fraction of THg that is in the form of MMHg (referred to as % MMHg hereafter) for the aquatic 

biota increases in the order: mussels (57.9±4.5%) < crabs (83.7±3.0%) < fish (91.4±5.9%) and 

these values follow the same order as δ15N values (7.4±1.0 ‰, 10.3±3.0 ‰, 11.3±3.2 ‰; Table 

S1), representing the approximate trophic position. The % MMHg values of the birds were 

estimated from Wayland et al (42), who reported over 98% MMHg in blood. The increasing % 

MMHg with trophic position (δ15N) is consistent with the pattern of MMHg biomagnification 

documented in many aquatic food webs (43, 44). We designate the feeding guilds of the estuarine 

biota based on the δ13C values and the detailed feeding behaviors are shown in Table S1 and 

Chen et al (12, 13). The δ15N (13.2 ‰) and δ13C (-17.4 ‰) values for the birds (Table S1) were 

estimated from Hobson et al (45) who measured the same species in the Arctic. This estimate 

was adequate for approximating the relative trophic position and feeding guild of these birds, 

which suggests a slightly higher trophic position compared to the fish measured in this study.  

Across the Northeast coast estuarine study sites, we observed wide ranges of δ202Hg values 

but relatively narrow ranges of Δ199Hg values in the estuarine biota (Table S1). At each study site 

the δ202Hg and Δ199Hg values of the estuarine biota displayed an increasing trend with trophic 

position—following the order mussels, crabs, fish, and birds (Fig 2a,b). Similar trends have 
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previously been attributed to the varying extent of MMHg bioaccumulation with trophic position 

(23, 24). We plotted % MMHg against δ202Hg and Δ199Hg of the sediment and aquatic biota 

(without the birds) and observed significant positive relationships with Δ199Hg (p<0.05) across 

all sites; (WELLS; r2=0.86, BUZZ; r2=0.70, BOLD; r2=0.72, BARN; r2=0.89) and of δ202Hg at 

all sites except BOLD; (WELLS; r2=0.68, p<0.05, BUZZ; r2=0.71, p<0.05, BOLD; r2=0.52, 

p=0.08, BARN; r2=0.80, p<0.05). Due to the significant positive relationships observed at most 

sites, the Hg isotopic composition reflecting the bioaccumulated MMHg was estimated using a 

linear regression of % MMHg against δ202Hg and Δ199Hg. The δ202Hg and Δ199Hg values 

estimated for MMHg demonstrated relatively narrow ranges across the Northeast coast estuarine 

food webs; -0.22 to 0.28 and 0.39 ‰ to 1.00 ‰, respectively (Fig 2a,b). At sites where birds 

were measured (proximity to WELLS and BUZZ), the birds (containing >98% MMHg) 

demonstrated similar Δ199Hg but much higher δ202Hg compared to the fish (containing >90% 

MMHg) measured at the same locations (bird δ202Hg; 0.59 to 1.39 ‰, fish δ202Hg; -0.34 to 

0.23 ‰). At BOLD, the mussels displayed significantly higher δ202Hg values compared to other 

aquatic biota.  

Overall, we find strong evidence for an increasing trend in the δ202Hg and Δ199Hg values of 

the sediments and estuarine biota with % MMHg (trophic position) in the Northeast coast 

estuarine food webs. This trend has also been documented in other aquatic food webs (27, 46-

48). While metabolic fractionation was previously proposed as a potential mechanism (46), 

recent fish feeding experiments showed that metabolic fractionation does not occur during 

trophic transfer to fish (23, 24). Instead, the differences in Hg isotopic composition between 

MMHg and IHg and the varying extent of MMHg versus IHg bioaccumulation with trophic 

position provide a consistent explanation for the Hg isotopic composition variability in food 

webs. Thus, the absence of MDF and MIF during MMHg trophic transfer implies that the 

estuarine biota mainly reflect the isotopic composition of MMHg incorporated at the base of the 

food web. The anomalously high δ202Hg values observed in the WELLS and BUZZ birds and the 

BOLD mussels suggest that these organisms may be accumulating MMHg from an additional 

source. Below we assess the dominant MMHg source and exposure pathways in the Northeast 

coast estuarine food webs using the Hg isotopic composition estimated for MMHg and provide 

an explanation for the δ202Hg values found in the birds and the BOLD mussels. 
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4.3.3. Sources and biogeochemical pathways of MMHg 

The Northeast coast estuarine biota analyzed in this study collectively displayed moderately 

positive Δ199Hg values (0.2 to 1.0 ‰) (Table S1). This suggests that the bioaccumulated MMHg 

was subjected to photochemical degradation prior to incorporation into the estuarine food web. 

In fish, which have consistently high % MMHg and for which we have isotope data at each site, 

we found lower Δ199Hg in the contaminated sites (0.56±0.15 ‰) compared to the 

uncontaminated sites (0.90±0.06 ‰). This indicates that the fish at the contaminated sites are 

either exposed to MMHg that was subjected to a lesser degree of photochemical degradation 

compared to those found at the uncontaminated sites or MMHg that originated from 

anthropogenic IHg sources from the sediments which have low Δ199Hg (≈0 ‰). The slope of 

Δ199Hg/ Δ201Hg has been used to distinguish between photochemical degradation and reduction 

of MMHg versus IHg in natural aquatic ecosystems22. We plotted Δ199Hg against Δ201Hg for all 

estuarine biota, and used a York regression to estimate the slope of Δ199Hg/ Δ201Hg, which is 

1.22±0.07 (r2=0.90, p<0.05). This slope is consistent with the slopes reported in other marine 

fish (~1.2) exposed to photochemically degraded MMHg from their respective environments (10, 

26, 27, 41, 49, 50). On a Δ199Hg versus δ202Hg diagram we plot values for sediments and biota 

and the experimentally derived slopes representing the expected changes in the MMHg isotopic 

composition caused by photochemical degradation of MMHg (Δ199Hg=4.79±0.33 * δ202Hg at 

10mg/L DOC) (11) (Fig 3; dotted lines). These slopes are derived from previously published 

MMHg photochemical degradation experiments that employed aquatic solutions spiked with 

MMHg and DOC, and natural sunlight (22), and are only rough estimates since experimental 

conditions were different from those in the natural setting we studied. Based on values for fish, 

we estimate that MMHg is photochemically degraded to varying degrees ranging from 5-12 % 

across the Northeast coast sites prior to entering the food webs.  

The δ202Hg values for MMHg prior to photochemical degradation were estimated following 

the approach of Gehrke et al (10) and Sherman and Blum (51) and were all higher than the 

corresponding δ202Hg values of THg measured in the sediments. Given that the sediment is 

mainly composed of IHg, we suggest that MMHg that is bioaccumulated is mass dependently 

fractionated compared to the IHg in the sediment. This has been observed in previous studies 

(11, 51) and has been attributed to the net effect of microbial Hg methylation and demethylation, 

which has increased δ202Hg values prior to photochemical degradation. The degree of the offset 
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in δ202Hg between the MMHg (before photo-degradation) and IHg are somewhat variable across 

the sites but generally consistent with previous studies. An alternate explanation for this offset in 

δ202Hg between IHg and MMHg is that it is caused by introduction of MMHg from a different 

source than the local sediment, which has higher δ202Hg (e.g. methylation in upstream marshes).  

The proportion of MMHg photochemical degradation estimated here is comparable with 

many shallow coastal regions (10, 27) and high turbidity lakes (51), but much lower than open 

ocean environments (26, 27). The simplest explanation for the source of the MMHg to which 

estuarine biota are exposed is that it is derived from the IHg in sediments and has subsequently 

undergone small amounts of photochemical degradation in the water column, perhaps becoming 

attached to particles and subsequently redeposited to the sediment. In a study of fish and 

sediment in the Gulf of Mexico it was observed that the Hg isotopic composition of coastal fish 

was consistent with exposure to sediment-derived MMHg that had undergone small amounts of 

photochemical degradation, whereas open ocean fish had much higher ∆199Hg values indicative 

of much higher degrees of photo-degradation (27). Day et al (49) also found ranges of ∆199Hg 

values in the eggs of epipelagic seabirds with the individuals feeding near shallow coastal 

embayments displaying significantly lower Δ199Hg values compared to those feeding on open 

ocean species.  

The positive offsets in δ202Hg between IHg (in sediment) and MMHg (in biota) are 

consistent with previous studies suggesting that the local sediments may be the primary site for 

MMHg production prior to photochemical degradation in the water column and bioaccumulation 

in the food webs. It has been shown that microbial methylation causes the fractionation of 

δ202Hg, leading to lower δ202Hg in the product-MMHg compared to the reactant (19). A portion 

of Hg that has been methylated could subsequently be microbially demethylated, resulting in 

higher δ202Hg values in the remaining MMHg (20), and the net effect of these processes provides 

an explanation for the δ202Hg values in the sediments. Large positive offsets in δ202Hg have been 

documented in estuarine sediments (10), and to a lesser extent in rocky streambeds (25) where 

MMHg production in sediments is less likely to occur. The site-specific variation in the offsets in 

δ202Hg suggests that the relative degree of fractionation due to microbial methylation versus 

demethylation differs across the Northeast coast study sites. The demethylation activities in these 
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regions are poorly understood but Schartup et al (52) recently documented variable methylation 

rates in sediment across the Northeast coast estuarine sites.  

While our results are consistent with the previous findings that suggested sediments as the 

primary site for MMHg production, it is possible that MMHg derived from various external 

sources may also play an important role in the Northeast coast estuarine food webs. 

Methylmercury produced within wetlands and river watersheds have been shown to supply 

significant amounts of MMHg to aquatic ecosystems in the Northeast USA (15, 17, 29, 53). 

Chen et al (14) recently documented a lack of relationship between MMHg concentrations in 

sediments and in the water column across the same sites of the Northeast coast estuaries that we 

studied and suggested that sediments may be a minor contributor to MMHg found in water 

column. Given that the MMHg flux via sedimentation exceeds that due to resuspension at our 

study sites (13), it is possible that external MMHg sources deposited in the sediment via settling 

particles may provide a viable alternative explanation for the observed offsets in δ202Hg between 

IHg (sediment) and the bioaccumulated MMHg. It is difficult to make a clear differentiation 

between in situ mass dependent fractionation of sediment-produced MMHg versus mixing of 

external MMHg sources in this study. Further investigation will be required to characterize the 

isotopic composition of various external MMHg sources and biogeochemical processes affecting 

MMHg production in sediments. 

In summary, our results are consistent with either the production of MMHg from IHg in 

sediments or derivation of MMHg externally with deposition to the sediments. This MMHg is 

then subjected to a small amount of photodegradation in the water column before entering the 

food web and being passed to the various organisms at the study sites (with one exception 

described below). The use of Hg isotope ratios in this study provides additional insight into the 

sources and exposure pathways of MMHg studied by Chen et al (12, 13) in the same Northeast 

coast estuarine food webs. Chen et al (12, 13) documented a strong positive association between 

pelagic fish (silverside, killifish) MMHg concentrations and water column particulate MMHg 

concentrations, but not with sediment MMHg concentrations. Mussels and crabs did not show 

significant correlations with sediment and water column concentrations of MMHg. Based on 

these observations, it was suggested that while sediments may be the main repository for Hg, 

sediment MMHg concentrations are not an accurate predictor for MMHg bioaccumulation in 

estuarine biota. The authors also argued that the MMHg exposure via the water column may be 
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the result of either complex interactions between water and sediment MMHg or input of external 

MMHg sources from offshore. Given that the estuarine biota studied demonstrate different 

feeding behaviors and variable MMHg uptake routes, the consistent MMHg isotopic composition 

observed in various feeding guilds from each study location suggest that there may be extensive 

MMHg cycling between the sediment and water column via deposition and resuspension cycles 

without significant changes in the Hg isotopic compositions of the MMHg. In other words, even 

if the fish derive MMHg primarily from the water column, the MMHg in the water column may 

be isotopically similar to the small proportion of MMHg in the sediments.  

 

4.3.4. Ecological variability in MMHg sources 

While it appears that most aquatic organisms in this study acquire sediment-associated 

MMHg via trophic transfer, the high positive δ202Hg values found in the WELLS and BUZZ 

birds and the BOLD mussels suggest that these organisms are exposed to a different (or 

additional) MMHg source that has considerably higher δ202Hg values (Fig 2). Considering the 

mussels first, the main difference between the BOLD mussels and the mussels sampled in the 

other Northeast coast estuaries is that while the other mussels have a Hg isotopic composition 

consistent with a mixture of IHg and MMHg from the sediment, this pattern was observed only 

for ∆199Hg, but not δ202Hg in the BOLD mussels (Fig 2). Thus we infer that the BOLD mussels 

may be exposed to an additional MMHg source, possibly from the water column, due to their 

active filter feeding mechanism. The δ13C values confirm that they feed on both pelagic and 

benthic resources (12, 13), which is clearly different from the crabs and fish that depend 

dominantly on benthic and epibenthic resources closely associated with the sediments.  

We have identified two different scenarios that might explain how the BOLD mussels are 

exposed to Hg with anomalously high positive δ202Hg values. First, to achieve high positive 

δ202Hg values, the sediment-associated MMHg would have to be subjected to additional non-

photochemical degradation and accompanying fractionation, causing the remaining MMHg to 

shift to higher δ202Hg values. We speculate that resuspension of sediment-associated MMHg 

followed by microbial demethylation (20) in the water column (15) could produce MMHg with 

high positive δ202Hg that is available for uptake by the mussels. BOLD is characterized by the 

highest TSS and particulate MMHg concentrations (13), and this region may be particularly 

susceptible to additional biogeochemical processing of Hg in the water column. Second, it is also 
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possible that the BOLD mussels were exposed to a second, and possibly unrelated external 

MMHg source that either has high δ202Hg values inherited from an anthropogenic source or has 

undergone extensive microbial demethylation prior to being released into the estuary. BOLD is 

surrounded by an unvegetated area and diverse point sources of Hg, which may expose this site 

to extensive runoff of industrial Hg sources (29, 53). Moreover, based on recent evidence that 

suggests inflowing fluvial MMHg can serve as an important external MMHg source to pelagic 

food webs (17), we presume that exposure to an externally derived MMHg source may be a 

viable alternate explanation for the high δ202Hg in the BOLD mussels. 

In the birds, we documented similar ∆199Hg but much higher δ202Hg compared to fish from 

the same sites, which are the highest trophic level aquatic organisms measured in this study (Fig 

2). It is possible that the high δ202Hg MMHg is caused by the differences in food sources 

obtained from their respective sampling habitats compared to those of WELLS and BUZZ (Fig 

S1) or by their selective feeding behavior given that they feed dominantly on benthic 

invertebrates including mussels (54). Thus, if we assume that the birds analyzed in this study 

feed primarily on mussels, we might expect a significant positive relationship between % MMHg 

and δ202Hg, and between % MMHg and ∆199Hg of the sediments, mussels and birds due to the 

trophic transfer of MMHg. We plotted % MMHg against the δ202Hg and ∆199Hg values of the 

sediments, mussels and birds and observed significant positive relationships at WELLS (δ202Hg; 

r2=0.87, p<0.05, ∆199Hg= 0.93, p<0.05) and BUZZ (δ202Hg; r2=0.99, p<0.05, ∆199Hg; r2=0.97, 

p<0.05). However, the trophic transfer of MMHg from the sediment, to mussels, to birds would 

indicate that the crabs and fish are exposed to a different MMHg source than the mussels, and 

this is not what we observed, except at the BOLD site. Moreover, given that the species of bird 

analyzed in this study have a relatively large feeding habitat (~60 km2) (55), the small difference 

in the feeding habitat probably cannot account for the high δ202Hg in the birds. Instead, we 

attribute the high δ202Hg values in the birds to an internal metabolic fractionation of δ202Hg. 

While metabolic fractionation of δ202Hg has not been observed in fish (23, 24), internal 

demethylation has been proposed to occur in the liver of many species of bird (56, 57) and this 

may lead to the fractionation of δ202Hg in birds. Previous studies have documented 1-2 ‰ higher 

δ202Hg values in birds (egg contents), and in mammals including seals, whales, and human hair 
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compared to their respective diets (39, 46, 47, 58, 59) and attributed this pattern to the kinetic 

fractionation of δ202Hg via internal demethylation.  

Our study demonstrates that the measurement of Hg isotope ratios provides new insight into 

sources and exposure pathways of MMHg in estuarine food webs. Past studies that utilized Hg 

isotope ratios to decipher MMHg sources and exposure pathways in coastal food webs have only 

examined fish, and over smaller coastal regions (10, 27). We found evidence for multiple Hg 

sources across the Northeast coast sediments, and the MMHg associated with the sediments 

appears to serve as the dominant MMHg source to the estuarine food webs. There has been a 

long-standing debate over the relative importance of MMHg derived from sediment or from the 

water column as a source to estuarine organisms. Complex biogeochemical processes affecting 

Hg bioavailability between sediment and water column however make it difficult to trace the 

dominant MMHg sources in the estuarine food webs based on Hg concentration alone. This 

study suggests that MMHg associated with sediments probably acts as the dominant source to 

many estuarine organisms, but that certain feeding guilds and certain localities are more 

susceptible to accumulating additional external MMHg sources. While further investigation is 

necessary to characterize various external MMHg sources, our study demonstrates that the 

measurement of Hg isotope ratios can be a valuable tool for deciphering MMHg sources and 

exposure pathways in diverse aquatic food webs and assessing the ecological variability of 

MMHg sources. 
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Figure 4.1 Plot of 1/THg concentration (ng/g) versus δ202Hg and ∆199Hg values of the Northeast 
coast estuary sediments. Each site is represented with different colors; BUZZ (black), WELLS 
(blue), BARN (green), BOLD (orange), and MILL (red). The solid lines represent linear 
regressions. Analytical uncertainty is indicated by the error bar (2 s.d). 
 

 
Figure 4.2 Plot of % MMHg versus δ202Hg (a) and ∆199Hg values (b) of estuarine sediments and 
biota. Each site is represented by a different color; BUZZ (black), WELLS (blue), BARN 
(green), BOLD (orange), and MILL (red). The solid lines represent the range of estimated 
MMHg isotopic composition needed to explain sediments, crabs and fish. The dotted lines 
represent the range of estimated MMHg isotopic composition needed to explain mussels from 
BOLD and birds from BUZZ and WELLS. The “estimated MMHg” and “estimated IHg” 
represent the ranges of Hg isotopic composition extrapolated for 100% MMHg and 100% IHg, 
respectively, based on the linear regression of % MMHg vs δ202Hg and ∆199Hg. Analytical 
uncertainty is indicated by the error bar (2 s.d). 
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Figure 4.3 Plot of δ202Hg and ∆199Hg values of all sediments and estuarine biota. Each site is 
represented with different colors; BUZZ (black), WELLS (blue), BARN (green), BOLD 
(orange), and MILL (red). Symbols are the same as Figure 2. The arrows represent the 
experimentally derived photochemical degradation slope for MMHg. Analytical uncertainty is 
indicated by the error bar (2 s.d). 
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4.4. Supporting Information 

Supporting figure (Fig 4.S1) and table (Table 4.S1). This material is available free of charge via 

the Internet at http://pubs.acs.org. 

 

 
Figure 4.S1 Map of the Northeast coast, USA representing the sampling locations (Maine; ME, 
Massachusetts; MA, Rhode Island, RI; Connecticut, CT, New Jersey; NJ). Aquatic biota were 
sampled at sites indicated in black circles. Birds were sampled at three locations in ME and MA 
and are represented with white circles. This map has been modified from nationalatlas.gov. 
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Table 4.S1 THg concentrations (ng/g), % MMHg, stable carbon and nitrogen values and Hg 
isotope ratios of all sediment and estuarine biotas. 

 THg (ng/g) % MMHg δ15N (‰) δ13C (‰) δ202Hg (‰) Δ201Hg (‰) Δ199Hg (‰) 

Sediment        
WELLS, 
ME 

9.43 2.96   -0.67 0.09 0.19 

 9.43 2.96   -0.63 0.02 0.10 
BUZZ, MA 5.70 1.74   -0.89 0.17 0.10 
BOLD, RI 221 0.20   -0.82 0.01 0.01 

 221 0.20   -0.60 0.01 0.02 
BARN, CT 42.0 0.13   -0.72 0.15 -0.01 

 42.0 0.13   -0.77 0.18 0.02 
MILL, NJ 2962 0.32   -0.40 0.01 -0.02 

 2962 0.32   -0.38 0.02 -0.04 
        

Mussel Filter feeder; particulate organic matter   
WELLS, 
ME 

109 58.7 6.16 -19.60 -0.20 0.09 0.41 

BUZZ, MA 187 53.4 8.43 -18.67 0.03 0.02 0.47 
 169    0.00 0.23 0.40 

BOLD, RI 192 63.9 7.80 -18.97 0.77 0.06 0.52 
 61.2    0.34 0.27 0.33 

BARN, CT 190 56.1 7.08 -20.08 -0.23 0.04 0.32 
 113    -0.31 0.12 0.21 

average 146 58.0 7.37 -19.33 0.06 0.12 0.38 
        

Crab Epibenthic consumer; benthic microalgae, benthic invertebrates   
WELLS, 
ME 

68.1 80.0 9.37 -16.78 -0.39 0.03 0.68 

 26.4    -0.45 0.45 0.57 
BUZZ, MA 58.3 86.5 7.83 -14.72 0.15 0.05 0.87 

 84.6    0.01 0.72 0.82 
BOLD, RI 68.3 84.6 13.54 -18.26 0.05 0.03 0.39 

 25.8    -0.05 0.45 0.23 
average 55.3 83.7 10.25 -16.59 -0.11 0.29 0.59 

        
Fish Epibenthic/water column consumer; zooplankton, microalgae, benthic invertebrates, detritus 
WELLS, 
ME 

67.4 91.7 8.99 -14.87 -0.20 0.70 0.91 

 25.5 91.3 7.80 -14.95 -0.24 0.75 0.84 
BUZZ, MA 96.5 77.3 9.84 -16.12 0.19 0.77 0.98 

 122 94.1 11.68 -16.38 -0.10 0.73 0.87 
BOLD, RI 79.4 95.8 15.70 -16.07 0.19 0.54 0.72 

 45.2 93.8 15.78 -16.58 0.23 0.63 0.67 
BARN, CT 120 93.1 10.02 -16.13 -0.34 0.33 0.44 

 54.5 88.1 7.80 -17.14 -0.05 0.46 0.60 
MILL, NJ 631 97.3 13.91 -24.02 0.07 0.29 0.37 
average 138 91.4 11.28 -16.92 -0.03 0.58 0.71 

        
Bird Epibenthic and water column consumer; bivalves, mollusks, crustaceans, fish   
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WELLS, 
ME 

208SA    0.71 0.59 0.74 

 363SA    0.84 0.63 0.82 
 453SC    1.39 0.46 0.62 

BUZZ, MA 1755PL    0.70 0.46 0.66 
 1536PL    0.59 0.51 0.68 

average 863 (98) (13.2) (17.4) 0.85 0.53 0.70 
Detailed feeding strategies are found in Chen et al12,13.  
Values in bracket are derived from Wayland et al42, and Hobson et al45. 
SA, SC, and PL refer to Saco Bay, ME, Scarborough Marsh, ME, and Plum Island Sound, MA, respectively. 
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CHAPTER 5  

 

Isotopic study of mercury sources and transfer between a freshwater lake and adjacent 

forest food web 

 

Abstract 

Studies of monomethylmercury (MMHg) sources and biogeochemical pathways have 

been extensive in aquatic ecosystems but limited in forest ecosystems. Increasing evidence 

suggests that there is significant mercury (Hg) exchange between aquatic and forest ecosystems. 

We use Hg stable isotope ratios (δ202Hg and ∆199Hg) to investigate the relative importance of 

MMHg sources and assess Hg transfer pathways between Douglas Lake and adjacent forests 

located at the University of Michigan Biological Station, USA. We characterize Hg isotopic 

compositions of basal resources and use linear regression of % MMHg versus δ202Hg and ∆199Hg 

to estimate Hg isotope values for inorganic mercury (IHg) and MMHg in the aquatic and 

adjacent forest food webs. In the aquatic ecosystem, we found that lake sediment represents a 

mixture of IHg pools deposited via watershed runoff and precipitation. The δ202Hg and ∆199Hg 

values estimated for IHg are consistent with other studies that measured forest floor (i.e., soil, 

leaf litter) in temperate forests. The ∆199Hg value estimated for MMHg in the aquatic food web 

indicates that MMHg is subjected to ~20% photochemical degradation prior to bioaccumulation. 

In the forest ecosystems, we found a significant negative relationship between total Hg 

concentration and both δ202Hg and ∆199Hg of terrestrial soil, riparian soil, and even bulk lake 

sediment. This suggests that IHg input from watershed runoff provides an important Hg transfer 

pathway between the forest and aquatic ecosystems. We measured ∆199Hg values for high trophic 

level insects and compared these insects at multiple distances perpendicular to the lake shoreline. 

The ∆199Hg values correspond to the % canopy cover, suggesting that terrestrial MMHg is 

subjected to varying extents of photochemical degradation and the extent may be controlled by 

sunlight exposure. Our study demonstrates that the use of Hg isotopes adds important new 
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insight into the relative importance of MMHg sources and complex Hg transfer pathways across 

ecosystem boundaries. 

 

5.1. Introduction 

Transformation of inorganic mercury (IHg) to monomethylmercury (MMHg) in aquatic 

environments can result in high MMHg levels in fish and cause negative health impacts for 

wildlife and humans that consume fish (1). MMHg is a toxic and bioaccumulative 

organometallic compound, which can accumulate to elevated levels in high trophic level 

organisms via biomagnification (2). Previous studies of MMHg sources and biogeochemical 

pathways in aquatic ecosystems have been extensive, but studies in terrestrial ecosystems have 

been more limited. A number of recent studies have reported elevated MMHg levels in terrestrial 

organisms such as spiders (3-5), birds (6, 7) and bats (8, 9) collected across North American 

forests. The MMHg levels in these organisms have been linked to reproductive failure, 

physiological alteration, and neurological deficit (6, 7). Understanding MMHg sources and 

exposure pathways are key to reduction of MMHg levels in both aquatic and terrestrial 

ecosystems. 

Biogeochemical processes governing in situ MMHg production and degradation as well as 

external inputs of MMHg can determine the exposure and fate of MMHg in ecosystem food 

webs. Increasing evidence also suggests that complex ecological processes governing Hg transfer 

across ecosystem boundaries may impact recipient ecosystems that are subsidized with energy 

and nutrients. For instance, terrestrial ecosystems may produce MMHg in situ from microbial 

methylation of IHg in forest soil and wetlands (10, 11) or receive external inputs from rainwater 

and fog (12, 13). Another potentially important MMHg source to terrestrial ecosystems is 

through transfer from aquatic ecosystems by emergent insects that spend a part of their lifecycle 

in aquatic environments and provide important energy and nutrient subsidies to terrestrial 

ecosystems (4). Using mesocosm ponds, Tweedy et al. (5) documented a positive relationship 

between MMHg levels in riparian spiders and the emergent insect flux (i.e. microcaddisfly and 

chironomids). Cristol et al. (3) observed higher total Hg (THg) concentrations in riparian spiders 

and birds that feed along streams contaminated with Hg compared to those at a reference site at 

South River, Virginia, and attributed this to either MMHg flux mediated by emergent insects or 

in situ MMHg production in floodplains. Conversely, IHg associated with terrestrial resources as 
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well as MMHg produced both internally and externally can be transported back to aquatic 

ecosystems through watershed runoff (14) or movements of organisms (15). Given the presence 

of multiple sources and complex biogeochemical processes governing Hg transfer between 

ecosystem boundaries, tools that can provide direct linkages between source and receptor should 

help elucidate dominant MMHg sources to aquatic and terrestrial ecosystems. 

Here we use Hg isotopic compositions to assess MMHg sources and biogeochemical 

pathways in a freshwater lake and an adjacent forest food web. Mercury stable isotopes can 

undergo both mass dependent (MDF) and mass-independent fractionation (MIF). Mass-

dependent fractionation is reported as δ202Hg (in ‰; 16) and occurs via multiple environmentally 

relevant processes including microbial methylation (17, 18), demethylation (19), thiol-ligand 

exchange (20), and photochemical reduction (21, 22). Mass-independent fractionation (MIF), 

reported as ∆199Hg and ∆201Hg (in ‰; 16), occurs predominantly via photochemical degradation 

of MMHg and photoreduction of IHg (21). Consequently, ∆199Hg has been used as a 

conservative tracer for understanding biological processes such as bioaccumulation and trophic 

transfer (23-25). The ratio of ∆199Hg/∆201Hg has also been used for distinguishing between 

photochemical reduction of IHg (∆199Hg/∆201Hg=1.00) and photodegradation of MMHg 

(∆199Hg/∆201Hg=1.2-1.4) in natural ecosystems (e.g., 26). 

In combination with traditional ecological isotope tracers (i.e., δ13C and δ15N), the 

measurement of Hg isotopic composition has proven its utility for distinguishing between 

sources and identifying biogeochemical processing of MMHg in diverse ecosystems (28-30). For 

example, Senn et al. (2010) characterized coastal and pelagic food webs in the Gulf of Mexico, 

USA. Large positive ∆199Hg values (> +1‰) were measured in pelagic organisms, which 

exhibited marine δ13C signatures (~ -15 ‰). This indicated that MMHg subjected to extensive 

photochemical degradation in the pelagic water column was the dominant MMHg source to 

pelagic food webs. Coastal organisms were characterized by small positive ∆199Hg (< +1‰) and 

terrestrial δ13C signatures (~ -20 ‰), suggesting that MMHg produced in the coastal sediment 

had undergone small amounts of photochemical degradation. In another study, Tsui et al. (25) 

observed distinct ranges in δ202Hg (estimated for MMHg) between stream, riparian, and upland 

forest food webs consisting of macroinvertebrates in northern California, USA. Based on this 

evidence, it was suggested that MMHg associated with precipitation, which had higher δ202Hg 
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values (-0.5 to +0.5 ‰), might be the dominant source to forest food webs, in contrast to MMHg 

produced by microbial methylation in the stream (-1.7 to -1.4 ‰). In the riparian food web, the 

δ202Hg estimated for MMHg displayed intermediate values between stream and upland forest 

food webs, suggesting the potential importance of emergent insects as mediators of the MMHg 

flux to adjacent forest ecosystems. Given the clear linkages between δ13C and Hg isotope values, 

we suggest that the analysis of Hg isotope ratios should shed light on the relative importance of 

MMHg sources and biogeochemical processes governing Hg transfer between ecosystems.  

In this study, we investigate the sources and biogeochemical pathways of MMHg in the 

littoral zone of Douglas Lake, Michigan and adjacent forest ecosystems, and assess the 

importance of Hg transfer between Douglas Lake and adjacent forests. The study site is on the 

property of the University of Michigan Biological Station (UMBS), which is relatively 

undeveloped and is well characterized in terms of ecology and environmental conditions. The 

UMBS is dominated by temperate forests and includes ~11 km of shoreline along Douglas Lake, 

which receives Hg primarily by long-range atmospheric transport (12, 31). Douglas Lake hosts 

diverse assemblages of emergent insects such as mayflies and dragonflies. Here, we characterize 

Hg isotopic compositions in the basal resources and various assemblages of aquatic and forest 

organisms consisting of macroinvertebrates, birds, bats, and fish. The δ13C and δ15N values were 

determined to assess the energy sources and feeding guilds, and the relative trophic position of 

the organisms, respectively. The isotopic compositions representing IHg and MMHg were 

estimated by analyzing organisms with a range of % MMHg, an approach previously applied to a 

northern California watershed (25, 32). The estimated IHg and MMHg isotopic compositions 

were used to identify the dominant MMHg sources in the aquatic and forest food webs, and 

assess the importance of Hg transfer between ecosystems. 

 

5.2. Materials & Methods 

5.2.1. Sample collection and processing 

We collected basal resources and diverse assemblages of macroinvertebrates, birds, bats, 

and fish in the littoral zone of Douglas Lake and in the riparian and forest adjacent to Douglas 

Lake near the Grapevine Point Trail at the UMBS (Fig 1). Douglas Lake is a kettle lake located 

near the northern tip of the Michigan’s lower peninsula (45°33'31.15"N, 84°40'39.35"W). The 

lake covers a surface area of 13.7 km2 and has an average depth of 9 m. Douglas Lake is 
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characterized as mesotrophic, with sand and fine gravel as the dominant substrates. The 

surrounding watershed covers an area of 52 km2 and is composed of sandy terraces with Populus 

tremuloides (aspen), and Quercus rubra (red oak) as the dominant overstory trees in the forest. 

Basic water quality parameters were obtained from the Douglas Lake Buoy Data during the 

aquatic sampling period of May-June, 2013 (Table 1). 

In the littoral zone of Douglas Lake, we sampled surface sediment, aquatic detritus, 

macroinvertebrates, and fish within 4 m of the shoreline at water depths of 0.5-1 m (Table 2). All 

samples were collected in early May 2013, prior to the seasonal emergence of aquatic insects. 

Surface sediment (0-5 cm) were collected at 4 different locations (10 m apart) with acid-washed 

scoops or clean centrifuge tubes. At each location, approximately 50mL of sediment was 

collected. Samples of aquatic detritus composed mostly of decaying deciduous foliage were 

collected with gloved hands and rinsed thoroughly with distilled water prior to storage. Aquatic 

macroinvertebrates were collected by scraping sandy bottoms with a trawl, and juvenile fish 

were captured using seine nets. All biota samples were emptied into clean trays, separated by 

species using alcohol-cleaned stainless steel forceps, and placed into clean centrifuge tubes for 

later processing.  

In the riparian zone and the forest near Grapevine Point Trail, we sampled soil, leaf litter, 

macroinvertebrates, birds, and bats (Table 2). All samples were collected in mid to late July 

2013, after emergence of aquatic insects. Forest macroinvertebrates were sampled in four 

different locations, in a transect perpendicular to the Douglas Lake shoreline, at distances of 0-5, 

5-10, 10-30 and 30-60m (Fig 1). Approximately 30 clean plastic cups were installed as pitfall 

traps along each transect. Macroinvertebrates were collected from the traps and sorted by species 

twice a day using alcohol-cleaned stainless steel forceps. Basal resources including soil (O-

horizon; 0-5cm depth) and leaf litter were collected with clean gloved hands at two distances 

along the transects (0-5m and 30-60m). Hair and excrement samples were collected for Myotis 

lucifugus (brown bats) and Turdus migratorius (American robins). Bat hair samples were 

obtained by installing a mist net near the nest to capture bats during the hours of feeding, after 

which hair was removed with alcohol-cleaned stainless steel scissors. Fresh excrement samples 

were obtained by placing aluminum foil under a single nest overnight. Samples of American 

Robin excrement were removed from multiple nests using clean stainless steel forceps.  
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All samples were placed in either clean plastic bags or clean centrifuge tubes prior to 

storage at -20°C. The frozen samples were transported to the University of Michigan for 

processing and analyses. Samples were freeze-dried and homogenized by combining multiple 

samples or individuals of the same species using an alumina ball mill, or an acid-cleaned glass 

mortar and pestle.  

 

5.2.2. Stable C and N isotope analyses 

Stable isotopic compositions of carbon and nitrogen (δ13C and δ15N) were measured to 

estimate the influence of energy sources and trophic positions in the food web, respectively. 

Homogenized powders from each sample were weighed into tin capsules (average 1.2 mg), and 

analyzed using a Costech ECS 4010 elemental analyzer coupled to the inlet of a Finnigan Delta 

V Plus mass spectrometer in the Stable Isotope Laboratory at the University of Michigan. 

Isotope values are expressed in the standard δ15N and δ13C notation (‰) relative to international 

standards (atmospheric N2 and PeeDee belemnite). An acetanilide standard was used to generate 

calibration curves. Analytical precision was quantified using several internationally calibrated 

standards; IAEA N2, IAEA-600 Caffeine, IAEA-CH-6 Sucrose, and USGS 25 interspersed 

throughout every 13 samples. The analytical uncertainty of δ15N and δ13C were ±0.12 ‰ (1SD).  

 

5.2.3. Hg and MMHg concentration and Hg stable isotope analyses 

Total Hg concentrations (THg) were first determined by combustion and atomic 

absorption spectroscopy (AAS) using a Nippon Instruments MA-2000 Hg analyzer. Standard 

reference material NIST 3133 was used to generate calibration curves and to monitor quality 

control. The standard reference material TORT-2 (n= 7) was measured along with the samples 

and THg was measured as 90±4% (±1 s.d.) of the certified value. The MMHg concentrations 

were determined for a subset of basal resources and biota at the University of North Carolina at 

Greensboro. Samples were digested in 4.6 M HNO3 at 60°C for 12 hours and the acid digests 

were neutralized with 4.6 M KOH, and added with 1% Na2B4O7 for derivatization and collection 

of ethylated Hg species on Tenax traps. Ethylated Hg species were separated using a gas 

chromatography column, converted to Hg0 on a pyrolytic trap, and analyzed via cold-vapor 

atomic fluorescence spectroscopy (AFS) using a Brooks Rand Model III Hg detector. Reagent 

blanks (n=2), SRM TORT-3 (n=4), and SRM DORM-4 (n=21) were analyzed along with the 
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samples for quality control. The reagent blank had no detectable MMHg and the average 

recoveries of SRM TORT-3 and SRM DORM-4 were 86% and 91%, respectively. The relative 

standard deviation of replicate samples ranged between 1.8 and 10 %.  

The detailed procedure for measuring Hg stable isotope ratios is provided in Blum (33). 

Briefly, samples were loaded into ceramic boats with Na2CO3 and Al2O3 powders, and 

combusted in an offline two-stage combustion furnace to release Hg0 from the samples. Released 

Hg0 was captured into a trap solution (1% KMnO4 in 10% trace metal grade H2SO4) using a flow 

of Hg-free oxygen. To remove combustion product matrix components from the sample, the 

solution was neutralized with NH2OH and Hg was reduced back to Hg0 with SnCl2, and purged 

into a new trap solution. The blanks and recoveries of the combustion and transfer steps were 

monitored by measuring THg in the trap solutions of procedural blanks (powders in boats 

without samples), samples, and the standard reference materials TORT-2 (n=4) and MESS-3 

(n=2). The THg in the trap solutions were determined by cold vapor atomic absorption 

spectroscopy (CV-AAS; Nippon MA-2000). The procedural blanks had an average THg of 

0.16±0.05 ng (n=5). The recoveries of the combustion and transfer steps of all the samples and 

standard reference materials ranged between 90 to 108%, and 89 to 104%, respectively. The THg 

concentrations are reported based on the THg measured in the trap solutions and the mass of 

freeze-dried samples placed on the combustion furnace (Table 2). 

Mercury stable isotope ratios were measured using a Nu Instruments multi-collector 

inductively coupled plasma mass spectrometer (MC-ICP-MS). Sample Hg was introduced to the 

MC-ICP-MS by continuously reducing Hg2+ in solution with 2% SnCl2, and separating Hg0 

using a frosted glass tip phase separator. Instrumental mass bias was corrected using an internal 

Tl standard (NIST SRM 997) introduced to the gas flow as an aerosol and by bracketing each 

sample with NIST SRM 3133 matched to matrix composition and to sample THg 

concentrations within 10%. MDF is reported as δ202Hg in permil (‰) referenced to NIST SRM 

3133: 

 

δ202Hg= {[(202Hg/198Hg)sample/ (202Hg/198Hg)NIST3133]-1}*1000            (1) 
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MIF represents the difference between the measured δxxxHg value and the value predicted based 

on MDF alone. MIF is reported as Δ199Hg, Δ200Hg, and Δ201Hg in permil (‰). The calculation is 

based on an approximation valid for δ <10‰:  

 

∆199Hg= δ199Hg - (δ202Hg * 0.252)     (2) 

∆200Hg= δ200Hg - (δ202Hg * 0.5024)     (3) 

∆201Hg = δ201Hg - (δ202Hg * 0.752)     (4) 

 

Analytical uncertainty at 2 s.d. is estimated based on replicate analysis of a standard 

solution (UM-Almáden) and replicate analyses of standard reference materials (TORT-2 and 

MESS-3). We used TORT-2 to report analytical uncertainty since it had a larger uncertainty. 

UM-Almáden (n= 46) had mean values (±2 s.d.) of δ202Hg= -0.57±0.13 ‰, and ∆199Hg= -

0.04±0.09‰. Standard reference material TORT-2 (n=4) had mean values of δ202Hg= 

0.06±0.12‰, and ∆199Hg= 0.75±0.11 ‰; and MESS-3 (n=2) had mean values of δ202Hg= -

2.18±0.07‰, and ∆199Hg= 0.03±0.04 ‰. 

 

5.3. Results & Discussion 

5.3.1. MMHg biomagnification in the aquatic food web 

The THg concentrations of basal resources in Douglas Lake had mean values of 

4.26±0.04 ng/g and 26.3±0.3 ng/g in the sediment and aquatic detritus, respectively (Table 2). 

The THg concentrations of aquatic organisms ranged between 31.7 ng/g (dragonfly larvae) and 

186 ng/g (shiner) (Table 2). The mean fraction of THg that is MMHg (% MMHg hereafter) 

increases in the order: mussel (32 %), mayfly (42 %), snail (46 %), dragonfly larvae (Aeshnidae; 

67 %), water bug (80 %), dragonfly larvae (Erythemis; 84 %), yellow perch (~100 %), and shiner 

(~100 %) (Table 2). The % MMHg of crayfish was estimated from the literature (34, 35), using 

reported values of >90% in freshwater crayfish found across New England and northern 

Californian streams. The increasing trend of % MMHg corresponds with increasing δ15N values 

estimated by trophic position (r2= 0.93, p<0.05). This is consistent with MMHg biomagnification 

trends documented in many aquatic food webs (2, 36). The δ13C values of the aquatic organisms 

displayed a range between -30.7 to -22.8 ‰ (Table 2). The δ13C values observed in this study are 
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within the ranges of similar organisms utilizing allochthonous resources in freshwater lake 

systems (37).  

The Hg isotopic compositions of the aquatic basal resources and organisms ranged 

between -2.05 and 0.12 ‰ for δ202Hg, and between -0.12 and 2.52 ‰ for Δ199Hg (Table 2). The 

δ202Hg and Δ199Hg values of the aquatic organisms displayed an increasing trend with increasing 

trophic position (δ15N and % MMHg). Similar trends have been documented in many aquatic 

food webs including lakes (29, 38), streams and forests (15, 25), and marine ecosystems (30, 39). 

Fish feeding experiments indicate that the differences in the Hg isotopic composition with 

trophic position are not due to isotope fractionation of δ202Hg or Δ199Hg (23, 24). Instead, it 

represents mixtures of different proportions of IHg and MMHg, which have different isotopic 

compositions that were imparted before entry into the food web. As in our present study, others 

have used linear regressions of % MMHg versus Hg isotope values to estimate the isotopic 

composition representing the bioaccumulated MMHg and IHg in ecosystem food webs (24, 25, 

39). Our regression of % MMHg versus δ202Hg and Δ199Hg values of the aquatic organisms 

(Figure 2a, b) did not include the sediment values in order to differentiate between the bulk IHg 

associated with the basal resources and the IHg attributable to bioaccumulation within the food 

web. Significant positive relationships (p <0.05) with δ202Hg (r2= 0.77) and Δ199Hg values (r2= 

0.90) (Figure 2a,b) indicate that the aquatic organisms represent varying mixtures of MMHg and 

IHg caused by preferential trophic transfer of MMHg. The estimated MMHg (100% MMHg) had 

δ202Hg and Δ199Hg values of -0.05 ‰ (± <0.01 ‰) and 2.05 ‰ (± <0.01 ‰), respectively. The 

estimated IHg (100% IHg) had δ202Hg and Δ199Hg values of -1.17 ‰ (± <0.01 ‰) and -0.33 ‰ 

(± <0.01 ‰), respectively. Bulk sediment had higher δ202Hg and Δ199Hg than values estimated 

for IHg in the food web (Figure 2). 

 

5.3.2. Sources and biogeochemical processing of MMHg in the aquatic food web 

Because our data show that the MMHg isotopic composition is preserved without 

fractionation during trophic transfer, we can use these values to provide insight into the sources 

and biogeochemical processing of MMHg prior to bioaccumulation. The positive Δ199Hg value 

of the estimated MMHg indicates that MMHg has been subjected to photochemical degradation 

prior to entry into the food web and bioaccumulation. The slope of Δ199Hg/ Δ201Hg has been 

used to distinguish between photochemical degradation and reduction of MMHg and IHg in 
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aquatic ecosystems (25, 28, 29, 38-41). We used a York regression (42) to estimate the slope of 

Δ199Hg/ Δ201Hg for the aquatic organisms, and found a slope of 1.32±0.03 (r2= 1.00, p <0.05) 

(Fig 3). This slope is consistent with the photochemical degradation of MMHg observed in 

freshwater lakes (21, 28, 29, 38, 41) and streams (25), and is greater than the slope observed in 

marine food webs (~1.2) (27, 30, 40, 43-45).  

We can also use Hg isotope values to infer the extent of biological and dark abiotic 

reactions to which MMHg was subjected prior to photochemical degradation. The δ202Hg value 

prior to photochemical degradation was estimated using the approach first proposed by Gehrke et 

al. (43) by applying the experimentally derived slopes representing the expected changes in 

MMHg isotopic composition caused by photochemical degradation at varying DOC 

concentrations (21). This approach has been used to estimate δ202Hg values for MMHg prior to 

photochemical degradation in many aquatic ecosystems (25, 39-41, 43). Using the DOC level in 

Douglas Lake during the aquatic sampling period (9.6-11.1 mg/L; Table 1), we employ the 

Δ199Hg/ δ202Hg slope of 4.79±0.33, which represents the change in MMHg isotopic composition 

at 10mg/L DOC. We note, however, that the Hg/DOC ratio of the experiments of Bergquist and 

Blum (21) were much higher than in natural systems. With this caveat, we estimate that MMHg 

had a δ202Hg value of ~ -0.52 ‰ prior to ~20% photochemical degradation in the aquatic 

ecosystem (Fig 4). This value is higher than that of IHg estimated based on the linear regression 

of % MMHg versus Hg isotope values as well as the values for the sediment composed mainly of 

IHg. Based on this result, the simplest explanation for the δ202Hg difference between the 

sediment (IHg) and the estimated MMHg is the combined effect of microbial methylation of IHg 

(18) and subsequent dark abiotic or microbial demethylation of MMHg in the sediment (19), 

causing the remaining MMHg to have a higher δ202Hg value compared to the reactant IHg. 

Alternatively, the introduction of a small proportion of an external IHg source (i.e. terrestrial 

soil, precipitation), which has a different δ202Hg value than the bulk sediment, could be 

preferentially methylated and subsequently demethylated to produce values estimated for 

MMHg. 

Sediment near the sediment-water interface has been suggested as the dominant site for 

MMHg production in many freshwater lake systems (46, 47). It has been observed that δ202Hg 

values estimated for MMHg from biota are typically higher than many lake and coastal 

sediments where microbial methylation and demethylation processes are active (30, 39, 41, 43). 
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Although our result is consistent with the previous findings that suggest sediment as the primary 

site for MMHg production, our study shows that only a fraction of the IHg in sediment may be 

available for production of MMHg. In this study, we estimated the isotopic composition of IHg 

in the food web by measuring organisms with a wide range of % MMHg values. The isotopic 

composition estimated for IHg, representing the bioaccumulated IHg, displayed a slightly lower 

δ202Hg value and a significantly lower Δ199Hg value compared to the values for the sediment. 

Based on this evidence, we speculate that there are two IHg pools in the sediment (e.g., 48)—one 

that is preferentially methylated and bioaccumulated and the other representing the remainder of 

IHg in the bulk sediment.  

To explain the estimated IHg isotope values, we suggest that IHg may be derived in part 

from runoff of terrestrial soil, which is consistent with the low δ202Hg and Δ199Hg values of the 

terrestrial soil measured in this study as well as forest floor from northeastern Wisconsin forests 

(49, 50) (Fig 5). Forest watersheds have been shown to supply significant amounts of IHg to 

freshwater lakes via watershed runoff (51, 52). Recent experimental studies have also shown that 

dissociation of IHg bound to soil organic matter can impart slightly higher δ202Hg on the 

desorbed (soluble) fraction of IHg (53), and can provide IHg that is available for uptake by 

microbial cells (54). It is possible that bioaccumulated IHg is deposited to surface sediment via 

watershed runoff and is preferentially methylated, and subsequently demethylated to produce a 

higher δ202Hg value in the estimated MMHg prior to photochemical degradation and 

bioaccumulation. A fraction of IHg that has been incorporated into microbial cells but has not yet 

undergone microbial methylation could then be passed to various organisms from the base of the 

food web. For the bulk sediment, a mixture of IHg derived from terrestrial soil and IHg deposited 

through precipitation, which has higher δ202Hg and Δ199Hg values than the local sediment, 

appears to be responsible for the positive Δ199Hg values and the slightly higher δ202Hg value 

compared to the estimated IHg (Fig 5). In fact, our bulk sediment values are within the ranges of 

δ202Hg but higher in Δ199Hg compared to many freshwater lake and stream sediments measured 

previously (41, 55, 56). Photochemical reduction of IHg from precipitation has been used to 

explain the positive Δ199Hg values in shallow and relatively undisturbed sediments (39, 56), and 

we suggest that precipitation is likely responsible for the positive Δ199Hg values documented in 

the Douglas Lake littoral bulk sediment. 
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The isotopic composition of IHg in the bulk sediment suggests that precipitation may be 

an important IHg source to the Douglas Lake food web in addition to IHg derived from the 

terrestrial soil (Fig 5). It has been suggested that inorganic Hg recently deposited through 

precipitation can be preferentially methylated and supply the dominant MMHg source to some 

North American freshwater lake food webs compared to a previously deposited IHg (57-59). 

Interestingly, we found consistent ranges of δ202Hg values between the estimated MMHg in 

sediment prior to photochemical degradation and precipitation characterized as background or 

collected from North American regions that are unimpacted by point source Hg (Fig 4) (49, 60). 

While this is speculative, it is possible that precipitation deposited to surface sediment via 

sorption to particles and that has undergone both microbial methylation and demethylation, could 

also provide a viable explanation for the observed δ202Hg values that we estimate for MMHg 

prior to photochemical degradation. 

In summary, our results are consistent with in situ MMHg production of IHg from an 

external source. This IHg may have originated from either watershed runoff of terrestrial soil or 

IHg deposited through precipitation. MMHg produced in the surface sediment was then 

subjected to a small amount of photochemical degradation before entering the food web. The 

MMHg production and bioaccumulation from the sediment is also consistent with the feeding 

behaviors and the habitat of the aquatic organisms collected in this study (Table 2). We can 

explain the small Hg isotopic variability in the linear regression of % MMHg versus Hg isotope 

values by the variation in feeding behaviors, which can expose certain aquatic organisms to 

additional MMHg sources. For instance, the mussel sample displayed a slightly higher than 

expected Δ199Hg value considering its low trophic position (32% MMHg, δ15N= 4.36 ‰) and its 

low δ202Hg value, which is consistent with a mixture of IHg and MMHg (Fig 2a,b). It is possible 

that the mussel was exposed to MMHg subjected to additional photochemical degradation in the 

water column via particle re-suspension from the sediment. The mussel in this study displayed 

the most depleted δ13C value, confirming its reliance on water column resources (i.e. 

phytoplankton, seston) via an active filter feeding mechanism. In contrast, the snail displayed a 

relatively high δ202Hg value compared to the low Δ199Hg value, which is consistent with a 

mixture of IHg and MMHg (Fig 2a,b). We suggest that the snail is exposed to MMHg that was 

subjected to additional microbial methylation and demethylation. Periphyton and algal mats have 

been shown to provide adequate microhabitats for microbial activity in freshwater lakes (61, 62). 
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The highest δ13C value observed in the snail is consistent with its extensive grazing behavior on 

periphyton and microbe-rich substrates. 

 

5.3.3. MMHg biomagnification in the riparian and forest food webs  

The THg concentrations in the terrestrial basal resources were 7.97±0.23, 26.7±0.57 and 

38.4±0.79 ng/g in the riparian soil, forest soil, and leaf litter, respectively (Table 2). The THg 

concentrations of the forest organisms ranged between 18.3 (moth) and 487 ng/g (millipede) 

(Table 2). The % MMHg increases in the order: worm (2 %), millipede (9 %), moth (19 %), 

dragonfly (44 %), beetle larvae (63 %), spider (97 %), and beetle (99%) (Table 2). The % 

MMHg values of the forest organisms displayed a significant positive relationship with the δ15N 

values (r2= 0.57, p<0.05), indicating that biomagnification of MMHg is taking place in the forest 

food web. The δ13C values displayed a wide range, between -31.5 and -23.3 ‰, and overlapped 

with the ranges for the aquatic ecosystem (Table 2). This suggests that the aquatic and forest 

food webs may be relying on similar energy resources. 

The terrestrial basal resources and organisms displayed a wide range in δ202Hg (-2.25 to -

0.35 ‰), and Δ199Hg values (-0.22 to 1.80 ‰) (Table 2). These values also overlapped with the 

ranges of Hg isotope values observed in the aquatic ecosystem. Based on the biomagnification 

trend of MMHg, we plotted δ202Hg and Δ199Hg values against % MMHg of the forest organisms. 

Basal resources were excluded from the linear regression to differentiate between the IHg 

associated with the basal resources and the IHg that has bioaccumulated in the food web. We 

observed significant correlations with δ202Hg (r2= 0.59, p<0.05) and Δ199Hg (r2= 0.68, p<0.05) 

(Fig 6a,b). We estimate that MMHg (100% MMHg) has a δ202Hg value of -0.34 (± <0.01 ‰) and 

a Δ199Hg value of 1.36 ‰ (± <0.01 ‰). The estimated isotopic composition of IHg is δ202Hg= -

1.34 (± <0.01 ‰) and Δ199Hg= -0.04 ‰ (± <0.01 ‰), which is consistent with values for the soil 

measured in this study as well as soil collected in other temperate forest (25, 49).  

Overall, the δ13C and Hg isotope values displayed overlapping ranges between the aquatic 

and adjacent forest ecosystems. The isotopic compositions estimated for MMHg and IHg were 

similar between the two ecosystems (Fig 7). These results indicate that the forest organisms 

either share similar MMHg sources with the aquatic organisms (via emergent insect mediated 

MMHg flux) or receive similar IHg sources from terrestrial resources. Within the forest 

ecosystem, we observed a large isotopic variability within the same species of organisms (beetle 
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larvae, beetle, spider) measured at different distances (0-5, 5-10, 10-30, 30-60 meters) from the 

lakeshore (Fig 8a,b). The large Hg isotopic variability among the forest organisms indicates that 

MMHg is potentially subjected to varying extents of biogeochemical processes such as 

methylation, demethylation and photochemical degradation prior to bioaccumulation at different 

forest ecosystem positions. Below we assess the relative importance of MMHg sources and 

possible biogeochemical processes in the forest ecosystem, and provide an explanation for the 

large Hg isotopic variability among the forest organisms. 

 

5.3.4. Hg transfer between aquatic and forest ecosystems 

Our results contrast somewhat with Tsui et al. (25), who previously observed distinct 

δ202Hg values for MMHg and a large offset in the estimated IHg and MMHg isotopic 

compositions between stream and upland forest food webs in northern California, USA. That 

study also observed intermediate δ202Hg values in the riparian organisms and attributed them to 

the bioaccumulation of both forest- and stream-driven MMHg sources via emergent insect 

mediated MMHg flux to adjacent forest ecosystems. We assess the potential importance of 

emergent insect mediated MMHg flux to the adjacent forest food web at Douglas Lake by 

comparing δ202Hg values for insects that have close to 100% MMHg (carnivores) and were 

measured at varying distances from the lake (beetle larvae, beetles, spiders) (Fig 8a). We did not 

observe significant or consistent changes in δ202Hg with distance. The average THg and MMHg 

concentrations in the forest organisms were at least 2 times higher than the average THg and 

MMHg concentrations of the aquatic organisms. This indicates that even with a significant 

emergent insect mediated MMHg transfer from the aquatic ecosystem to the forest; the aquatic 

MMHg is unlikely to be the dominant MMHg source to the terrestrial macroinvertebrate 

communities, which is consistent with another recent study (63).  

Emergent insect mediated MMHg flux to the forest ecosystem is perhaps only important 

to those animals that mainly consume emergent insects (Fig 4). In the bat hair (composed mainly 

of MMHg) (8), we documented a similar Δ199Hg value but a much higher δ202Hg compared to 

dragonfly larvae (Aeshinidae). The bat excrement, composed mainly of IHg, displayed similar 

Hg isotope values with the bulk lake sediment. Based on this, we propose that the anomalously 

high δ202Hg value in the bat hair is caused by an internal metabolic fractionation of δ202Hg upon 

bioaccumulation of MMHg from the aquatic ecosystem. Previous studies have documented 1-
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2 ‰ higher δ202Hg values, but identical Δ199Hg values, in birds, and in mammals including seals, 

whales, and human hair compared to their respective diets, and attributed this to fractionation 

associated with internal demethylation of MMHg (27, 29, 39, 44, 64, 65). For bat excrement, the 

low Δ199Hg value indicates that the bat excrement most likely reflects varying mixtures of 

bioaccumulated IHg and MMHg from the aquatic ecosystem rather than resulting from internal 

demethylation. 

For the majority of forest organisms, the isotopic composition estimated for IHg strongly 

indicates that the aquatic and forest ecosystems share a similar IHg source (Fig 7). We observed 

a consistent increasing trend in δ202Hg and Δ199Hg values from terrestrial soil to riparian soil and 

finally to the bulk sediment (Fig 5), and found significant negative relationships between THg 

concentration and Hg isotope values for the terrestrial soil, riparian soil, and the bulk sediment 

(δ202Hg; p<0.05, r2= 0.87, Δ199Hg; p<0.05, r2= 0.71). Based on this evidence, it appears that IHg 

input via watershed runoff of terrestrial soil is responsible for the ranges of δ202Hg and Δ199Hg 

values among the riparian soil and sediment. The overlapping ranges of δ13C values between the 

aquatic and forest ecosystems further supports the hypothesis that the organisms from two 

different ecosystems may be relying on similar energy resources in addition to IHg (Table 2). 

Overall, our study suggests that emergent insects play a less important role as an energy subsidy 

to the adjacent forest food webs compared to the northern California forests where rocky 

substrates dominate and energy resources for riparian and upland forest macroinvertebrates are 

insufficient during dry summer periods (25). Instead, the terrestrial ecosystem appears to supply 

important energy resources along with IHg to the riparian and subsequently to the aquatic 

ecosystem at our study site. 

 

5.3.5. Sources and biogeochemical processing of MMHg in the riparian and forest food 

webs 

The processes governing in situ MMHg production and photochemical degradation may 

be similar between the littoral and forest ecosystems based on the direction and the magnitude of 

the estimated isotopic composition of MMHg in our study site (Fig 7). The large Hg isotopic 

variability among the forest organisms indicates that MMHg derived from the forest ecosystem 

may be subjected to varying extents of photochemical degradation prior to bioaccumulation. In 

this study, we collected diverse assemblages of forest organisms at varying distances from the 
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lakeshore; each differing slightly in environmental characteristics. Among the insects that have 

~100% MMHg and were measured at each location, we observed an overall decreasing trend in 

Δ199Hg values with increasing distance from the lakeshore (Fig 8b). The lower Δ199Hg values 

with increasing distance correspond with % canopy openness, which decreased systematically in 

the progression: 55, 24, 20, and 11%. We used the slope of Δ199Hg/ Δ201Hg to distinguish 

between photochemical degradation and reduction of MMHg and IHg, and found a slope of 

1.21±0.03 (r2= 0.98, p <0.05) (Fig 3). This slope suggests that MMHg is indeed photochemically 

degraded prior to bioaccumulation and that the extent of photochemical degradation may vary 

depending on the location within the forest. 

Using the same method as in the aquatic ecosystem, we used the slope of Δ199Hg/δ202Hg= 

4.79±0.33 to estimate the δ202Hg value of MMHg prior to photochemical degradation in the 

forest ecosystem. These are only rough estimates, however, because photochemical degradation 

experiments were conducted in aqueous solutions and thus different conditions from those in the 

natural forest setting (21). We estimate that MMHg had a δ202Hg value of ~ -0.62 ‰ prior to 

~15% photochemical degradation in the forest ecosystem (Fig 9). This value is higher than the 

δ202Hg value of IHg estimated based on the linear regression of % MMHg versus Hg isotope 

values as well as the values for the soil composed mainly of IHg.  

We first discuss the potential importance of precipitation as a source of IHg to the forest 

ecosystem. We found consistent ranges of δ202Hg values between the estimated MMHg prior to 

photochemical degradation and precipitation samples characterized as background in North 

American regions (49, 60). Nonetheless, we suggest that precipitation is unlikely to be an 

important IHg source to the forest ecosystem. We observed significantly lower Hg isotope 

values, particularly in Δ199Hg, in the terrestrial basal resources including soil and leaf litter 

compared to precipitation, indicating that precipitation provides a relatively small IHg input to 

the forest ecosystem (Fig 5). Instead, we infer that IHg is microbially methylated and perhaps 

demethylated in the soil prior to photochemical degradation and bioaccumulation to the forest 

food web. The isotopic composition estimated for IHg based on the linear regression of % 

MMHg versus Hg isotope values was nearly identical to the Hg isotopic composition of the soil, 

indicating that soil is likely the dominant site for MMHg production and serves as the base of the 

food web (Fig 6a,b). Previous studies have also shown that deciduous foliage, which uptakes 

gaseous Hg from the atmosphere, is the dominant IHg input to terrestrial ecosystems rather than 

98 



precipitation (49, 66, 67). The highly negative δ202Hg values in the leaf litter are thought to be 

the product of MDF during the uptake and subsequent oxidation of gaseous Hg within the foliage 

(49). As it decays, IHg associated with the foliage is sequestered into soil (66). We suggest that 

the combined effect of microbial methylation and subsequent demethylation of this sequestered 

IHg can produce a higher δ202Hg value in the estimated MMHg prior to photochemical 

degradation. 

 

5.4. Conclusion 

The Hg isotope ratios measured in the basal resources as well as the aquatic and forest food 

webs suggest that both ecosystems may be subjected to similar biogeochemical processing of 

MMHg, which includes in situ MMHg production and photochemical degradation prior to 

bioaccumulation into the food webs. In addition to MMHg, the measurement of Hg isotope ratios 

in organisms with low % MMHg have allowed us to differentiate between the IHg associated 

with the basal resources and the IHg that has bioaccumulated into the food web. Many previous 

studies that characterized Hg isotope ratios in ecosystem food webs have simply assumed that 

the observed range in Hg isotopic composition was the result of MMHg incorporation that has 

undergone varying amounts of photochemical degradation prior to entry into the food web (29, 

39-41). This is valid for studies of fish and other organisms that have a high % MMHg in their 

tissues, but not for food web items with low % MMHg. Further study is required to investigate 

the relative importance of IHg sources (i.e. precipitation and terrestrial soil) and differentiate its 

bioavailability for supplying the dominant MMHg source to the aquatic and forest ecosystems. 

Our study suggests that the use of Hg isotopes adds important new insight when deciphering 

complex Hg transfer pathways and delineating the presence of multiple IHg pools in natural 

ecosystems.  
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Figure 5.1 Sampling locations at the University of Michigan Biological Station, Michigan, USA. 
Map modified from www.agcensus.usda.gov. 
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Figure 5.2 Plot of % MMHg versus δ202Hg (a) and ∆199Hg values (b) of aquatic organisms. The 
solid lines represent the linear regression based on % MMHg versus Hg isotope values of aquatic 
organisms. Sediment values are not included in the linear regression (see text for explanation). 
 
 
 

 
Figure 5.3 Plot of ∆201Hg and ∆199Hg values of aquatic and forest organisms. The lines represent 
the slope of ∆199Hg/∆201Hg, which has been used to distinguish the photochemical reduction and 
degradation of IHg (~1.0) and MMHg (~1.3). Analytical uncertainty is indicated by the error bar 
(2 s.d). 
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Figure 5.4 Plot of δ202Hg and ∆199Hg values of precipitation, sediment and aquatic organisms. 
The δ202Hg and ∆199Hg values estimated for IHg and MMHg both before and after 
photochemical degradation are also shown. The orange arrow represents the experimentally 
derived photochemical degradation slope for MMHg. The black arrow represents the internal 
demethylation of MMHg sampled in bat hair. Symbols are the same as Figure 2 except for open 
diamonds, which represent bat excrement (black) and bat hair (red). Analytical uncertainty is 
indicated by the error bar (2 s.d). 
 

 
Figure 5.5 Plot of δ202Hg and ∆199Hg values of basal resources from adjacent forest and aquatic 
ecosystems, and precipitation. Precipitation values are from Demers et al., (2013), and Gratz et 
al., (2010) and represent precipitation that is not impacted by point source Hg. Forest floor 
values are from Demers et al., (2013), collected from northeastern Wisconsin forests. Analytical 
uncertainty is indicated by the error bar (2 s.d). 
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Figure 5.6 Plot of % MMHg versus δ202Hg (a) and ∆199Hg values (b) of forest organisms. The 
solid lines represent the linear regression based on % MMHg versus Hg isotope values of forest 
organisms. Values for soil are not included in the linear regression (see text for explanation). 
 

 
Figure 5.7 Plot of 202Hg and ∆199Hg values estimated for IHg and MMHg from aquatic and 
forest ecosystems. The orange arrows represent the experimentally derived photochemical 
degradation slope for MMHg. Analytical uncertainty is indicated by the error bar (2 s.d). 
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Figure 5.8 Plot of forest gradient (meters) versus δ202Hg (a) and ∆199Hg values of beetles, beetle 
larvae, and spiders. The lines depict the trend of δ202Hg and ∆199Hg values of beetles (red), beetle 
larvae (grey), and spiders (orange) with respect to distance from the Douglas Lake shoreline. 
Asterisks represent the mean values. Symbols are the same as Figure 6. 
 

 

 
Figure 5.9 Plot of δ202Hg and ∆199Hg values of precipitation, soil, and forest organisms. The 
δ202Hg and ∆199Hg values estimated for IHg and MMHg both before and after photochemical 
degradation are also shown. The orange arrow represents the experimentally derived 
photochemical degradation slope for MMHg. Symbols are the same as Figure 6. Analytical 
uncertainty is indicated by the error bar (2 s.d) 
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Table 5.1 Water quality parameters for Douglas Lake. The data shown were obtained from the 
Douglas Lake Buoy during the aquatic sampling period of May-June, 2013. 
 

Average daytime solar 
radiation (W/m2) 

Surface water temperature 
(°C) Turbidity (mg/L) DOC (mg/L) 

435±239 16.7 to 18.9 9.6 to 10.6 9.80 to 11.1 
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Table 5.2 THg concentrations (ng/g), % MMHg, stable carbon and nitrogen values and Hg isotope ratios of all basal resources and 
biota. Asterisks represent values derived from other literatures. 

Common name (scientific name/family if known) 
THg 
(ng/g) 

% 
MMHg δ15N (‰) δ13C (‰) δ202Hg (‰) Δ199Hg (‰) Δ201Hg (‰) Δ200Hg (‰) 

Aquatic         
Sediment 4.22 1   -0.82 0.29 0.48 -0.09 
 4.30 1   -0.91 0.34 0.51 0.06 
 4.25 1   -1.01 0.33 0.07 -0.07 
Aquatic detritus (decaying deciduous foliage) 26.5 3   -2.05 -0.12 -0.03 -0.06 
 26.1 3   -1.93 -0.01 -0.09 0.02 
Mayfly (Hexagenia limbata) 42.1 42 3.60 -25.8 -0.84 0.53 0.47 0.13 
 45.8 42   -0.75 0.49 0.43 0.09 
 46.2 42   -0.87 0.49 0.49 0.15 
Zebra mussel (Dreissena polymorpha) 57.7 32 4.36 -30.7 -0.96 0.99 0.84 0.11 
Aquatic snail (mixed, NA) 58.1 46 3.82 -22.8 -0.33 0.94 0.76 0.12 
Dragonfly larvae (Aeshnidae) 31.7 67 5.77 -23.2 -0.38 1.01 0.82 0.16 
 31.9 67   -0.45 1.08 0.81 0.16 
Giant waterbug (Belostomatidae) 37.5 80 6.10 -24.1 -0.13 1.42 1.17 0.09 
Dragonfly larvae (Erythemis simplicicollis) 39.4 84 7.01 -26.6 -0.08 1.69 1.40 0.08 
Crayfish (NA) 40.5 90*   0.12 2.05 1.63 0.09 
Yellow perch (Perca flavescens) 95.5 102 8.00 -23.4 0.08 2.31 1.85 0.00 
Sand shiner (Notropis stramineus) 186 117 7.92 -27.7 -0.07 2.43 1.92 0.10 
 186 117   -0.08 2.52 1.93 0.16 
         
Riparian         
Soil 7.80 4   -1.19 0.07 0.05 0.09 
 8.13 4   -1.27 0.10 -0.06 0.08 
Earth worm (NA) 169 2 1.43 -25.9 -1.48 -0.19 -0.13 0.00 
Millipede (Spirobolida) 480 9 -0.46 -24.0 -1.65 -0.06 -0.21 0.08 
 487 9   -1.69 -0.12 -0.22 0.06 
Dragonfly (Aeshinidae) 81.9 44 6.32 -23.3 -0.40 1.11 0.77 0.09 
 80.5 44   -0.39 1.20 0.87 0.24 
Beetle larvae (Necrophila americana) 84.1 63 7.42 -27.1 -0.51 1.09 0.81 0.10 
 127 63   -0.66 1.00 0.82 0.00 
Spider  
(mixed Lycosidae, Thomisidae, Tetragnathidae) 170 97 8.38 -25.6 -0.37 1.08 0.86 0.11 
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 174 97   -0.41 0.80 0.59 0.19 
Beetle (mixed Carabidae, Silphidae) 221 99 5.97 -25.7 -0.53 1.63 1.23 0.12 
 180 99   -0.48 1.73 1.36 0.11 
 184 99   -0.42 1.80 1.34 0.18 
         
Forest         
Soil 26.1 0.3   -1.51 -0.21 -0.25 0.06 
 27.3 0.3   -1.59 -0.22 -0.28 0.06 
 26.6 0.3   -1.68 -0.18 -0.22 0.03 
Leaf litter 39.0 0.3   -2.22 -0.11 -0.08 0.04 
 37.9 0.3   -2.25 -0.18 -0.14 0.06 
Millipede (Spirobolida) 412 9 -0.32 -27.8 -1.57 -0.15 -0.25 0.04 
Bat excrement (Myotis lucifugus) 117 18 6.03 -29.0 -0.63 0.60 0.42 0.11 
 117 18   -0.64 0.53 0.47 0.14 
Moth (mixed, NA) 18.3 19 4.07 -28.7 -1.02 0.11 -0.04 -0.02 
Beetle larvae (Necrophila americana) 107 63 6.29 -29.5 -0.92 0.78 0.65 0.07 
 96.8 63   -0.66 0.84 0.72 0.10 
Spider (mixed Pholcidae, Lycosidae, 
Tetragnathidae) 183 97 7.47 -25.4 -0.68 0.77 0.51 0.15 
 173 97   -0.44 0.75 0.60 0.06 
Beetle (mixed Carabidae, Silphidae) 135 99 6.99 -31.5 -0.42 1.12 0.88 0.12 
 214 99   -0.35 1.50 1.17 0.15 
Bat hair (Myotis lucifugus) 988 100*   0.53 1.62 1.18 0.06 
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CHAPTER 6  

 

Conclusion 

 

Mercury has been mined and purified for centuries and used in many commercial 

products because of its unique and valuable properties (1). Hg is continuously released to the 

environment from various natural and anthropogenic sources, posing significant health risks to 

wildlife and humans. Since the 1960s, various aspects of Hg sources, biogeochemical processes, 

and fate have been investigated with the ultimate goal of helping to protect wildlife and humans 

from Hg exposure. Complex biogeochemical processes governing Hg speciation and transport, 

however, have made it difficult to clearly link Hg sources to receptors based on Hg concentration 

alone. 

In this dissertation, we paid specific attention to the sources and biogeochemical processes 

of Hg in aquatic ecosystems, ranging from freshwater lakes, to estuaries, and to marine 

environments. The ability to precisely measure Hg isotope ratios in diverse environmental 

samples has enabled us to develop new approaches to tracing environmental sources of Hg (i.e., 

sediment, precipitation, soil, water), and to establish clear linkages between Hg sources and 

receptors. The research described in this dissertation demonstrates that the application of Hg 

isotopes can improve our ability to trace Hg sources in natural environments, and adds new 

knowledge to the field of aquatic Hg biogeochemistry. 

 

6.1. Summary of key findings 

6.1.1. Mercury isotope fractionation 

The most critical finding in this dissertation is the absence of Hg isotope fractionation 

during bioaccumulation and trophic transfer in aquatic food webs. In Chapters 2 and 3, we found 

that isotope values of fish tissues completely re-equilibrated to the isotopic composition of the diet 

composed mainly of MMHg. We found that when fish were fed with diets composed of both 
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IHg and MMHg, the isotope values of fish tissues displayed isotopic compositions reflecting 

MMHg. Previous studies have observed increasing Hg isotope values with increasing trophic 

position, and attributed this to the internal metabolic fractionation of Hg (2). Our experimental 

studies have challenged this notion by showing that IHg and MMHg have different isotopic 

compositions, and the preferential trophic transfer of MMHg is responsible for the observed 

increasing Hg isotope values with trophic position. Currently, it is analytically challenging to 

measure Hg isotope ratios in low Hg concentration samples such as water and air. The fact that the 

isotopic composition representing an environmental source of MMHg (i.e., sediment, precipitation, 

soil, water) can be retained in fish tissues presents multiple advantages for tracing MMHg sources 

in natural environments. In fact, this finding has already led to many subsequent studies that 

measured Hg isotopic compositions in organisms to distinguish the relative importance of MMHg 

sources and to understand complex biogeochemical processes governing MMHg in natural aquatic 

ecosystems (3-8). 

Enabled by the findings of Chapters 2 and 3 we estimated the isotopic composition of 

MMHg sources to aquatic organisms with varying % MMHg and trophic positions from five 

Northeast coast (USA) estuaries (Chapter 4). We found significant positive relationships 

between % MMHg and Hg isotope values in the estuarine food webs, indicating that MMHg 

accumulated from the local environment is indeed retained in fish tissues during bioaccumulation 

and trophic transfer. In contrast, we found anomalously high δ202Hg values in eider (seaducks), 

which are different from other aquatic organisms measured in this study. We hypothesize that the 

high δ202Hg values is caused by internal demethylation, causing the remaining MMHg to shift 

toward higher δ202Hg values compared to the reactant MMHg (9). This supports the previous 

hypothesis, which suggested that internal metabolic fractionation of δ202Hg (but not ∆199Hg) may 

occur in birds, as well as in mammals such as seals, whales, and human hair (10-14).  

 

6.1.2. Mercury sources and biogeochemistry in aquatic ecosystems  

In addition to understanding processes that cause Hg isotope fractionation, the research 

described in this dissertation has provided new information to the sources and biogeochemical 

cycling of Hg in aquatic ecosystems. In Chapter 4, we found that MMHg associated with 

sediments and that has undergone small amounts of photochemical degradation, acts as the 

dominant source to many estuarine organisms. There has been a long-standing debate over the 
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relative importance of MMHg derived from sediment or from the water column as a source to 

estuarine organisms. Complex biogeochemical processes affecting Hg bioavailability between 

sediment and the water column (i.e., diffusion, resuspension, advection, particle settling) made it 

difficult to trace the dominant MMHg sources in the estuarine food webs based on Hg 

concentrations alone. The ability to establish a clear linkage between Hg source and receptor has 

allowed us to resolve this long-standing debate in estuaries. While we found some evidence that 

MMHg introduced externally and accumulated from the water column may be more important as 

a source to certain feeding guilds at certain localities (i.e., mussels at Bold Point, RI), the 

ecological variability of MMHg sources was clearly demonstrated by measuring Hg isotope 

ratios in organisms representing diverse feeding guilds.  

In Chapter 5, we estimated the isotopic compositions of both IHg and MMHg in a 

freshwater lake and adjacent forest food webs by measuring organisms with even broader % 

MMHg values, and compared the estimated values to assess Hg transport pathways between two 

ecosystems. We found that MMHg produced in situ and that has undergone photochemical 

degradation is the dominant source to both the aquatic and forest food webs. In addition to 

MMHg, we found similar isotope values estimated for IHg between the aquatic and forest food 

webs. We hypothesize that IHg deposited via watershed runoff acts as an important Hg transport 

pathway between forest and aquatic ecosystems, and that this is more important than the flux of 

Hg from emergent insects, which was documented by a study in the northern Californian streams 

(5). We also found multiple IHg pools in the bulk lake sediment—one that was deposited 

through watershed runoff of terrestrial soil and the other deposited through precipitation. While 

further work is needed to distinguish the relative importance of IHg sources, our study 

demonstrates that IHg introduced from various sources may differ in its ability to produce 

MMHg in aquatic ecosystems. 

 

6.2. Suggestions for future work 

This dissertation contributes to the field of Hg stable isotope biogeochemistry and aquatic 

Hg biogeochemistry in a number of important ways. The work presented here also, however, 

raises many important new questions that need to be answered by additional research. By 

answering them, we expect that the use of Hg isotopes will enable more precise linkages between 

Hg source and receptor and help to validate tools developed in this study. 
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First, it is important to analytically separate IHg and MMHg for the measurement of 

isotope values in biotic samples. The current measurement of Hg isotope ratios is based on total 

Hg because it is analytically difficult to separate and measure IHg and MMHg isotopic 

compositions without introducing matrix effects (15). While the studies presented in this 

dissertation strongly suggest that IHg and MMHg have contrasting isotopic compositions, it is 

important to confirm this hypothesis by comparing the estimated versus measured IHg and 

MMHg isotope values. We believe that this confirmation will lead to further support of our 

methods and evaluation of uncertainties associated with the estimation of isotopic compositions 

for IHg and MMHg. 

Second, it is important to couple feeding experiments with models that can identify 

important factors affecting Hg isotope bioaccumulation and turnover in organisms. The rate at 

which Hg isotopes bioaccumulate and turn over organisms is expected to vary substantially 

depending on the type of food, Hg concentration of the diet, life history characteristics (i.e., size, 

age), and physiological conditions (i.e., metabolic activities) of the aquatic organisms. In fact, in 

Chapter 3, we found that the physiological state of fish and total Hg concentration of the diet 

may influence the turnover of Hg isotopes in various organs and tissues. By coupling feeding 

experiments with models that can incorporate biological, ecological and environmental factors, 

we may be able to more accurately use Hg isotope ratios in fish as a monitoring tool for tracing 

MMHg sources and biogeochemical processes in natural environments. 

Finally, in addition to estimating the isotopic compositions of IHg and MMHg, it is 

important to distinguish the relative importance of IHg sources and their bioavailability for 

supplying the dominant MMHg source to aquatic ecosystems. Many environmental reservoirs 

represent mixtures of IHg pools, reflecting diverse origins (16, 17). While it is possible to 

identify the primary site for MMHg production, tracing the bioavailable IHg source that is 

responsible for MMHg production and bioaccumulation remains a challenge. We expect that 

field studies coupled with experimental studies will help to distinguish importance IHg sources, 

and establish more precise linkages between Hg sources and receptors.
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