Original Article

CE Schlekat et al.

Bioavailability-Based Sediment Risk AssessmentNakel

Development of a Bioavailability-Based Risk Assesstmpproach for Nickel in Freshwater
Sediments

Christian E Schlekat,*t Emily R Garman,T Marnix Mangheluwe,f and G Allen Burton, Jr§

TtNickel Producers Environmental Research Associailmrham, North Carolina, USA
TArche Liefkensstraat 35d, Ghent (Wondelgem), Relgi

8University of Michigan, School of Natural Resow@nd Environment, Ann Arbor, Michigan,
USA

(Submitted 7 July 2015;Returned for Revision 22 September 2015;Accepted 1 October 2015)

All Supplemental Data may be found in the onlieesion of this article.
*&thinsp;Address correspondence to cschlekat@nipeya/FNTX>
Published online XX Month 2015 in Wiley Online Layy (wileyonlinelibrary.com)

ABSTRACT</ABH>

To assess nickel (Ni) toxicity and behavior in fneater sediments, a large-scale laboratory and
field sediment testing program was conducted. Thgram used an integrative testing strategy
to generate scientifically based threshold valoed\i in sediments and to develop integrated
equilibrium-partitioning based bioavailability mdsgldor assessing risks of Ni to benthic
ecosystems. The sediment testing program was &imstitutional collaboration that involved
extensive laboratory testing, field validation albbratory findings, characterization of Ni
behavior in natural and laboratory conditions, ardmination of solid phase Ni speciation in
sediments. The laboratory testing initiative wasdwected in 3 phases to satisfy the following

objectives: 1) evaluate various methods for spilsediments with Ni to optimize the relevance



of sediment Ni exposures; 2) generate reliableoxenty data by conducting standardized
chronic ecotoxicity tests using 9 benthic speaieseidiments with low and high Ni binding
capacity; and, 3) examine sediment bioavailabittationships by conducting chronic
ecotoxicity testing in sediments that showed bn@exdjes of acid volatile sulfides, organic
carbon, and Fe. A subset of 6 Ni-spiked sedimeatsdeployed in the field to examine benthic
colonization and community effects. The sedimestirig program yielded a broad, high quality
data set that was used to develop a Species Sépditistribution for benthic organisms in
various sediment types, a reasonable worst cadecfée no-effect concentration for Ni in
sediment (PNEGadimer), and predictive models for bioavailability ancitty of Ni in

freshwater sediments. A bioavailability-based apphowas developed using the ecotoxicity data
and bioavailability models generated through tlseaech program. The tiered approach can be
used to fulfill the outstanding obligations undee European Union (EU) Existing substances
RA, EU REACH, and other global regulatory initigs:Integr Environ Assess Manag
2015;X:000&ndash;000. ©2015 SETAC</ABS>
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INTRODUCTION</H1>

Recently, a multi-laboratory, multi-phase resegmaject was conducted to provide a scientific
basis for a bioavailability-based approach for ssiegy risks of nickel (Ni) in sediments. This
project used sediments that were spiked with seliblto collect laboratory (Besser et al. 2013;
Brumbaugh et al. 2013) and field (Costello et L2, Custer 2012) ecotoxicity information.

The impetus for this research project was to filladgaps identified in the European Union’s
Existing Substances Risk Assessment of Nickel, whias a predecessor of Europe’s
Registration, Evaluation, Authorisation of ChemscdREACH). The goal of these legislative
initiatives is to assess the risks of ongoing potida and use of chemical substances to humans
and the environment, including the sediment compamt. Ni is also a priority substance under
the European Union (EU) Water Framework Directé@D) (Dir. 2013/39/EU) (Official

Journal of the European Union 2013), and derivisgdiment Environmental Quality Standard



for Ni is a possible way for managing risks tha @entified, e.g., through REACH.

Earlier attempts to develop sediment toxicity dataNi using laboratory toxicity tests were
unsuccessful, largely because Ni spiked into nhtesa sediments diffused from the sediment
into overlying water, resulting in overlying watncentrations sufficiently high to cause

toxicity (Vandegehuchte et al. 2007). This outcdnghlights the critical need to ensure
sediment spiking methodologies produce resultsesgntative of natural field sediment to avoid
test outcomes that are related to laboratory atsifd aboratory results (Vandegehuchte et al.
2007) and results of a Ni field recolonization st@dguyen et al. 2011) indicated the

importance of sediment parameters (e.g., acid l®kulfides [AVS]) as possible mitigating
factors for Ni toxicity. The European Commissiortided in 2008 that additional information
was required before a scientifically sound riskeasment of Ni to freshwater organisms could be

made (Official Journal of the European Union 2008).

A recent workshop sponsored by the European Ché&svAggency (ECHA) identified new
scientific developments within sediment risk asses# and made recommendations on
incorporating these advances into sediment risksassent guidance (ECHA 2014). Several of
the issues discussed at the workshop are spelyifietdvant for metals, including approaches
for introducing metals into test sediments (i.pikieg) and the development of metal-specific
bioavailability models. Other broader issues thatendiscussed are also applicable to metals,
including the identification of important taxonongoups that should be included in testing
strategies, and minimum numbers of species andsiggjtaxonomic groups that are needed

before probabilistic approaches like the SpeciesiBeity Distribution (SSD) can be used.

The recently completed Ni sediment research progm@anessed many of the developments that
were discussed at the ECHA workshop and represantesample for how research findings
can be implemented into sediment risk assessmhigt.afticle describes this research on Ni and
its incorporation into risk assessment (Figurarigluding 1) laboratory sediment toxicity
testing, 2) development of bioavailability modél} determining effects thresholds, and 4) field
validation. The first section focuses on obtairsediments with appropriate characteristics and

developing appropriate spiking methods for Ni idiseents. This section will also address issues



pertaining to obtaining sufficient ecotoxicity datause probabilistic approaches to determine
predicted-no-effects-concentrations (PNECS). A laickpecific guidance on the quantity and
quality of ecotoxicity data needed for probabitisapproaches and the limited numbers of
standardized sediment toxicity test species tleatarrently available make this an especially
challenging issue. The second section describeg@laonships between organism response
and sediment characteristics were identified ard tis develop bioavailability relationships in
both the laboratory and field. The third sectiosal#des how these components were brought
together in a tiered bioavailability-based approtachssess risks of sediment-associated Ni at
regional and local scales, and in ways that satiefyrequirements of both REACH and the
WEFD. Finally, the fourth section shows how fielddies evaluated the degree of uncertainty
associated with the laboratory-based ecotoxicitg dad bioavailability modeling. Key
advances in laboratory and field assessments wfekk achieved and are relevant for other

metals.

Sediment selection</H2>

The use of natural sediments in the determinatidhreshold concentrations or development of
bioavailability models in either the laboratorytbe field setting requires careful consideration
of sediment selection. Before selection, naturdinrsents should be evaluated for several key
factors, including geographical relevance (e.gjiamal relevance), relevance of physical and
chemical sediment characteristics (e.g., pH, ttganic carbon [TOC], AVS, Fe), elevated
background concentrations, and regulatory condidea Sediments must be identified and
evaluated with the objectives of the testing progna mind. For instance, for determination of a
PNEC, a reasonable worst case (RWC) sedimentdansat representing a potential worst case
exposure, should be used. According to REACH guidaa RWC-PNEC should reflect
conditions that represent the 10th percentile gs@al and chemical sediment characteristics
(ECHA 2008a). Therefore, sediments for which thespnce of toxicity mitigating factors (AVS,
TOC, and Fe) do not represent a RWC should be dedlirom the RWC-PNEC evaluation. The
physicochemical characteristics of the RWC sedinretite Ni sediment research program were
slightly below the 10th percentile distribution®¥S (AVS <1.0 umol/g), TOC (TOC < 1%),

and Fe (0.13%-0.34%) for sediments collected friurskrface waters, and hence represent a



RWC sediment exposure for surface waters withirBe

Alternatively, if the goal of the testing prograsithe development of models to predict
bioavailability and toxicity in the sediment comimaent, sediments that span broad ranges of
physicochemical characteristics should be consiti&ediments used in the development of the
predictive Ni bioavailability model ranged from $ethan 1.0 to 36 umol/g AVS and 0.4% to
10.5% TOC. Table 1 identifies the chemical and maygparameters of all of the sediments used

in Ni sediment toxicity tests.

Appropriate spiking methods</H2>

Adding metals to sediments (spiking) is the firstical step in the chemical-specific risk
assessment process since they allow concentradiini#y response relationships to be
established for various benthic invertebrate spedieaditional spiking methods involved adding
soluble metal salts to sediments without furtheeagment. These approaches have been
revisited recently due to artifacts they produneluding metal hydrolysis that depress porewater
pH and subsequently inhibit the binding of metalsédiment solid phases (Hutchins et al. 2007)
and because Ni diffusing into overlying water cantdbute to toxicity (Vandegehuchte et al.
2007; Simpson et al. 2004). These artifact-drivesults highlight the need to develop methods

where spiked sediments are more representativeldfdontaminated sediments.

Brumbaugh et al. (2013) developed a 2-step mettiosgipiking Ni into freshwater sediments
based on earlier approaches used for spiking CZandto marine sediments (Hutchins et al.
2008). The 2-step approach involved adding higltentrations of soluble Nigto sediments
followed by immediate pH adjustment with NaOH tdigate effects of hydrolysis. The product
of the first step, referred to as a “super-spikea’s equilibrated for 4 weeks. After this
equilibration, the super-spike sediment was dilwi&t unspiked sediment and equilibrated for
6 additional weeks to create a series of Ni comaéinhs. This concentration series was
ultimately used to create gradients of sedimentdsicentrations, which in turn were used to
establish concentration—response relationshipsiicity tests. The duration of the second

equilibration period was chosen based on time-edasa showing that porewater Ni



concentrations reached equilibration by the enth@®6-week period (Brumbaugh et al. 2013;
Besser et al. 2011).

Brumbaugh et al. (2013) used a number of diagnostiasures to evaluate the spiked sediments.
The first involved comparisons of Ni distributioaetficients Kq) between the laboratory-spiked
sediments and field sedimenis, represents the ratio of Ni between porewater afid phases
within the sediment. Lolq for 2 sediments that reflected extreme rangesring of sediment
chemistry ranged from 3.5 for a low AVS, low organarbon sediment (i.e., low metals binding
sediment) to 4.5 for a high AVS, high organic carisediment (i.e., high metals binding
sediment). This range is consistent with the 16tB0th percentile range (log 3.3 to log 4.2)
reported for field contaminated sediments (Allisord Allison 2005).

To evaluate consequences of the spiking approadventying water Ni concentrations and
ecotoxicological effects, toxicity tests with theghipodHyalella azteca were performed

following standard methods (USEPA 2000; ASTM 20MNigkel-spiked sediments were placed
in sediment toxicity chambers (0.3 L beakers filgth 0.1 L sediment and 0.175 L overlying
water). Dissolved Ni concentrations in overlyingt@ravere monitored for up to 27 d (6 d before
introducing organisms, and 21 d after organismwelded). Overlying water was exchanged at
rates from 2 to 8 volume exchanges per day. Dissb{%0.45 um) Ni concentrations remained
above reported toxicity thresholds, e.g., the U8ilBnmental Protection Agency (USEPA)
Continuous Criteria of 52 pg Ni/L (USEPA 2009) immbers where overlying water exchange
rates were between 2 and 4 volume exchanges pelngagrtantly, exchanging overlying water
had no effect on total recoverable Ni concentrationthe sediments, indicating that the Ni lost
from the sediments represented a small exchang#&abtesn of total sediment Ni. Brumbaugh

et al. (2013) concluded that an overlying watethexge rate of 8 times per day for the duration
of the toxicity test was required to maintain acabfy low Ni concentrations (e.g., <52 ug Ni/L)
in the overlying water while maintaining the targetliment Ni concentrations. Additionally,

they recommended that sediments be added to tpxést chambers at least 1 week before the
addition of test organisms to allow the developnodrain oxic sediment layer, which occurs in
situ in most surficial sediments (Boothman and Hgétier 1992). Another recommendation was

for overlying water to be replaced at a frequenic§ tmes per day during the 1 week pre-



exposure period. This approach mitigates the fiuXido the overlying water during testing,
creating concentration gradients with dissolvedep@ter concentrations as high as 48 pg Ni/L
at the end of the incubation period (Besser €Gi1). All of these steps act to minimize
overlying water Ni concentrations and thereby iaseethe causal relationship between observed
organismal response and exposure of Ni in sedipieses (i.e., porewater and solid sediment

phases).

Time course analysis by Brumbaugh et al. (2013hefsediments before they were added to the
toxicity test chambers showed the proportion okepiNi associated with porewater decreased
over time, suggesting corresponding increasesnidifg to solid sediment phases occurred.
Extraction with 1 N HCl liberated both AVS and Nismciated with a range of solid phases that
included amorphous sulfides, which comprise AVSsWould be consistent with results of a
field deployment of Ni-spiked sediments by Nguyéale(2011), which showed a protective
effect of AVS against Ni re-colonization by sedirherganisms. Nguyen et al. (2011) did not
neutralize sediment porewater after spiking sedtmetith Ni, although in situ toxicity tests
performed in conjunction with the deployment of #gked sediments showed no effects to
organisms located in the water column just aboeesthiked sediments. Results of the extraction
gave insight into the behavior of Ni in spiked seéits. NiS is not soluble in 1 N HCI (Cooper
and Morse 1998); therefore, in instances where ngplantities of Ni exceed those of AVS,
there should be no recovery of AVS if all of thékeg Ni reacted with FeS to form NiS.
Brumbaugh et al. (2013) observed partial recoveBMS and concluded that the spiked Ni was
not reacting with AVS in a stoichiometric mannargely because of competitive binding with
other sediment phases (such as organic matter@amadxyhydroxides). This was confirmed in
solid phase speciation analyses reported by Brugtbatial. (2013) indicating that the spiked Ni
was predominantly associated with organic matten oxy-hydroxides, carbonates, and other
O»-bearing phases. Costello et al. (2011) used time spiking approach in 8-week field
deployments of Ni-spiked sediments. They observegressive increase in partitioning to the
solid phase (i.e., an increaseKg) over the 8-week period and also documented agssiye
change in the solid phases with which Ni was assedi At the beginning of the exposure, Ni
was associated with organic matter. The dominaas@lchanged over time, and at 8 weeks the

majority of solid phase Ni was associated with e BIn oxides. The same phenomenon was



noted in recent studies of Cu in spiking studieemglCu bioavailability and toxicity was tied to
a shift in partitioning to the amorphous Fe oxideetions and decreasing porewater
concentrations (Costello et al. 2015). This was atsently noted in similar spiking studies with
Ni with increased partitioning to the crystalline &xide fraction (GA Burton, University of
Michigan, School of Natural Resources and Enviramimn&nn Arbor, Michigan, USA, personal
communication). Although it is clear that otherisaeht characteristics that covaried with AVS
were probably factors contributing to the Ni pawshing, the role of AVS was illustrated by the
consistently low porewater Ni concentration in tneants having negative SEM-AVS values
(Brumbaugh et al. 2013). One possible explanasdhat porewater Ni and fluxes of Ni in
general could be influenced to a large extent lmesx AVS present in deeper sediment layers
(Di Toro et al. 1992). Among the 8 sediments charazed by Brumbaugh et al. (2013), AVS
was highly correlated with TOQC € 0.826), % fines (0.760), and total recoveratsa (0.919).
Therefore, an alternative explanation to the stretationships observed between AVS and Ni
toxicity is that AVS is an indicator of the influem of all relevant sediment phases on the

partitioning of Ni.

The dynamic nature of Ni in sediments suggestsddiiments used in laboratory testing do not
account for the natural aging processes in thd fledt reduce the availability of Ni due to
changes in solid phase speciation. Hence, evempii$eto create spiked sediments with realistic
characteristics will result in worst case exposaed may overestimate toxicity to benthic
organisms. Regardless, toxicity testing using latwoy-spiked sediments remains a valid
approach for determining interspecies variabilitgpecific metals, which plays an important
role in chemical safety frameworks. There is argiroeed to harmonize approaches for spiking
metals into test sediments for this purpose, aadwvitrk of Brumbaugh et al. (2013) for Ni,
along with similar approaches described for Cu,dPio, Zn (Hutchins et al. 2008;
Vandegehuchte et al. 2013), indicate that the R-@pgproach is preferable to previous methods

because it results in sediments that better repres@osure occurring at contaminated sites.

Appropriate strategies for quantifying exposure<fH2

Laboratory and field components of the Ni effedsessments focused on thorough



characterizations of exposure conditions and seu#ite demonstrate shifts in Ni partitioning,
bioavailability, and toxicity while minimizing expenental artifacts. Nickel associated with

solid and porewater sediment phases was meassgra@saNi in overlying water. Porewater was
collected using sediment peepers, which collecaled porewater constituents less than 0.45
pm via diffusion (Brumbaugh et al. 2013). Addititipadiffusive gradients in thin films (DGT)
were used to characterize labile Ni flux and cotregions in situ in laboratory tests (Brumbaugh
et al. 2013) and in field deployments (Costellale012).

Costello et al. (2012) determined that the use®f Dor field-based studies was not a strong
predictor of benthic community response comparesBEM-AVS/foc, as DGT appears to
overestimate Ni exposure to sediment organisms.edew recent studies on estuarine and
marine sediments suggest DGTs do mimic bioavaitglaihd benthic responses (Simpson et al.
2012; Amato et al. 2014). As indicated by Costetial. (2011), DGTs may, in some cases,
overestimate Ni exposure to sediment organisms ifialy be due to the resin that comprises the
gel within DGTs, which may actively mobilize Ni frosolid phases that are not available to
sediment organisms. Additionally, DGTs can bindatseeéssociated with dissolved organic
carbon (Zhang 2004), whereas DOC-bound Ni is betiedwe be unavailable to aquatic organisms
(Deleebeeck et al. 2008). Hence, analysis of Newater exposures via DGT in field studies

should be carefully evaluated for validity.

Collection of ecotoxicity data</H2>

Increasingly, regulatory programs are establiskdiag quality criteria that encourage the use of
standardized test methods and good laboratoryipeaciThe aim of this initiative is to increase
the quality and reliability of ecotoxicity data alser regulatory decision-making. However, this
practice may decrease the number of taxonomic grthgi can be used in the determination of
effects thresholds. This is especially true forisett risk assessment, where relatively few
standardized toxicity test species have been establ The availability of a low number of
standardized test species creates potential baesdar considering the use of probabilistic
tools like the SSD, where the number of specidsidtexl in the analysis is one factor
determining statistical confidence. Furthermoreguomlance is available on the number of

species and taxonomic groups that are neededreseat an adequate database of benthic



species for the determination of reliable sedinedfetcts thresholds.

The approach taken for the Ni sediment toxicityessh project was to use as many species in
toxicity tests as possible. The REACH regulatiak assessment approaches are based on
chronic ecotoxicity data, so only chronic toxidigsts were considered. Testing was performed
in 2 phases, and both of these phases followed-gtep spiking procedure described by
Brumbaugh et al. (2013). First, 9 species of bernthiertebrates were tested at the US
Geological Survey laboratory in Columbia, MO: angaids Hyal€ella azteca, Gammarus
pseudolimnaeus), mayfly (Hexagenia sp), oligochaetesT(ibifex, Lumbriculus variegatus),

mussel Lampsilis siliquoidea), nematodeGaenor habditis elegans), and midgeshironomus
dilutus andC. riparius) (Besser et al. 2013). Characteristics of thersedt toxicity tests are
included in the Supplemental Data (Table S1). Datéghe nematod€. elegans were not
included because of low control survival in severfahe sediments tested (Besser et al. 2013).
Additionally, results of tests with. siliquoidea, C. riparius, C. dilutus andT. tubifex resulted in
unbounded NOECsSs; that is, the test organisms showedsponse at the highest sediment Ni
concentration. Therefore, the first phase of tgstasulted in the availability of 4 chronic EC10

values.

To broaden the database and increase the stdtiideddence in the SSD model, additional
species were tested in a second phase, which tac& pt the Laboratory of Environmental
Toxicology and Aquatic Ecology at Gent UniversBglgium. Test organisms included 2
previously untested species including a bivaighéerium corneum) and a mayfly Epheron

virgo), and also included retesting 2 of the specieswieae unresponsive in the first testing
phase, including. tubifex andC. riparius (Vangheluwe and Nguyen 2014) (test characteristics
shown in Table S1).

For both phases, tests included sediments withdmarages of parameters known or suspected to
influence Ni bioavailability (from the 10th to 90g®ercentile of the distribution in European
freshwater sediments) (Table 1). Importantly, 3hef sediments (SR, Dow, and Braekel)
satisfied the definition of a RWC, i.e., sedimemffecting conditions that represent the 10th of

parameters affecting Ni toxicity (ECHA 2008a). Eapecies was tested in at least one of these



sediments.

Species comparisons in high bioavailability, low &¥ediments that showed responses varied
by nearly an order of magnitude, with the amphiplodzteca showing the lowest EC10 of 149
mg Ni/kg dw for the biomass endpoint and the oligateT. tubifex showing the highest EC10
of 1100 mg Ni/kg dw, also for the biomass endp@tgure 2). Sediment chemistry clearly
influenced ecotoxicological response. For examp{&] 0 values foH. azteca in Spring River
(AVS = 0.7 umol/g dw) and Dow Creek (AVS = 0.9 prgalw) were 160 and 140 mg Ni/kg
dw, respectively. Similarly, the EC10 f8rcorneumin Braekel 1 sediment (AVS =1to 2
pmol/g dw) was 388 mg Ni/kg dw (Figure 2). Thesse@iments showed the lowest AVS
concentrations and were near the 10th percentilee\af AVS distributions in EU surface waters
of 0.8 umol/g dw. In sediments with higher AVS centrations, the EC10 values for these 2
species increased substantially. For example, B@L@s forH. azteca in sediments with AVS
concentrations greater than the 50th percentilgevat 9.1 pmol AVS/g were at least 970 mg
Ni/kg dw (Figure 2). Likewise, the EC10 f8rcorneumin the Lampernesse sediment (AVS =
29 to 30 umol/g dw) was 2300 mg Ni/kg dw. In costr&C10 values foF. tubifex differed

little between the low AVS Braekel 1 sediment (A¥3 to 2 umol/g dw; EC10 = 1100 mg
Ni/kg dw) and the high AVS Lampernesse sediment$A/29 to 30 pmol/g dw; EC10 = 1500
mg Ni/kg dw). General patterns of Ni sensitivity@my the different sediment toxicity test
species were similar to those observed in watesaigcotoxicity databases for Ni. For water
and soil, crustaceans were among the most sensfia@es. The gastropod mollusknnaea
stagnalis has been demonstrated to be among the most sersiiecies in dissolved water-only
exposures (Schlekat et al. 2010; Niyogi et al. 2064t gastropods are not infaunal organisms
and are not typically used in sediment testingaBgs were included in sediment testing, but
were not among the most sensitive spe@gisaerium corneum ranked 4th out of 7 species,
wheread.. siliquiodea was unresponsivat the highest exposure concentrations. Although th
suggests data from the bivalve species will yietdrashold concentration protective of these
groups, it also suggests sediment risk assessistenitd be performed in conjunction with
assessments focusing on pelagic exposures to egestrepods, for which overlying water may

be more important than exposure to sediment phasegrotected.



A workshop on sediment risk assessment sponsor&ChiA (2014) identified several
taxonomic groups that should be considered foréusediment toxicity test developments. For
freshwater systems, rooted macrophytes, benthé&@abnd microbial processes were suggested
because of their importance in supporting bentbroraunities and their roles in critical
geochemical processes. Both individual microbialcsgs and critical microbial processes (e.qg.,
respiration) are sensitive endpoints within sodtegicity databases compiled for Ni and other
metals (McLaughlin et al. 2011). Likewise, vascuydints (i.e.L.emna gibba) are among the

most sensitive taxa in terms of dissolved Ni expeg8chlekat et al. 2010). At this point,
however, tests on these taxonomic groups haveewst adapted for sediment exposures, which

limits the Ni database to invertebrate species.

Species Sensitivity Distribution</H2>

A number of possibilities exist for obtaining a sednt threshold value for Ni that protects
sediment-dwelling organisms. One current probdhilimethod aggregates all relevant and
reliable ecotoxicity data in a SSD. The SSD apgrdeas been recognized as a viable method for
substances with ecotoxicity data for multiple spe@nd taxonomic groups because it recognizes
the susceptibility of organisms to contaminant esxe is broadly distributed and, as such, does
not occur as a dichotomous threshold. The SSD fieaday ecological relevance than simpler
alternatives, such as assessment factor (AF) agipesawhere the PNEC is calculated by taking
the most sensitive ecotoxicity value for a giveerital substance and dividing by an AF. The
magnitude of the AF is subjective and is determipasked on data type (acute vs chronic), data
guantity (i.e., the number of species for whichadate available), data quality (i.e., measured test
concentrations), and habitat (i.e., freshwater agme) (ECHA 2008b). If the AF approach were
used for the Ni sediment database under currentGtEduidance, the PNEC would be
calculated by applying a 10-fold AF on the lowestitable EC10 (ECHA 2008b). This

approach would yield a PNE&value of 14.9 mg Ni/kg dw. Given that the ambinsediment
concentration in Europe ranges from 9 to 36 mgd\Ndw (Swennen et al. 1998), managing Ni in
sediments using a PNEC of 14.9 mg Ni/kg dw wouldbeofeasible.

The SSD approach has been accepted in the EU detbemination of PNECs for freshwater
pelagic systems (ECHA 2008b). The traditional apphoin the EU framework uses the



Aldenberg-Slob approach for fitting a log-logidfistribution to the available chronic
ecotoxicity data and to then solve for the 5th petite of the distribution, a value that is refelre
to as the hazardous concentration at the 5th pesesr the HC5. The HC5 theoretically
represents a concentration below which 95% of asgasishould not be affected by exposure to
the toxicant in question. For the Ni database,iegpbn of the log-logistic distribution to the
ecotoxicity data from the RWC sediments yieldedH&b of 136 mg Ni/kg dw (Figure 3). The
principle behind the SSD is that it serves as segiated representation of the ecosystem. De
Vries et al. (2010) concluded that HC5 values fi®8Ds based on mortality endpoints should be
protective of community structure and function.tRermore, these authors suggested HC5
values from SSDs based on more sensitive sublettidoints, such as the one developed for Ni
in this assessment, represent an even more cotigertraeshold. This suggests the RWC HC5

of 136 mg Ni/kg dw should be protective of bentteenmunities in most sediments.

To be truly representative, however, the databasd to populate the SSD and to determine the
HCS5 should include a broad range of species anctiimal groups. Although clear
recommendations are made on which freshwater pedagicies should be tested in order to use
SSDs, no guidance is currently available for wipaicges would represent an adequate database
of sediment organisms. The chronic sediment efidata set generated for 8 benthic species
exposed to Ni spiked sediment is representativbffdrent sediment exposure pathways, as well
as a variety of feeding strategies and taxononoamg. The test species include 8 different
sediment-dwelling invertebrates, belonging to 4edént orders (i.e., oligochaetes, mollusks,
crustaceans, and insects) with different feedirmgth@and ecological niches. Additionally,

testing withC. dilutusresulted in an unbounded NOEC because this spaiciemt respond to

the highest test concentration. Although it isfleaisible to use unbounded NOECs in the SSD, it
is clear that the HC5 is protective of this speciesour knowledge, the Ni sediment toxicity
data set is the largest chronic data set avaifableny chemical substance. In summary, the
RWC HCS5 of 136 mg Ni/kg dw can be seen as a rodmdtbroadly protective threshold

concentration.

Bioavailability normalization</H2>



Assessing risks from metals for the sediment cotnpant are often hampered by the fact that no
clear relationship has been established betweesurezhtotal concentrations of metals in
sediments and their potential to cause toxic effeataquatic life (Di Toro et al. 1992). As a
result, comparing total concentrations expressea dry or wet weight basis with an established
threshold concentration has the potential to reswdh under or overestimation of the associated
risk. Therefore, bioavailability determinationsngisediment chemistry have been broadly
recommended as a more accurate approach to elsteddégant risk assessments of metals. The
SEM-AVS concept was developed to predict situationghich toxicity from sediment-
associated metals should not occur. Naturally aocayFe and Mn mono sulfides have higher
solubility products than other metals (e.g., Cd, B Pb, Zn) and can be displaced by these
metals on a mole-to-mole basis, forming insolubléde complexes that decrease porewater
metal exposures and exposure of sediment organgsmstals in porewater (Di Toro et al. 1990,
1992; Ankley et al. 1996). In general, metals idisent will not be toxic if the molar
concentration of AVS is higher than that of SEM K8EVS ratio smaller than 1) or if the
difference between the molar concentrations of Skl AVS (SEM-AVS) is used (Hansen et

al. 1996) the molar SEM-AVS difference is less tBan

The applicability of the AVS model to Ni and otheetals has been demonstrated in acute
responses to field-contaminated (Ankley et al. 1981 laboratory-spiked (Di Toro et al. 1992;
Doig and Liber 2006) freshwater sediments, acigpalses to marine laboratory spiked
sediments (Pesch et al. 1995), chronic respondabaocatory-spiked sediments for freshwater
organisms (Vandegehuchte et al. 2007; Besser 208R), and benthic recolonization of spiked
sediments placed into freshwater (Costello et@12 Nguyen et al. 2011) and marine
(Boothman et al. 2001) habitats.

Although useful in determining situations whereitity should not occur, the AVS approach is
limited in terms of predicting toxicity. Likewiséhe suitability of the AVS approach for oxic
sediments and for situations following resuspensients has been questioned because of the
lack or reduction of AVS in these situations. Nelreless, many field studies have documented
the utility of the AVS approach, supporting it usethe USEPA (Burton et al. 2005; USEPA
2005; Nguyen et al. 2011). Field studies showettti@AVS approach was conservative and



that SEM Ni needs to exceed AVS by 2 to 8 timeth@investigated field sediments before
toxicity was observed. This can be explained byaithéed partitioning of metals to Fe oxides (as
discussed above). Predicting toxicity for all seelimtypes is particularly important for
regulatory frameworks like REACH that are basegmbable no effects scenarios. To this end,
Vangheluwe et al. (2013) evaluated relationshiga/&en sediment parameters and Ni
ecotoxicity endpoints for 4 sediment toxicity tesgjanisms tested in sediments with widely
different ranges of chemical parameters, includirgamphipodsl. azteca andG.

pseudolimnaeus and the mayflyHexagenia sp. {T. tubifex was included in these experiments but

no statistical relationship was observed in thisubof experiments).

EC20s expressed as either total recoverable NEdiySshowed significant relationships with a
range of sediment parameters, including AVS, tetabverable Fe, TOC, cation exchange
capacity, silt, total recoverable Mn, and S&MThe importance of sediment phases other than
AVS indicates that the relationships should beviahé for oxic sediments as well as anoxic
sediments. For all species tested, the sedimeatneder showing the strongest linear
relationship was AVS. Subsequent experiments \kghbivalveSphaerium corneum, the insect
Chironomus riparius, and the oligochaefRubifex tubifex were performed to determine the extent
of the AVS relationships with other species (Varigive and Nguyen 2014). Each of these
species was tested in sediments ranging in AVS ftam32 pmol/g dw. Chronic ecotoxicity

endpoints for each species were significantly eelab sediment AVS concentrations (Table 2).

Although the effect of decreasing toxicity with ieasing AVS was consistently observed for all
species, the magnitude of the effect was not siraitaong species, and these differences appear
to be linked with organism behavior. The strongeisigating effects of AVS are observed for
those species with an epibenthic lifestyle sucH .aszteca, S. corneum andG. pseudolimnaeus,

with slopes ranging from 0.358 to 0.492 (TableT3)e relationships (i.e., slopes ranging from
0.125-0.180) are less pronounced for the bentl@ciegr. tubifex, C. riparius, andHexagenia

sp that exhibit more burrowing activity and subaoef feeding. Chandler et al. (2014) observed a
similar pattern in exposures of marine invertelwatesediment-associated Ni where active
bioturbating amphipods showed greater oxidatioAWS and greater susceptibility to Ni

exposure in sediment phases compared with lessrbaitve copepods.



The empirical relationships between sediment toxiendpoints and AVS concentration (Table
2) allow Ni ecotoxicity data to be normalized téfelient sediment scenarios. For example, if a
RWC PNEC is required, then the ecotoxicity datalmamormalized to the 10th percentile of
AVS that is reported for European freshwater sedisjevhich is 0.77 pumol AVS/g dw
(Vangheluwe et al. 2008). The process of bioavaitaimormalization begins with the
normalization of ecotoxicity values (e.g., EC10ue&d would be used for REACH) from each
test to the target AVS concentrations (e.g., 0.7ibl/g dw for the RWC scenario). For species
that were tested in multiple sediments, the geametean of normalized ecotoxicity values
were calculated. The log-normal distribution ofmatized geometric mean data was then
determined using the ETX program (van Vlaardigeal. €2005), and from this distribution the
HC5 was calculated. When the RWC AVS of 0.77 umd¥gwas used, the calculated HC5 was
136 mg Ni/kg dw. The impact of bioavailability naaiization was evaluated by using AVS
concentrations from the 8 sediments chosen by Bessé. (2013) to represent ranges of AVS
that are typically encountered in European surfeaters (Figure 3). The HCS5 for the highest
AVS concentration of 38.4 pmol/g dw was 437 mg Nidw, which is 3.2 times higher than the
RWC HCS5. This range of HGElues offers the same level of ecological protectand hence
serves as a flexible management tool that can ée tesaddress challenges created by naturally

varying sediment characteristics.

Field and mesocosm data</H2>

Single-species laboratory tests offer the advantdgentrolled laboratory environmental
conditions and organism parameters (e.g., lifeegtahese advantages contribute to statistically
robust results, which in turn increase the confogein the reproducibility of effects thresholds
and bioavailability predictions. However, applyila@poratory results to natural field conditions

is not straightforward, as field conditions varypstantially from laboratory settings. For
example, changes in sediment chemistry can ocoough natural disturbance events such as
storms, which may result in sediment resuspensiidation of AVS, and increased availability
of metals to infaunal organisms. Also, organismsatural settings may be subject to additional
stress associated with the dynamic environmentaditions that occur in the field, which

include: diurnal fluctuations in temperature, pHdalissolved @ food quality and quantity; and



ecological interactions such as predation and caitigpefor habitat and food. Finally, field
settings may include organisms that are more seasitan currently available laboratory test
species. Therefore, testing laboratory based sftecesholds through field exposures is an

important component in sediment risk assessment.

Threshold concentrations and bioavailability moakdgeloped from laboratory tests can be
validated by performing exposures in natural feedtktings. Several field studies have specifically
examined effects of Ni exposure to natural bentbimmunities (Burton et al. 2009; Costello et
al. 2011, 2012; Nguyen et al. 2011; Custer 201&t€lo and Burton 2014). These studies were
performed with a range of different sediment typesie conducted during different seasons, and
were carried out in different geographical locasiggurope and North America) and in different
types of systems (lotic and lentic), with varyingter quality and abiotic parameters. These
studies confirmed Ni binding to AVS, organic carpand Fe oxides fractions in both laboratory

and field exposures, as discussed above.

A streamside experiment (Burton et al. 2009; Cuafdr?) performed on a low binding sediment
resulted in benthic community effects at the 50@kignglry wt treatment level, but not at 100
mg/kg dry wt. The lowest NOEC of an earlier colatian study performed in Europe in 2005
(Nguyen et al. 2011) resulted in a NOEC of 100 ngd\Ndw. Effects were observed at 500 mg
Ni/kg dry wt (only 3 spiking levels were used—1600, and 1000 mg Ni/kg dw).

The 2 most recent field studies were conducted avene period of 2 months (Costello et al.
2011) to 9 months (Nguyen et al. 2011), and thergahtion of the deployed spiked sediments
were followed over time. The results of these ssdionverge in a range of effects
concentrations that are protective of the toxic#yults seen in the laboratory sediment testing.
No evidence exists to show that field data are rsersitive than laboratory-based H@&fues.

To the contrary, these data and similar data fatthe macro-invertebrates and pelagic
communities show that field and/or mesocosm datdesss sensitive than results of laboratory
tests despite exposing a wider range of benthiertabrates. Results of the colonization study by
Costello et al. (2011), performed on the same sexdisnused by Besser et al. (2013), indicated a
field NOEC of 230 mg Ni/kg dw. In this field studsgffects on recolonization (expressed with



macroinvertebrate indices) were measured aftend®8é days. Effects attributable to Ni
exposure were only observed at the 28-day sampingd. Substantial amounts of Ni were lost
from sediments over the course of the study, aadgddiment factors with which Ni partitioned
changed over the course of the experiment as Welliever, Ni concentrations at 56 days
remained greater than 4500 mg Ni/kg dw in somdrtreats, which is far higher than the
laboratory-based thresholds expressed as totaleeatule Ni. Notably, no effects on the
composition of the benthic communities were measatehe Day 56 sampling period. The
decrease in toxicity was accompanied by a shifiéngeochemical phases with which Ni was
associated. Together, these observations indicaté\i undergoes an aging process in
sediments, which is a phenomenon that needs torimdered in the application of laboratory-

based effects thresholds to field situations.

Implementation into risk assessment</H2>

Incorporating the information on bioavailabilitytena practical application for regulatory risk
assessment requires a bioavailability-based ties&acharacterization approach. This approach
can be used for local or regional scale risk chiaremation under REACH or for other regulatory
purposes, e.g., delineation of contaminated slies.first tier of the approach is based on a
RWC bioavailability scenario, where the RWC is detl as the 10th percentile of sediment AVS
concentrations for the region in question (FigureA indicated previously, using the RWC
case AVS concentration for EU surface waters of Quihol AVS/g yields an HC5 of 136 mg
Ni/kg dw. Risk characterization at this tier re@sitdetermining the predicted environmental
concentration (PEC) of Ni, which is expressed ad\ifkg dw. The PEC can be obtained from
measuring ambient Ni sediment concentrations, anbgeling sediment Ni concentrations
using multimedia fate models. The actual risk ctigrézation is simply a comparison between
the RWC HCHnd the PEC. The HCS is considered to be a coratamtrbelow which no effects
are expected. Therefore, if the PEC is greater tirafiRWC HCS5, then risk is a possibility, and a
more detailed characterization is required in tiiesequent tier (Figure 4). For this detailed
analysis, site-specific AVS concentrations are usatktermine a site-specific HC5 value. As
indicated previously, the site-specific HC5 cangeasfrom 136 mg Ni/kg dw (for the 10th
percentile AVS) to greater than 437 mg Ni/kg dwr ffee 90th percentile AVS). If ambient Ni



sediment concentrations are greater than the hiabitdy normalized HC5, then risk is
indicated, and the need to consider appropriakenm@Bnagement steps is established. When the
goal of risk assessment is to predict the Ni cotreéinns that affect a specific proportion of
species, which may be the case in identifying nealsle clean-up goals for highly contaminated
sediments, alternative point estimates can berdeted. For example, the HC25 would be a

concentration protective of 75% of the speciesasgmted by the distribution.

To implement the bioavailability-based tiered apgotg the following sediment parameters need
to be available: total recoverable NJSEM (simultaneously extractable metals); and, AVS (acid
volatile sulfides). High quality AVS monitoring @daaire scarce in most areas of the world,
meaning that these concentrations may need to beuredl to determine the site-specific HC5.
Vangheluwe et al. (2013) show that 200 of 338 samplailable for the EU were taken from
Belgian surface waters. This general approach earsed in other geographical regions if

region-specific data required for the normalizajwacess (e.g., AVS) are collected.

SUMMARY AND CONCLUSIONS</H1>

The assessment approach described in this aréinolée used to support the primary goal
expressed in EU regulations such as the Water kvarkeDirective, which is maintenance or
enhancement of biodiversity. For larger data skesuse of the HC5 is considered to be
protective of 95% of species, and therefore isvegleto management goals related to protecting
biodiversity (De Vries et al. 2010). The Ni sedirndatabase used to determine the HC5 is
admittedly small relative to databases for theagriwater compartments, e.g., the freshwater
pelagic database includes chronic ecotoxicity @@at81 species. However, the sediment
database covers different and important taxa, gabniches, and functional groups. From a
practical standpoint, it also represents the larga®nic sediment toxicity database for any
chemical substance. Finally, the HC5 is statidiicgignificant and can therefore be protective of
at least 95% of species for the exposure conditioaiswere used to generate the underlying

ecotoxicity data.

Because the HC5 is based on laboratory data, &g questions can be raised about the degree



of protectiveness that it provides for natural bentommunities. The field data available for Ni
and the behavior of Ni spiked into sediments ini¢hat the laboratory-based approach is
protective of possible effects in natural systefnst, both the HC5 and the most sensitive
single-species EC10 value are below threshold tsffeancentrations that were observed in the
field when the same 2-step spiking method was uSecbnd, proportions of freely available and
exchangeable Ni decrease over time, as indicat€tbitello et al. (2011). This indicates that the
laboratory-based HC5 is a truly conservative ederno@ effects, as it reflects a situation of
maximum bioavailability that may not account foogesses occurring in nature over time scales

that extend beyond those used in laboratory tests.

The experience in performing the Ni sediment tayicesearch program provides a number of
recommendations for future studies with the goaleiermining effects of Ni on sediment

organisms:

Using the 2-step method described by Brumbaugh £@i3) for spiking Ni into sediments
because it results in sediments that closely reeedposure conditions occurring at
contaminated sites</B1>

Choosing sediments that take geographical, bicaiity, and regulatory considerations into
account</B1>

Fully characterizing sediments for critical paraengt such as AVS, organic carbon, Fe and Mn
oxides, Ni concentrations in solid and porewateiraent phases, and, during toxicity testing, Ni
concentrations in overlying waters</B1>

Maximizing the taxonomic diversity of sediment toiky test organisms as broadly as
possible</B1>

Evaluating relationships between sediment parasetsl organism response to Ni
exposure</B1>

Comparing results of laboratory toxicity tests databratory-based bioavailability relationships
with results from field studies, and ensuring thath comparisons include taxonomically similar

organisms in both laboratory and field exposure$x=ABBL>

These recommendations are reflected in ECHA (2CGiré)appropriate for risk assessments of



other metals and should form part of future sedimisk assessments.
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<abstract type="short”>Key Points

<zaQ;1><BL><B1>A comprehensive, representativersedt toxicity database is available to
support risk assessment of Ni in freshwater sedisnetB 1>

Sediment Ni ecotoxicity data were gathered frondissithat used spiking approaches that
resulted in Ni-enriched sediments resembling nyucantaminated sediments, thus increasing
their relevance.</B1>

Bioavailability of Ni in sediments, which is conliiexd by acid volatile sulfides (AVS), varies
among different species, with actively bioturbatspgcies showing a lower slope in the
relationship between decreasing toxicity with irgiag AVS.</B1>

A bioavailability-based tiered approach is presentéhere the first tier involves comparison of
ambient total Ni concentrations with a RWC thredhalue of 136 mg Ni/kg. Site-specific
AVS can be used to calculate a site-specific tholesi ambient Ni is greater than 136 mg
Ni/kg.</B1></BL></abstract>

Figure 1. Conceptual model of the integrated bioavailabitifsed approach for assessing risks
of Ni to freshwater sediment ecosystems.

Figure 2. Nickel EC10 values (mg Ni/kg dw) as a functioracfd volatile sulfide (AVS, umol
AVS/qg) for 7 ecotoxicity test organisms. The vaatitnes represent the 10th (red), 50th (blue),
and 90th (green) percentiles of AVS within Europf&rashwater surficial sediments.

Figure 3. Species—sensitivity distributions for 9 sedimeafter normalization of ecotoxicity data
using relationships based on sediment acid volsiiliede (AVS) concentrations. Symbols
represent EC10 values (mg Ni/kg) that have beemalred based on AVS concentrations of

each sediment. Sediments include a hypotheticabredle worst case (RWC; AVS = 0.8



umol/g); Dow Creek (Dow; AVS = 0.9 umol AVS/g); Ws:ological Survey Pond #30 (P30;
AVS = 9.5 umol/g); Raisin River Site 2 (RR2; AV348 umol/g); Raisin River Site 3 (RR3;
AVS = 7.2 umol/g); St. Joseph River (STJ; AVS = griiol/g); Mill Creek, South Tributary
(STM; AVS = 22 umol/g); Spring River (SR; AVS = Qu9nol/g); and West Bearskin Lake
(WB; AVS = 38.0 umol/g). Lines represent log-logististributions fitted to normalized EC10

values.

Figure 4. Tiered approach illustrating the implementatiomiaiavailability normalization for

assessing risk of Ni to freshwater sediment ecerysiat local or regional scales.

Table 1. Characteristics of Ni-spiked sediments used duaihfpboratory studies

Fines AVS
(% (umol/g) Ni Highest Ni sp
TOC  silt + TR-Fe treatments
(%) clay) (%) Unspiked (n) Targeted
"Method ~ Spiking SR 0.8 nm nm 0.7 2 500
developmerit equilibration; (0.2) (0.2) 2 500
water addition wWB 10.3 nm nm 38.3 2 3000
comparison (0.8) (0.6) 2 1000
Toxicity Species SR 0.4 21.4 0.78 0.9 5 705
testing £ sensitivity (0.1) (1.4) (0.01)
WB 10.5 88.3 5.10 38.0 5 8500
(0.6) (2.9) (0.10)
Toxicity Bioavailability DOW 1.2 13.8 0.64 0.9 5 1267
testing 2 assessment (0.1) (0.8 (0.01)
STJ 1.9 17.9 2.29 2.7 5 2667
(0.1) (0.2) (0.09)
RR2 4.1 28.2 1.05 4.8 5 2667
(0.6) (0.8) (0.01)
RR3 8.1 25.1 1.49 7.2 5 2667
(0.9) (0.2) (0.06)
P30 1.8 90.0 1.58 9.5 5 2667
(0.0) (0.6) (0.04)
STM 8.1 46.3 2.64 22.0 5 4800
(0.2) (0.4) (0.35)



Toxicity Species Braekel 1 14 44.0 0.48-0.68 1.0-2.0 5 1000-1800-3200 730 (<

testing 3 sensitivity and  Braekel2 1.7-2.0 nm 0.53-0.67 4.0-6.0 5 1800-3200
bioavailability Lampernesse 4.0-5.5 nm 0.78-0.92 29.0-30.0 5 3200-5600
assessment

'SR = Spring River, USA; WB = West Bearskin Lake AJ®OW = Dow Creek, USA; P30 = US Geological
Survey Pond 30, USA; RR2 = Raisin River (site 2ZpA)RR3 = Raisin River (site 3), USA,; STJ = St.elus
River, USA; STM = south tributary Mill Creek, USBraekel 1 = Belgium; Braekel 2 = Belgium; Lampeses

Belgium;

nm = not measured; TR = total recoverable.

Values are means with standard deviation in paeseth

*Brumbaugh et al. (2013).
Besser et al. (2013).

“Vangheluwe and Nguyen (2014).

Table 2. Overview of all available regression models iatathe toxicity of Ni to AVS in

sediment
Species M odel R®

Hyalella azteca Log EC20 total Ni (mg/kg dry wt) = 2.65 + 0.492 Log 0.74
AVS (umol/g dry wt) (p <
0.05)
Gammarus Log EC20 total Ni (mg/kg dry wt) = 2.8 + 0.358 L&yS  0.62
pseudolimnaeus (umol/g dry wt) (p<
0.05)
Hexagenia sp. Log EC20 total Ni (mg/kg dry wt) = 2.35 + 0.175 Log 0.59"
AVS (umol/g dry wt) (p=
0.07)
Sphaerium corneum Log EC20 total Ni (mg/kg dry wt) = 2.73 + 0.478 Log 0.99
AVS (umol/g dry wt) (p <
0.05)
Tubifex tubifex Log EC20 total Ni (mg/kg dry wt) = 3.05 + 0.125 Log 0.99
AVS (umol/g dry wt) (p <
0.05)

Chironomus riparius

Log EC10 total Ni (mg/kg dry wt) = 2.85 + 0.1798d.0 0.99




AVS (umol/g dry wt) (p <
0.05)

®Nonsignificant.

Table3. Overview slope and intercepts of the differemiabviailability models

Intercept  Slope

Species Lifestrategy (SE) (SE)
Hyalella azteca Swimmer, sprawler, surface deposit feeder 2.65 0.492
(0.11)  (0.11)
Sphaerium corneum Burrower, surface deposit feeder 2.73 0.478
(0.01) (0.011)
Gammarus pseudolimnaeus  Swimmer, sprawler, surface deposit feeder 2.8 0.358
(0.13) (0.13)
Hexagenia sp. Burrower, surface and subsurface feeder  2.35 0.175
(0.06)  (0.07)
Chironomus riparius Burrower, surface and subsurface feeder  2.85 0.180
(0.017) (0.017)
Tubifex tubifex Burrower, subsurface feeder 3.05 0.125

(0.006)  (0.006)

<<enote>>AQ1l: COMP: suppress in proof, publishfikegings online in online TOC
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1 : - Optimization spiking
Laboratory sediment - Define exposure: water,
toxicity testing pore water, sediment, food

p.

- Develop regression models
- AVS,TOC, Fe/Mn oxides Integrated

Sediment
Assessment

Development
bioavailability models

3 - Multiple species and

Determination exposure patterns
effect thresholds - EC10and HC5 derivation (SSD)

4 - Streamside mesocosms
Field - Spiked colonization studies
validation (multiple sediment types)

Figure 1 Schlekat et al IEAM version 20 .



EC10 (mg Ni/kg dry weight sediment)

| L 2
u O
O
O A A
O [ |
Ha o
1 L | & Hyalella azteca
1 B Gammarus pseudolimnaeus
A O Tubifex tubifex
A A Chironomus riparius
g A
] r @ Lumbriculus
A A
; A Hexagenia sp.
100 T T T T T T T T T T T T T T T T T T T T T T T T T T T T T T T T T T
0 5 10 15 20 Z5 30 35 40 45
AVS (uM/g)

Figure 2 Schlekat et al IEAM version 20 .




100
90
—RWC
80
- -.DO“F
70
=P
60
2 ----- RRz
E 50
E RR3
A 40
- ST
30
==§T™
20
==SR
10
- ~WB
0
100 1000

Ni concentration (mg/kg dry wt.)

Figure 3 Schlekat et al IEAM version 20 .



ér 1: Comparison with generic PNEC \

*  PNEC = HC for RWC sediment

*  RWC sediment shows high bioavailability

* High bioavailability defined as 10™" percentile
distribution of AVS concentration

+ 10" percentile of AVS concentration = 0.77 pmol

AVS/g dw
& RWC HC;= 136 mg Nifkg dw
/ NO

Ambient total recoverable [Ni]>136 mg Nifkg dw? —
l YES
Ger 2: Comparison with site-specific PNEC
*  PNEC = HC; normalized for local/regional

conditions

*  Local/regional AVS measurements or determined

from monitoring
+  Site-specific HC; = 136 - 437 mg Nifkg dw

‘\

NO

Ambient total recoverable [Ni]>site-specific PNEC? —

| 2

[ Risk Indicated: Management options considered }

Figure 4 Schlekat et al IEAM version 20 .
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