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Abstract  

Laboratory testing of sediments frequently involves manipulation by amendment with 

contaminants and homogenization, which changes sediment physicochemical structure. 

These changes can influence the bioavailability of divalent metals, and field and 

mesocosm experiments have shown that laboratory-derived thresholds are often overly 

conservative. We assess the mechanisms that lead to divergence between laboratory- and 

field-derived thresholds; specifically, we assessed the importance of slow equilibration to 

solid-phase ligands and vertical stratification. To mimic natural physicochemical 

conditions, we uniquely aged sediment with a flow-through exposure system. These 

sediments were then homogenized and compared, toxicologically, to freshly metal-

amended sediments in a 28-day chronic toxicity bioassay with the amphipod Hyalella 

azteca. We assessed concentration–response relationships for three metals (Cu, Ni, Zn) 

and five geochemically distinct sediments. We observed minimal differences in EC10 

values and survival of H. azteca between aged and freshly spiked sediments across all 
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sediments and metals. These trends suggest that a loss of toxicity observed during long-

term sediment aging is reversed upon sediment homogenization. By comparison to 

mesocosm experiments, we demonstrate that homogenizing sediment immediately before 

toxicity assays may produce artificially high toxicity thresholds. We suggest that toxicity 

assays with sediments that maintain vertical redox gradients are needed to generate field-

relevant sediment metal toxicity thresholds.  

Introduction 

Risk assessment of chemical contaminants in sediments requires a multi-tiered 

approach of field observations and laboratory tests (Burton et al. 2002, Adams 2005, Dale 

et al. 2008). Laboratory exposures allow for control of experimental conditions and 

facilitate development of causal links between chemical concentration and toxicological 

endpoints. However, laboratory testing often requires manipulation of sediments that is 

often not representative of conditions in natural ecosystems (Burton et al. 2002). This is 

of particular concern for divalent metals (e.g., copper (Cu), nickel (Ni), and zinc (Zn)), 

because their fate and availability is modified by environmental conditions (Campbell 

and Tessier 1996, Chapman and Wang 1998). Different toxicological results between 

laboratory and field tests of metals in sediments are of particular concern because (1) 

adding metals to sediment can alter physicochemical conditions, (2) natural sediments are 

not homogenous and typically are characterized by sharp vertical physicochemical 

gradients, and (3) reestablishment of physicochemical conditions (e.g., pH, redox, 

overlying and porewater chemistry) is slow and can often take longer than recommended 

exposure periods of toxicity test organisms (Hutchins et al. 2009).  
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Recent advances in methods for metal addition to sediment (Simpson et al. 2004, 

Hutchins et al. 2009, Brumbaugh et al. 2013) have maintained natural physicochemical 

conditions, particularly anoxia. Estimates for porewater equilibration times for various 

metals range from 10 to 70 days (Simpson et al. 2004) if amendments are done under 

proper pH buffered conditions (Hutchins et al. 2008). Even with properly buffered and 

equilibrated sediments, overlying water must be exchanged frequently during toxicity 

tests to avoid concentrations of metal in overlying water that exceed toxicity thresholds 

(U.S. EPA 2000, ASTM 2010, Brumbaugh et al. 2013). However, even with best-

practices for sediment preparation (i.e., long equilibration and pH buffering) and 

sufficient water exchanges, mesocosm studies have demonstrated that the geochemistry 

and toxicity of sediments can continue to change with time (De Jonge et al. 2012, 

Costello et al. 2015, 2016). This suggests that even state-of-the-art laboratory sediment 

toxicity tests are still falling short of simulating natural conditions.  

Field and mesocosm experiments have highlighted the limitations of laboratory 

assays for translating impairment thresholds for metals into effects thresholds observed 

under field conditions (Burton et al. 2005, Costello et al. 2011, 2015, 2016, Mendonca et 

al. 2017). In general, laboratory-derived thresholds for metals are overly conservative 

when compared to concentrations at which effects are observed in either mesocosm or 

field studies (Costello et al. 2011, 2015, 2016). The disparity of results laboratory and 

field studies have been hypothesized to result from physicochemical changes to 

sediments that occur during aging under field conditions, which includes advection of 

porewater metal, oxidation of sediment surfaces, and shifting metal fractionation among 

solid-phase ligands (Besser et al. 2008, Costello et al. 2011, 2015, Hong et al. 2011, De 
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Jonge et al. 2012). Advection of porewater metal can be minimized in laboratory tests 

with pH buffering and extended equilibrium times (Hutchins et al. 2009, Brumbaugh et 

al. 2013), but more effort is needed to understand the role of surface sediment oxidation 

and slow changes in solid-phase metal fractionation (hereafter referred to as “slow 

equilibration”) in modifying the toxicity of sediment. Furthermore, if differences in 

toxicity are related to vertical stratification then this can have implications for risk 

assessment of frequently disturbed sediment. For example, suspended and redeposited 

sediment particles can be more toxic than undisturbed bedded sediment (Fetters et al. 

2016) and reworking of sediments by bioturbating organisms can alter exposure and 

toxicity of metals (Remaili et al. 2016, 2017). 

In prior studies, we demonstrated that aging metal-amended sediment in a flow-

through mesocosm altered metal partitioning and reduced toxicity to the epibenthic 

amphipod Hyalella azteca (Costello et al. 2015, 2016). We argued that the toxicological 

and geochemical characteristics of these sediments at the end of the mesocosm incubation 

more closely resembled field-contaminated sediments. Here we collected and gently 

homogenized the aged sediments (hereafter “aged treatment”) and prepared fresh metal 

amended sediment (hereafter “freshly spiked treatment”) to test whether the change in 

toxicity through time observed in the mesocosm tests was due to either slow equilibration 

of metal or development of an oxidized surface layer. We predicted that if slow 

equilibration were the mechanism by which the sediments in the mesocosm were less 

toxic through time, then the aged sediment will exhibit lower toxicity than the freshly 

spiked sediment. We also hypothesized that if the oxidized surface layer were critical to 

lowered toxicity, then the aged sediment would have similar toxicity as freshly prepared 
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sediment because the oxidized layer will not be present in either sediment. Through this 

study, we sought to gain mechanistic understanding of differences in apparent toxicity 

between field and laboratory sediment and better understand how spatial heterogeneity 

and disturbance of sediment may influence bioavailability and toxicity of metals in 

sediment. 

Materials and methods 

Study design. Three separate experiments were completed for each of three 

metals: Cu, Ni, and Zn. For each experiment, sediment was amended with metal and 

either immediately used for standard toxicity assays (U.S. EPA 2000, ASTM 2010) or 

aged in a flow-through mesocosm for >100 days prior to use in toxicity tests. Although 

sediment preparation times differed for freshly spiked and aged sediments, preparation 

was staggered so all toxicity assays for a single metal started within 3 d of each other. 

Sediment preparation techniques and daily experimental maintenance differed among 

metals and were modeled after the most robust methods (i.e., paired geochemistry and 

toxicity) in the literature at the time of the experiments (2013–2014; Table 1). Using this 

approach required Cu tests with less sophisticated metal amendment methods (i.e., no pH 

buffering or equilibration under N2 headspace) than tests for either Ni or Zn. All toxicity 

tests used the amphipod H. azteca in chronic tests (28-d) with assessment of both 

mortality and growth endpoints. Sediment, porewater, and overlying water were sampled 

at the beginning and end of experimental treatments to characterize differences in metal 

partitioning and bioavailability between sediment preparation techniques. 
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Sediment preparation. Surficial sediments (0–10 cm depth) were sampled from 

uncontaminated stream ecosystems. Dow Creek and River Raisin are low gradient 

streams in Michigan with no history of metal contamination. The Ocoee and Burtwood 

Rivers have a history of Cu and Ni mining, respectively, but upstream tributaries were 

sampled for this study. For Cu and Ni tests, two sediments that differed in key metal-

binding ligand concentrations – notably, acid volatile sulfide (AVS), organic matter, iron 

(Fe) oxides – were used for each test; for the Zn experiment, a single sediment with a 

high concentration of AVS and organic matter was used for the fresh versus aged 

comparison (Table 2). Sediments were stored at room temperature under N2 headspace 

until amendment with metal (i.e., spiking). Sediments for the aged treatment were 

amended with metal following previously described approaches using indirect spiking 

and pH buffering (Hutchins et al. 2008, 2009, Costello et al. 2011, 2015, 2016, 

Brumbaugh et al. 2013). Five Cu and Ni treatment concentrations were prepared to span 

an expected non-toxic to toxic range (four amended and one reference; Costello et al. 

2015, 2016), and six treatments were made for the Zn experiment (five amended and one 

reference). Importantly, aging of sediments in the mesocosm did not change total metal 

concentrations but altered the vertical redox gradients (i.e., oxidized the top few mm), 

which influenced the partitioning of metal to porewater (Costello et al. 2015, 2016). The 

aged sediments were prepared for the beaker tests by collecting sediments from the 

mesocosm for each metal treatment and homogenizing them (placed on a bottle roller at 

30 rpm for 1 h) prior to dividing homogenized sediment into six replicate 300-mL 

beakers (sediment:water ratio in Table 1).  
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Concurrent with the collection of aged sediment from the mesocosms, sediments 

from the same field site were freshly amended with the same nominal total metal 

concentrations. The amendment (i.e., “spiking”) methods differed for each metal but 

were selected to best replicate the conditions used in previous studies that generated high-

quality chronic H. azteca concentration–response thresholds: Cu additions replicated 

Roman and colleagues (2007) who used laboratory-formulated sediment and brief metal 

equilibration times, Ni amendments followed Besser and colleagues (2013) who used 

indirect spiking and long equilibration times, and Zn additions followed an indirect 

method similar to Nguyen and colleagues (2005). Metal additions for Ni and Zn beaker 

tests were comparable to sediment preparation prior to aging, but the Cu methods differed 

substantially because equilibration was done within the beakers (Roman et al. 2007). 

Dissolved Cu (<0.2 µm) was measured in overlying water to confirm that this 

equilibration approach did not lead to waterborne Cu toxicity. Six replicates of each 

treatment of freshly spiked sediment were added to 300-mL beakers in the same 

sediment:water ratio as aged sediments (Table 1). Prior to addition of organisms, 

sediments in exposure beakers were further equilibrated within the water renewal system 

for 1–10 d to flush any excess dissolved metal (Table 1). 

Hyalella azteca assays. Toxicity of sediments was determined with 28-d chronic 

H. azteca assays. Amphipods were 7–10 d old at the start of each experiment and 10 

individuals were added to each of the five replicates of each treatment. The dry mass of 

H. azteca (± 0.001 mg) at the start of each experiment was determined by weighing 5–6 

groups of 10 randomly sampled individuals. During the 28-d exposure, overlying water 

was exchanged at a rate that closely replicated the previously mentioned experiments 
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(i.e., Cu and Ni, Roman et al. 2007, Besser et al. 2013) or followed U.S. EPA guidance 

(i.e., Zn, U.S. EPA 2000). Water exchange rates differed among experiments; in the Cu 

test, water was exchanged 3 times a week, whereas in the Ni and Zn experiments an 

automated system exchanged the water every 3 or 12 hours, respectively (Table 1). 

Amphipods were fed daily (Table 1), and in tests with frequent water exchange, feeding 

was done immediately after a water change. Dissolved oxygen, pH, and temperature were 

monitored weekly in a representative beaker of each treatment, while conductivity, 

hardness, and ammonia were measured at the beginning and end of the experiment. All 

water quality parameters passed acceptability thresholds (U.S. EPA 2000). At the end of 

the 28-d exposure, surviving H. azteca were removed from the beakers and placed into 50 

µM EDTA for 24 h to void their gut contents and remove adsorbed metal (Neumann et al. 

1999). After gut evacuation, H. azteca were dried and weighed to determine mass-

specific relative growth rates (RGR) (Welton and Clarke 1980). Dried H. azteca from Ni 

and Zn tests were digested with HNO3 and H2O2 and analyzed by inductively coupled 

plasma mass spectrometry (ICP-MS) for determination of tissue metal concentrations 

(Norwood et al. 2006). 

Sediment and water physicochemistry. Overlying water was sampled and filtered 

(0.2 µm PES filter) for determination of filtered metal concentrations during the 

equilibration and exposure periods. For the Cu test, which utilized the shortest 

equilibration period, we measured dissolved Cu (by ICP-MS) during the 10-d 

equilibration period (prior to all water changes) to examine Cu flux into overlying water. 

A single beaker from each sediment treatment was destructively sampled at the beginning 

and end of the 28-d exposure period for determination of sediment chemistry. Sediments 
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in the beaker were divided into surface (0–1 cm) and deep (1–3 cm) strata, promptly 

frozen, and analyzed for AVS, simultaneously extracted metal (SEM), total metal, 

organic matter (OM), amorphous Fe oxide and associated metal, crystalline Fe oxide and 

associated metal, and Mn oxide concentrations. A single peeper (Brumbaugh et al. 2007) 

was placed within the sediment at the bottom of the beakers reserved for sediment 

geochemistry. Recovered peepers were rinsed of particles, and peeper fluid was removed 

and acidified with HNO3 (to 1%) prior to analysis of dissolved organic carbon (DOC) 

(Cu and Ni only) with an infrared combustion analyzer and dissolved metals by ICP-MS. 

No peepers were collected for the initial Zn sediment chemistry because of insufficient 

time for peepers to equilibrate with pore fluids (<7 d).  

Sediments were thawed prior to analysis of redox-sensitive constituents; AVS, 

SEM, and Fe/Mn oxides were analyzed according to standard procedures (Allen et al. 

1993, Kostka and Luther 1994, U.S. EPA 2005). Due to very low concentrations of AVS 

in Burntwood sediments (<0.1 µmol g-1), NiSEM was determined with a modified AVS 

technique where the cold acid extraction was completed but sulfide was not measured 

(Costello et al. 2016). Oxidized Fe and associated Cu, Ni, or Zn were analyzed with 

either extractions selective for amorphous Fe (buffered ascorbate) or total reducible Fe 

and Mn (buffered sodium hydrosulfite; Kostka and Luther 1994). Crystalline Fe oxides 

and associated metals were calculated as the difference between the total Fe oxide pool 

and amorphous Fe oxides. Total extractable metals were measured by digesting dried 

sediment with concentrated HNO3 at reflux temperatures in a hot block (Environmental 

Express). Aqueous solutions from SEM, oxide-associated, and total metals extractions 

were analyzed by inductively couple plasma optical emission spectrometry (ICP-OES). 
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Organic matter was measured as the mass loss of dried sediment after burning at 400 °C 

for 4 h. Quality control of analytical chemistry is reported in Supporting Information 

(Table S1). 

Data analysis. Sediment and porewater chemistry were analyzed using three-way 

analysis of variance (ANOVA) with sampling time (initial or final), sediment depth 

(surface or deep), and sediment preparation (freshly spiked or aged) as main effects. A 

statistical covariate accounting for the total metal concentration was included in all 

ANOVAs with the exception of those physicochemical variables that were not expected 

to be affected by metal amendments (i.e., all measures of Fe and Mn). A significant time 

× preparation effect would indicate that the temporal dynamics of metal partitioning 

differed between freshly spiked and aged sediments. Overlying water Cu concentrations 

during the equilibration period were analyzed with analysis of covariance (ANCOVA) to 

test for a difference in Cu flux between sediment preparation treatments. Survival and 

growth of H. azteca were analyzed separately for each sediment treatment using a 

generalized linear model (survival) or nonlinear least-squares regression (growth). 

Estimates of LC50 for survival and EC10 for growth were calculated from model fits 

with corresponding 95% confidence intervals. EC50 estimates, which were calculated to 

facilitate direct comparison to LC50, can be found in Supporting Information (Table S2). 

Tissue metal concentrations for Ni and Zn experiments were analyzed with ANCOVA 

and two-way ANOVA, respectively, to determine if accumulation of metal was related to 

sediment metal and differed among sediment preparations (Ni reference sediments 

omitted due to non-linearity). All statistical tests were performed in R version 3.4.3 (R 

Core Team 2017). The assumptions of linear models were assessed with Shapiro-Wilks 
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test for normality and diagnostic plots of residuals. Statistical models that did not meet 

assumptions were normalized with log transformations of response variables and total 

metal covariate. 

Results 

Sediment and water physicochemistry. In general, physical and chemical 

conditions during the experiments were similar between aged and freshly spiked 

treatments and between initial and final samples. Although some physicochemical 

parameters differed significantly between treatments and time points, the magnitude of 

those differences were relatively small (effect size <15%). However, the two distinct 

sediments used in the Cu and Ni experiments maintained their geochemical differences 

(Table 2), which led to distinct metal speciation and bioavailability between sediment 

types for the same metal. Here we provide a summary of the sediment and overlying 

water physicochemistry for each experiment, and more detailed information is provided 

in the Supporting Information (Appendix S1). 

For the Cu experiment, a substantial amount of Cu was released into the water 

column during the 10-d equilibration period, and a greater amount of Cu was released 

from the freshly spiked sediment than aged sediment (p < 0.001). The flux of Cu declined 

exponentially in both aged and freshly spiked treatments, which indicated rapid 

equilibration of Cu and much lower flux rates prior to H. azteca being added to the 

beakers (Supporting Information, Figure S1). Overlying water pH was lower in freshly 

spiked treatments with high total Cu concentrations (CuTOT) immediately after metal 

addition, but overlying water pH had stabilized to 7.8 ± 0.5 (mean ± 1 standard deviation) 
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at the end of equilibration period. Sediment pH showed similar patterns to overlying 

water with lower pH in freshly spiked sediments with high Cu concentrations; the 

differences in sediment pH were still evident when H. azteca were added to the beakers, 

but at the end of the experiment freshly spiked and aged sediments had similar pH 

(Supporting Information, Figure S2). Ocoee sediment AVS remained higher than Dow 

sediment AVS throughout the experimental period, and as expected, AVS was lower in 

Ocoee sediment with greater CuTOT (U.S. EPA 2005). Sediment Fe and Mn 

concentrations (total and oxidized) were relatively stable through time and between 

sediment preparation treatments (<15% difference). The two preparation treatments 

produced sediments that had statistically similar total Cu concentrations (p > 0.05) but 

the partitioning of that Cu into porewater and particulate fractions differed between the 

aged and freshly spiked treatments. Bulk partitioning coefficients (i.e., KD) indicated that 

Dow sediment had a greater proportion of Cu in the pore waters relative to solid-phases 

when compared to Ocoee (Supporting Information, Figure S3). For both sediments, 

freshly spiked treatments had lower KD (i.e., greater proportion of Cu in pore waters) than 

aged treatments, but differences were small enough to be non-significant (all p > 0.07). 

For partitioning to specific solid-phase fractions, we found a relatively small pool of Cu 

in the oxidized metal fraction (0.1–11%), but the Cu in that fraction showed the largest 

differences between freshly spiked and aged treatments. Overall, freshly spiked 

sediments had greater concentrations of Cu in acid extractable and reducible solid-phase 

fractions than aged sediments.  

For the Ni experiments, we measured Ni flux into overlying water but there were 

no differences in flux rates between aged and freshly spiked treatments (Supporting 

This article is protected by copyright. All rights reserved. 



 

A
ut

ho
r 

M
an

us
cr

ip
t 

Information, Figure S4). Also, the frequent exchange of overlying water (every three 

hours) maintained filtered Ni concentrations below the toxic threshold for H. azteca 

(Besser et al. 2013). Sediment pH was circumneutral (6.8–7.4) for all treatments 

throughout the exposure period. We did detect some significant differences in sediment 

pH between preparation treatments, but the magnitude of differences was small such that 

it would likely not affect Ni partitioning or toxicity (Supporting Information, Figure S5). 

Similar to our observations of the Cu experiment, differences in AVS between 

Burntwood and Raisin sediments were maintained over the experiment (Table 2), but 

AVS was lower with increasing sediment total Ni (NiTOT) in the naturally high-AVS 

Raisin sediment (U.S. EPA 2005). We observed minor differences in Fe and Mn 

concentrations through time and between depths and sediment preparations (i.e., freshly 

spiked vs. aged), but there were large differences between Raisin and Burntwood 

sediments (Table 2). Sediment NiTOT was stable through time and consistent across 

depths, but Burntwood freshly spiked treatments had on average 10% greater NiTOT than 

the aged sediment for the same nominal treatments. Bulk partitioning of Ni to porewater 

was greater in Burntwood sediment than Raisin sediment, and porewater Ni in 

Burntwood changed through time (Supporting Information, Figure S6). Interestingly, for 

both Cu and Ni experiments, the sediment characterized by low AVS concentrations (i.e., 

Burntwood and Dow) had more unstable KD through time when compared to high AVS 

sediments (i.e., Ocoee and Raisin). In the solid phase, a majority of Ni was associated 

with Fe oxide minerals for both sediments. In Raisin sediment, Ni was primarily 

associated with amorphous minerals (34–74%), whereas in Burntwood sediment, Ni was 
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more evenly distributed between amorphous (24–54%) and crystalline (32–38%) Fe 

oxide minerals.  

For the Zn experiments, we collected sediment from the same location used for 

the Ni experiments (River Raisin), but the sediment chemistry differed slightly between 

the two experiments, most notably in the speciation of Fe (Table 2). A positive 

relationship between AVS and sediment metals was observed for the Zn experiments, 

whereas the opposite relationship was observed for Cu and Ni sediments; this emphasizes 

that the metal amendment methods did not oxidize AVS and that ZnS has greater 

solubility than either CuS or NiS (U.S. EPA 2005). Sediment pH was circumneutral (7.3–

7.9) in all treatments and did not change during the experiment. Similar to Cu and Ni 

experiments, there were occasional differences in Fe and Mn concentrations both through 

time and between aged and freshly spiked treatments, but the magnitude of differences 

was small (i.e., <10%). Sediment total Zn (ZnTOT) in the freshly spiked treatments was on 

average 10% greater than in the aged treatment for the same nominal concentrations, but 

the Zn concentrations were stable through time. Water overlying the freshly-spiked 

sediment had greater Zn concentrations than aged treatments, but partitioning to 

porewater Zn did not differ between sediment preparations (log KD = 4.7 ± 0.7 L kg-1). 

Among solid-phase fractions, we saw minimal differences between aged and freshly 

spiked sediment. ZnSEM exceeded AVS (molar) at the two highest treatment 

concentrations of both sediment preparations (i.e., ZnTOT >1400 mg kg-1). Additionally, 

those highest ZnTOT treatments were the only sediments with detectable Zn found 

associated with amorphous Fe oxides. This suggests that fractionation of Zn to 
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amorphous Fe oxides may account for a significant amount of ZnTOT only when binding 

capacity of AVS has been titrated. 

Sediment Cu toxicity. The Hyalella azteca survival and growth data indicated 

large differences in concentration–response between Ocoee and Dow sediments and 

small differences due to sediment preparation treatments. Both Dow and Ocoee freshly 

spiked sediments caused complete mortality at the highest CuTOT concentrations (780 and 

2400 mg kg-1, respectively) (Figure 1). Conversely, aged Dow and Ocoee sediments at 

similar concentrations (740 and 2300 mg kg-1, respectively) reduced survival (<50%), but 

complete mortality was only observed in a single replicate (Dow 740 mg kg-1). The 

increased mortality in freshly spiked sediments is reflected in slightly lower LC50 values 

when compared to aged sediments, but LC50s for freshly spiked and aged sediments 

were not significantly different as evidenced by overlapping 95% confidence intervals 

(CI) (Table 3).  

Growth rates of H. azteca were also reduced in high-Cu sediments, but again 

differences between sediment preparation treatments were minimal (Figure 1). For Dow 

sediment, a 10% reduction in RGR relative to reference sediments occurred at an 

approximately 2-fold higher CuTOT concentration in aged sediments when compared to 

freshly spiked sediments (Table 3). Although the magnitude of difference in RGR 

between aged and freshly spiked Dow sediments was relatively large, the 95% 

confidence intervals around these estimates also were fairly large, and the EC10 values 

did not differ significantly between sediment preparations (Table 3). For Ocoee 

sediments, H. azteca growth rates were reduced at higher CuTOT concentrations but 

concentration–response curves were very similar between freshly spiked and aged 
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treatments (Figure 1). Mortality and growth thresholds for Ocoee sediments were higher 

than those calculated for Dow sediments, likely reflecting the lower porewater Cu 

concentrations in Ocoee sediments.  

Threshold EC10 values calculated for each sediment × preparation combination 

were positively correlated with bulk Cu partitioning between aqueous and solid phases 

(Figure 2A). Relating H. azteca growth rates to bioavailable Cu, which was measured as 

CuSEM in excess of AVS normalized to the organic carbon content (i.e., (CuSEM-

AVS)/fOC), minimized the concentration–response differences between Ocoee and Dow 

sediments and freshly spiked and aged preparations (Figure 3A). Although 

concentration–response relationships for Dow and Ocoee sediments were more similar 

when the Cu was expressed as the bioavailable fraction when compared to CuTOT, point 

estimates from the concentration–response curves remained significantly different from 

each other. When both aged and freshly spiked sediments were combined, Dow 

sediments had an EC10 of 42 µmol g-1 (95% CI = 26–61 µmol g-1) whereas Ocoee 

sediments had an EC10 of 13 µmol g-1 (95% CI = 8–22 µmol g-1). Interestingly, Ocoee 

sediments were toxic at lower concentrations than Dow sediments when Cu was 

expressed as the bioavailable fraction; this result is likely due to the greater proportion of 

Cu adsorbed to Fe oxides in Dow (3–12% of CuTOT) than Ocoee sediments (2–3% of 

CuTOT). Fe oxides are a solid-phase fraction that is not considered bioavailable, yet is not 

accounted for in standard bioavailability models. These results agree with the prevailing 

ecotoxicological models that assume porewater metals are the primary route of toxicity.  

Sediment Ni toxicity. The H. azteca toxicity endpoints (survival, growth, and 

tissue concentrations) indicated differences in concentration–response between 
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Burntwood and Raisin sediments but minimal differences between sediment preparation 

techniques. Complete mortality was observed in a few replicates of the highest NiTOT 

treatment of both aged and freshly spiked Raisin sediment (i.e., 3000 mg kg-1) but no 

complete mortality was observed in Burntwood sediment (Figure 4). There was minimal 

mortality in the aged Burntwood sediments, and thus concentration–response thresholds 

(i.e., LC50) could not be calculated (Table 3). Raisin aged and freshly spiked sediments 

with high NiTOT caused mortality (Figure 4), but LC50s were not statistically different 

between sediment preparations (Table 3). Growth rates of H. azteca were lower on 

sediments with greater NiTOT, and differences were observed between Raisin and 

Burntwood sediments (Figure 4). EC10 values were similar between aged and freshly 

spiked sediments for both Burntwood (951 and 1010 mg kg-1, respectively) and Raisin 

sediments (242 and 499 mg kg-1, respectively). Although concentration–response 

thresholds for Burntwood were 2–4-fold higher than thresholds for Raisin sediments, the 

95% confidence intervals around these estimates were large and often overlapped (Table 

3). Exposure of H. azteca to both Burntwood and Raisin sediments resulted in Ni 

accumulation in their tissues, and there was a positive relationship (log–log) between 

sediment and tissue Ni concentrations (Supporting Information, Figure S7). There were 

no differences in tissue Ni concentrations between H. azteca exposed to either aged or 

freshly spiked preparations of either sediment (p > 0.70), but H. azteca exposed to Raisin 

sediments had a slightly greater accumulation of Ni relative to NiTOT (i.e., greater slope) 

than those exposed to Burntwood sediments (Supporting Information, Figure S7).  

In contrast to Cu exposures, threshold EC10 values calculated for each sediment × 

preparation combination were not correlated to the bulk partitioning of Ni between pore 
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water and sediment (Figure 2B). The lack of relationship between bulk partitioning and 

Ni EC10 is likely due to the spatial disconnect between organism exposure at the surface 

and pore water measurement in anoxic sediment. Bulk partitioning in surface sediments 

where sorption to Fe oxides would dominate over coprecipitation with AVS may yield 

better correlation to Ni EC10. Within each sediment type, bioavailable Ni (i.e., (NiSEM-

AVS)/fOC) was related to the reduction in H. azteca growth rates and we again observed 

no differences between sediment preparations (Figure 3B). Combining aged and freshly 

spiked sediments, we estimated EC10s for RGR of 160 µmol g-1 (95% CI = 111–423 

µmol g-1) for Burntwood and 3 µmol g-1 (95% CI = 1–7 µmol g-1) for Raisin sediments. 

Expressing Ni exposure as only the bioavailable fraction is expected to reduce the 

variability in toxicological thresholds (U.S. EPA 2005), but we observed greater 

differences (50-fold) when expressing dose as bioavailable Ni when compared to NiTOT. 

Furthermore, Raisin sediment (relatively high AVS and low Fe) was toxic at lower 

bioavailable Ni concentrations than Burntwood sediment (relatively low AVS and high 

Fe), which emphasizes that Ni adsorption to Fe oxide minerals likely reduces Ni exposure 

but is not accounted for in current bioavailability models (Costello et al. 2011, 2016, 

Mendonca et al. 2017). 

Sediment Zn toxicity. We observed minimal mortality of H. azteca and only 

minor responses in growth and tissue Zn as a result of exposure to aged or freshly spiked 

sediment. Limited mortality of H. azteca, even when exposed to the greatest ZnTOT (i.e., 

2600 and 3300 mg kg-1), did not allow for calculation of LC50s (Table 3). Growth of H. 

azteca was reduced ~5% in the greatest ZnTOT treatments relative to controls for both the 

aged and freshly spiked treatments (Figure 5). However, a concentration–response 
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threshold could be calculated for aged sediments only, but the estimate was above the 

highest ZnTOT treatment (3300 mg kg-1) with an undefined positive confidence limit 

(Table 3) and we urge caution in interpreting this threshold. Tissue Zn concentrations 

exhibited similar patterns to growth, as the H. azteca exposed to the highest ZnTOT 

treatments were the only amphipods with tissue Zn above controls and there were no 

differences among sediment preparation methods (Supporting Information, Figure S8). 

The H. azteca exposed to the >2500 mg kg-1 ZnTOT had Zn tissue concentrations 2-fold 

greater than other treatments. Expressing the dose of sediment Zn as bioavailable Zn (i.e., 

(ZnSEM-AVS)/fOC) showed similarities between aged and freshly spiked sediments, but no 

concentration–response thresholds could be calculated. The relatively high AVS 

concentrations in both aged and freshly spiked Raisin sediments resulted in AVS 

exceeding ZnSEM in 4 of the 6 metal amended treatments and (ZnSEM-AVS)/fOC < 90 µmol 

g-1 in all treatments, which is below the threshold at which toxicity may occur (i.e., 120 

µmol g-1, Burton et al. 2005, Di Toro et al. 2005). 

Comparison to intact sediment. The Ni and Cu experiments can be compared to 

mesocosm experiments that used the same sediments but tested H. azteca growth 

response to intact sediment (Costello et al. 2015, 2016). Caution must be used for these 

comparisons because of the differences in experimental conditions (e.g., duration of 

toxicity assay, H. azteca access to sediment, overlying water exchange rate), but 

comparisons between sediments within experiments do reveal some important patterns. 

First, sediments retained within the mesocosm and tested without manipulation (i.e., 

intact un-homogenized sediment) showed increases in EC10 during aging, which 

indicates that these sediments became less toxic as they aged (Table 4). However, the 
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magnitude of change in EC10s differed among sediments, as Dow (Cu tests) and Raisin 

(Ni tests) EC10s changed more than for Ocoee and Burntwood, respectively. This 

difference in the magnitude of change in EC10s during aging established a switch in 

relative toxicity where the sediments with lower concentration–response thresholds early 

in the aging process (EC10s: Dow < Ocoee and Raisin < Burntwood) had greater 

concentration–response thresholds late in the aging period (EC10s: Dow > Ocoee and 

Raisin > Burntwood).  

As mentioned above, we observed only minor differences between freshly spiked 

and aged sediment preparations for the homogenized sediment. Comparing between 

homogenized sediment tests for Cu and Ni, we found, regardless of sediment preparation, 

EC10s were lower for Dow than Ocoee and lower for Raisin than Burntwood. The 

relative toxicity of these homogenized sediments was more similar to intact sediments 

tested in the mesocosm early during the aging process rather than late (Table 4). 

Although the aged treatments for the experiments described here were taken immediately 

after the late sampling period within the mesocosm experiment, the toxicity results more 

closely resemble those observed early in the mesocosm experiment, thus suggesting a 

‘reset’ of sediment toxicity following homogenization. This comparison provides 

additional support for our hypothesis that declines in toxicity observed during sediment 

aging are not due to slow equilibration of metals, but rather are related to changes in 

vertical heterogeneity of sediment due to oxidation of surface sediment. 
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Discussion 

Our data demonstrate that slow equilibration is not the mechanism by which aging 

of sediment can alter toxicity, but rather oxidation of surface sediment, and the 

persistence of that oxidized surface layer (and associated metal oxide ligands), is the 

likely explanation for altered toxicity during sediment aging. The most striking 

differences in physicochemistry between sediment preparations were in the Cu 

experiments, where freshly spiked sediments had greater pore and overlying water Cu 

and a larger fraction of Cu partitioned to Fe oxides than aged sediments. Despite those 

large physicochemical differences, the toxicological response to those sediment 

treatments were very similar. For the Ni and Zn experiments, there were minimal 

differences between freshly spiked and aged sediments for porewater metals (with the 

exception of Ni in Burntwood sediment), metal flux into overlying water, and metal 

partitioning to solid-phase ligands. These physicochemical trends were reflected in 

similar concentration–response thresholds. Differences between sediment preparations 

observed in the Cu experiments can be linked to instability of sediment physicochemistry 

in the freshly spiked treatments. Following metal amendments, sediment pH was lower as 

a result of CuCl2 hydrolysis, and pH declines were greatest in high Cu sediments. 

Although sediment pH eventually returned to reference conditions by the end of the 

exposure period, AVS concentrations in freshly spiked treatments were lower than aged 

sediments; this likely resulted from dissolution of reduced sulfur compounds under low 

pH conditions, rapid titration by added Cu, and oxidation. For Ni and Zn tests, the 

buffering with NaOH (which was not used in the Cu test) titrated the hydrolysis products 

that are generated during metal addition, and smaller differences in sediment pH were 
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observed between our sediment preparation treatments (no sediment with pH <6). 

Consequently, AVS was either stable (Zn experiments) or only slightly lower in freshly 

spiked than aged treatments (Raisin sediment in Ni experiments). These data add to the 

evidence that regulation of pH during metal amendment is of critical importance for 

producing sediments with stable geochemistry that mirror field-contaminated ecosystems 

(Hutchins et al. 2009, Brumbaugh et al. 2013). 

Our sediment preparation methods for freshly spiked treatments were selected to 

best match the methods used for studies that generated high-quality H. azteca toxicity 

data (Nguyen et al. 2005, Roman et al. 2007, Besser et al. 2013). However, that approach 

resulted in important differences in the handling of our freshly spiked treatments among 

experiments for different metals. Most importantly, the Cu test did not use the state-of-

the-art, metal amendment approaches (i.e., direct metal addition, no pH correction, short 

equilibration time), whereas Ni and Zn tests used more sophisticated metal amendment 

methods with stabilized pH, and those approaches matched sediment treatments for the 

mesocosm experiments (Costello et al. 2015, 2016). Consequently, we are confident our 

sediment preparation techniques used in the Ni and Zn experiments allowed us to isolate 

the effects of slow equilibration processes, but the Cu experiment compared two 

manipulations simultaneously: slow equilibration and pH buffering during spiking. In 

both the Ni and Zn beaker tests, sediment geochemistry differed minimally and there 

were no differences in H. azteca concentration–response thresholds between aged and 

freshly spiked sediments. This stands in contrast to results from the complementary 

mesocosm experiments, which showed large differences in sediment geochemistry and 

concentration–response thresholds during aging (Costello et al. 2016). This suggests that 
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surface sediment oxidation in the mesocosm changed metal bioavailability and toxicity, 

but these effects did not carry over into beaker experiments, likely due to homogenization 

of sediment prior to these tests. Equilibrating porewater pH during amendment is critical 

for environmentally realistic metal partitioning (Hutchins et al. 2009, Brumbaugh et al. 

2013), but the Cu test, which did not include pH equilibration, still demonstrated minimal 

differences in toxicological response between aged and freshly spiked sediments. 

Therefore, slow equilibration of sediments (for at least 100 days) prior to standard 28-d 

sediment toxicity tests elicits minimal effects on sediment geochemistry and 

concentration–response relationships.  

In the mesocosm experiments, toxicity and geochemistry were monitored 

throughout the aging process (Costello et al. 2015, 2016), and 3 of 4 study sediments had 

shifts in metal speciation and declines in toxicity. By the end of the aging period, one 

sediment from each of the Cu and Ni tests (Dow and Raisin, respectively) were non-toxic 

at the concentrations tested. When these aged sediments were homogenized and 

transitioned to beakers, there were significant increases in toxicity. The mesocosm-to-

beaker comparison demonstrated a return of toxicity at low total metal concentrations for 

Dow (Cu test) and Raisin (Ni test) sediments, which were absent at the end of the 

mesocosm experiments. The Cu and Ni experiments indicated that the sediment toxicity 

reverted to what we observed early in the mesocosm aging experiments: toxicity at lower 

Cu concentrations in Dow when compared to Ocoee sediments, and Raisin sediments that 

were toxic at lower Ni concentrations than Burntwood sediment. This suggests that 

homogenization of sediment is critically important and may be responsible for the 

minimal effects of our sediment preparation methods on metal partitioning and toxicity.  
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In the mesocosm experiments, AVS declined in surface sediments due to 

diffusion and advection of O2, and Cu and Ni partitioning shifted from being dominated 

by reduced sulfur to Fe oxides (Costello et al. 2015, 2016). While these high AVS 

sediments were equilibrating to the flow-through conditions, they were toxic to H. azteca 

at lower total Ni concentrations. The sediment chemistry in the beaker experiments 

described here was frequently similar across depths, which indicates that homogenization 

eliminated any vertical gradients. With the exception of Ocoee sediment in the Cu test 

(i.e., lower AVS in surface), the 28-d experimental period was not sufficiently long to 

reestablish vertical gradients in physicochemistry. The transition between oxic and 

anoxic sediment, and the associated changes in redox-sensitive ligand concentrations, 

occurs over short distances (<8 mm; Costello et al. 2015, 2016), and homogenization of 

the 7 cm deep sediment column diluted any oxidized ligands and associated metals, and 

redistributed reduced ligands to the surface. This result adds to the evidence that physical 

disturbance of sediment can alter metal speciation and toxicity (Simpson et al. 1998, 

Fetters et al. 2016), and in this experiment it reversed the changes observed during 

sediment aging. Thus, these data indicate that the addition of an aging step prior to 

standard sediment toxicity assays (i.e., includes homogenization) would not create 

experimental conditions that more closely represent field conditions. However, intact 

core experiments or aging without homogenization, which are designed to maintain 

vertical gradients in redox and metal partitioning, would likely be needed to best 

represent contaminated sediments encountered by organisms in the field. 

Although there were minimal differences between aged and freshly spiked 

treatments related to aging, we did observe variation in concentration–response and metal 
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partitioning when comparing among our different sediment types. This variation in 

concentration–response across sediment types (i.e., EC10s) and metals can prove to be an 

important test of different sediment quality guidelines that are currently in use. Observed 

EC10 concentrations were all above the consensus-based threshold effect concentrations 

(TECs, MacDonald et al. 2000) for all but Dow freshly spiked sediment, which is 

expected because TECs are conservative estimates of toxicity based on total metal 

concentrations. Although EC10s almost always exceeded TECs, the magnitude of 

difference among metals differed; EC10:TEC ratios for Cu were 0.9–7.5 (Cu TEC = 31.6 

mg kg-1), but Ni and Zn EC10:TEC were always >10 (22.7 and 121 mg kg-1 for Ni and 

Zn, respectively). The low EC10:TEC for Cu experiments are likely due to the short 

equilibration times and high bioavailability of Cu in these experiments. Accounting for 

bioavailability with SEM/AVS approaches (U.S. EPA 2005) reduced variability in 

concentration–response thresholds for Cu only. Differences in concentration–response 

between Raisin and Burntwood sediments amended with Ni were not minimized by 

accounting for AVS and OC or bulk partitioning to pore water in anoxic sediment, and 

this supports the observation from other studies that Fe oxides in surface sediment are a 

more important ligand for Ni binding (Costello et al. 2011, 2016, Besser et al. 2013, 

Mendonca et al. 2017). Regardless of sediment type, preparation technique, or metal, no 

laboratory-prepared sediment with AVS in excess of SEM caused toxicity, which has 

been demonstrated repeatedly in laboratory and field studies (Di Toro et al. 1992, Burton 

et al. 2005, U.S. EPA 2005, Costello et al. 2011). 

Although traditional standardized conditions used for sediment preparation and 

toxicity testing (e.g., Hutchins et al. 2009, Brumbaugh et al. 2013) are crucial for accurate 
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concentration–response thresholds, we argue that laboratory-prepared sediments that are 

homogenized do not account for surface sediment oxidation and may still be conservative 

with respect to intact aged sediments (Costello et al. 2015, 2016). Furthermore, field-

collected contaminated sediments may also have vertical gradients (e.g., recently settled 

surface particles) that are disturbed during homogenization prior to laboratory testing. 

Collection, storage, and homogenization of sediment may overlook or minimize the role 

of bioturbating organisms in modifying gradients in redox (Remaili et al. 2016). We 

advocate for additional research comparing metal partitioning and toxicity between intact 

cores and homogenized sediments to improve our understanding of the relationships 

between slow oxidation of surface sediment, ambient physicochemical gradients in 

sediment, and resulting toxicity to epibenthic organisms. Overall, our findings suggest 

that laboratory-derived, sediment quality guidelines currently in use are useful as 

conservative benchmarks for initial screening of sediments. Nevertheless, without an 

understanding of the role of sediment oxidation and the stability of metal-binding ligands 

under oxidizing conditions influence metal partitioning and toxicity, traditional sediment 

toxicity methods are not well suited to predict in situ toxicity. This study adds to the 

growing body of literature demonstrating the importance of oxidized ligands, sediment 

disturbance, and non-equilibrium dynamics in surface sediments (Simpson et al. 1998, 

2012, Atkinson et al. 2007, Costello et al. 2011, 2015, Fetters et al. 2016, Mendonca et al. 

2017), and emphasizes the need for well-designed experiments for improved accuracy in 

ecological risk assessment. 
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FIGURE CAPTIONS 

Figure 1. Survival and relative growth rates of Hyalella azteca that were exposed to Cu 

contaminated sediments that were either freshly spiked or aged. Mortality of all 

organisms was observed for the highest sediment Cu treatments of the freshly spiked 

treatments, and growth rates could not be calculated for these treatments. Lines indicate 

best-fits from GLM (survival) or non-linear least-squares regression using a logistic 

function (growth). Solid symbols and horizontal lines indicate the EC10 and 95% 

confidence interval for each exposure scenario. Note the log scale on the x-axis and the 

different scales, as Dow sediment had lower Cu concentrations than Ocoee sediment. 
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Figure 2. The partitioning of Cu (A) and Ni (B) between solid and aqueous phases (i.e., 

KD) and toxicological thresholds for sediments amended with metals with two different 

techniques. Sediments with more Cu in pore waters relative to solid-phase Cu 

concentrations (i.e., low log KD) caused reduced H. azteca growth at lower CuTOT 

concentrations (p = 0.007). There was no relationship between Ni partitioning to pore 

waters and concentration–response thresholds (p = 0.16). Vertical lines are 95% 

confidence intervals and the dashed line is a best-fit line from linear regression (equation 

given on plot). Note the different scales on the x- and y-axes. 
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Figure 3. Hyalella azteca growth response relative to the concentration of Cu (A) or Ni 

(B) in excess of AVS, normalized by sediment organic carbon concentration. Response in 

RGR did not differ between sediment preparation (i.e., freshly spiked or aged) of the 

same sediment type and best-fit lines show concentration–response relationships for 

different sediment types only. Because the x-axis is on a log scale, negative values of 

(SEM-AVS)/fOC (i.e., AVS in excess of SEM) are placed at 1. 
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Figure 4. Survival and relative growth rates of Hyalella azteca that were exposed to Ni 

contaminated sediments that were either freshly spiked or aged. Lines indicate best-fits 

from GLM (survival) or non-linear least-squares regression using a logistic function 

(growth). Solid symbols and horizontal lines indicate the EC10 and 95% confidence 

interval for each exposure scenario. Note the log scale on the x-axis and the different 

scales, as Burntwood sediment had lower Ni concentrations than Raisin sediment. 
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Figure 5. Survival and relative growth rates of Hyalella azteca exposed to Zn amended 

Raisin sediments that were either freshly spiked or aged. The line indicates best-fit from 

non-linear least-squares regression using a logistic function. All survival data and the 

RGR response on aged sediment produced non-significant concentration–response 

relationships. The solid symbol and horizontal line indicate the EC10 and 95% 

confidence interval for the freshly spiked sediments. Note the log scale on the x-axes. 
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Table 1. Experimental conditions for Hyalella azteca toxicity assays. Experimental 

conditions varied between the experiments for copper, nickel, and zinc, but reflected the 

most robust recent 28-d H. azteca bioassays with growth as the main endpoint of toxicity. 

 

 

Cu Ni Zn 

Spike equilibration 1 h 8 weeks 40 d 

Metal addition Direct Indirect Indirect 

pH correction? N Y Y 

Aging time (d) 221 108 106 

Test chamber 

equilibration (d) 

10 7 1 

Sed:H2O (mL:mL) 75:175 100:150 100:150 

Water renewal 3x weekly 8x daily 2x daily 

Feeding  

(mL d-1 beaker-1) 

1 mL YCT:algae 

(3:2) 
0.6 mL YCT 1 mL YCT 

Nominal metal 

conc. (mg kg-1)a 

Dow: 60–800 

Ocoee: 160–2100 

Burntwood: 100–1300 

Raisin: 200–2800 

Raisin: 150–2100 

Source Roman et al. 2007 Besser et al. 2013 Nguyen et al. 2005 
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concentrations are not reported here; YCT = Yeast, cerophyl, trout chow food 

Table 2. Key physicochemical characteristics of sediments amended with metal 

and used in 28-d Hyalella azteca bioassays.  

Sediment 

Meta

l 

AVS 

(µmo

l g-1) 

O

M 

(%

) 

Total 

carbo

n (%) 

Total 

Fe 

(mg 

kg-1) 

FeHF

O 

(mg 

kg-1) 

FeCF

O 

(mg 

kg-1) 

Tota

l Cu 

(mg 

kg-1) 

Tota

l Ni 

(mg 

kg-1) 

Tota

l Zn 

(mg 

kg-1) 

Dow Cu 0.54 2.1 0.68 6800 840 1700 6 na na 

Ocoee Cu 6.3 8.2 3.6 

4600

0 1700 

1700

0 27 na 160 

Burntwoo

d Ni 0.01 10 4.2 

4200

0 3200 

1300

0 35 55 65 

Raisin Ni 9.1 15 8.2 

1300

0 5300 2900 na 5 na 

Raisin Zn 9.2 19 na 
1500

1000 7100 na na 56 
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AVS = acid volatile sulfide; OM = organic matter; FeHFO = amorphous Fe 

oxides; FeCFO = crystalline Fe oxides; na = data not available 

Table 3. Total metal (mg kg-1) toxicological thresholds (± 95% confidence intervals) 

from Hyalella azteca survival and growth concentration–response curves. Standard 28-d 

bioassays were used to compare metal amended sediments that were either freshly spiked 

or aged in a mesocosm for >100 d.  

Metal Sediment Preparation LC50 EC10 (growth) 

Cu Dow Aged 435 (341–590) 57 (22–90) 

 

Dow Freshly spiked 395 (339–465) 29 (16–44) 

 

Ocoee Aged 2520 (1800–4410) 217 (120–310) 

 Ocoee Freshly spiked 1590 (1360–1900) 238 (137–343) 

Ni Burntwood Aged >1120a 951 (552–3440) 

 

Burntwood Freshly spiked 1720 (1090–3800) 1010 (636–1180) 
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Raisin Aged 504 (355–702) 242 (110–386) 

 

Raisin Freshly spiked 803 (364–2390) 499 (314–701) 

Zn Raisin Aged >2600 a >2600 a 

 

Raisin Freshly spiked >3300 a 4260 (3320–inf.b) 

 

a no significant concentration–response curve could be calculated and threshold 

is reported as greater than the maximum concentration tested; b upper confidence 

interval was unbounded (i.e., positive infinity). 

Table 4. Comparison of EC10s between experiments using homogenized and intact sediments. EC10s 
are from concentration–response relationships between total metal concentrations (mg kg-1) and 
Hyalella azteca relative growth rates. Test conditions differed between experiments with 
homogenized and intact sediment, most notably in the exposure chamber, test duration, and 
overlying water conditions. Homogenized sediment: beakers giving H. azteca free access to sediment, 
28-d toxicity assay, and static renewal of overlying water; Intact (mesocosm) sediment: H. azteca 
caged at surface of sediment, 7-d toxicity assay, and flow-through water column. 

  

Homogenized   Intacta 

Metal Sediment Freshly spiked Aged  Earlyb Latec 

Cu Dow 29 57  18 >800d 

Cu Ocoee 238 217  43 92 
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Ni Burntwood 1010 951  239 275 

Ni Raisin 499 242  20 >3000d 

a Data for 7-d H. azteca assays completed within the mesocosm (details in 

Costello et al. 2015, 2016); b early EC10 are from assays that were completed 2–

7 days after the start of aging; b late EC10 are from assays that were completed 

213–220 (Cu test) and 100–107 days (Ni test) after the start of aging; d calculated 

concentration–response threshold was beyond the range of total metal 

concentrations used in the test, and threshold is reported as greater than the 

maximum concentration tested. 
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