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Key points 

• DOM biological lability decreases with residence time in bioactive regions of the stream 
(defined as bioactive residence time). 

• Decreasing biological lability, exchange into and residence times in bioactive regions 
influence in-stream DOM dynamics. 

• Model predictions show how the distribution of DOM fractions (i.e. fractionation) and 
spiraling metrics depend on in-stream location. 
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Abstract  

Respiration of dissolved organic matter (DOM) in streams contributes to the global CO2 
efflux, yet this efflux has not been linked to specific DOM sources and their respective uptake 
rates. Further, removal of DOM inferred from longitudinal concentration gradients in river 
networks has been insufficient to account for observed CO2 outgassing. We hypothesize that 
understanding in-stream dynamics of DOM, which is a heterogeneous mixture spanning a wide 
range of biological labilities, requires considering that DOM lability decreases during downstream 
transport. To test this hypothesis, we paired seasonal bioreactor measurements of DOM biological 
lability with whole-stream tracer data from White Clay Creek, Pennsylvania, USA, and used a 
particle-tracking model to predict in-stream DOM dynamics. The model simulates continuous 
inputs of DOM and uses storage time in the stream bioactive regions plus kinetic parameters from 
bioreactors to assess differential uptake of DOM fractions (i.e. fractionation) in the stream.  We 
compared predictions for in-stream dynamics of bulk DOM concentration (quantified as dissolved 
organic carbon) and fluorescent DOM components.  Our model-data synthesis approach 
demonstrates that more labile fractions of DOM in streamwater preferentially originate and are 
consumed within short travel distances, causing spiraling metrics to change with downstream 
distance. Our model can account for local sources of rapidly-cycled labile DOM, providing a basis 
for improved interpretation of DOM dynamics in streams that can reconcile apparent discrepancies 
between respiratory outgassing of CO2 and longitudinal DOM concentration gradients within river 
networks. 
 
 A

ut
ho

r 
M

an
us

cr
ip

t  

 

 

 

 

 

This is the author manuscript accepted for publication and has undergone full peer review but has
not been through the copyediting, typesetting, pagination and proofreading process, which may
lead to differences between this version and the Version of Record. Please cite this article as doi:
10.1029/2020WR027918.

This article is protected by copyright. All rights reserved.

https://doi.org/10.1029/2020WR027918
https://doi.org/10.1029/2020WR027918
https://doi.org/10.1029/2020WR027918


A
ut

ho
r 

M
an

us
cr

ip
t 

This article is protected by copyright. All rights reserved.  

 

 

 

 

 

 

 

1. Introduction 
Rivers transport substantial amounts of dissolved organic matter (DOM), a large fraction 

of which is metabolized to CO2 by microorganisms in streambed biofilms on rocks and sediments 
(Battin et al., 2016; Fischer & Pusch, 2001). At a global scale, rivers are estimated to outgas 1.8 
Pg CO2-C yr-1 to the atmosphere (Raymond et al., 2013), which is similar to CO2 emissions from 
wetlands and much larger than CO2 emissions from lakes (Wehrli, 2013). With DOM 
concentrations in many rivers increasing due to intensive agricultural practices and urbanization 
(Regnier et al., 2013) as well as the browning phenomenon associated with reductions in acid 
precipitation (Roulet & Moore, 2006), there is a pressing need to understand microbial uptake of 
DOM in rivers to understand how CO2 emissions may change. Microbial uptake of DOM depends 
on DOM lability as well as the exchange of DOM from surface waters into biologically active 
streambed sediments and other storage areas, which provides the opportunity for microbial uptake 
during downstream transport (Battin et al., 2008).    

DOM processing in streams can be conceptualized as a spiral (Newbold et al., 1982), where 
DOM derived from terrestrial (allochthonous) or in-stream (autochthonous) sources is transported 
downstream and into the benthic region where microbial uptake leads to complete degradation to 
CO2, and the remainder of the partially or undegraded DOM eventually reenters the water column 
and continues to transport downstream.  An approach used to study DOM spiraling in rivers is to 
perform whole-stream tracer additions, which have been used to estimate overall DOM uptake. 
Tracer addition experiments measure the resulting in-stream breakthrough curves (BTCs) at one 
or more downstream locations, and interpret the BTCs using one-dimensional reach-scale models 
(Boano et al., 2014; Harvey & Gooseff, 2015). DOM in these studies is measured as a bulk 
concentration, and therefore the fractions of DOM are not differentiated.  Commonly-used reach-
scale models based on the tracer studies often assume that microbial uptake of DOM occurs at a 
constant (fixed) rate independent of downstream location (Boano et al., 2014; Newbold et al., 1983; 
Ward & Packman, 2019).  In contrast to this assumption, it is well known that DOM is a 
heterogeneous mixture spanning a wide range of biological labilities, or in other words varying 
susceptibility of DOM fractions to be metabolized via microbial uptake and respiration (e.g., Cory 
& Kaplan, 2012; Sleighter et al., 2014), with increased lability defined as when the same contact 
time results in increased DOM removal. Furthermore, the lability of the DOM pool decreases as 
the more labile fractions of DOM are removed and the more recalcitrant fractions remain, 
demonstrating a need for a model that can account for both spatial and temporal lability variations 
in streams. However, with the exception of Kaplan et al. (2008), no reach-scale field study has 
included the range in labilities in the DOM pool when modeling uptake of a DOM tracer (i.e. 
uptake length) in streams, and lability remained constant in time and space in this model for each 
of the three defined fractions of DOM.  

 To bridge this knowledge gap, the objective of this study was to evaluate how lability 
variations within the DOM pool alter reactivity over time and space and across seasons to influence 
DOM dynamics in streams. We analyzed these relationships in White Clay Creek, Pennsylvania, 
USA, where DOM has been extensively studied via in situ observations, bioreactor experiments, 
and in-stream tracer experiments, and lability classes of different DOM fractions have been 
identified based on relationships between removal rates of DOC and fluorescent DOM (FDOM) 
components with bioreactor residence time (Cory & Kaplan, 2012; Kaplan & Newbold, 1995; 
Kaplan et al., 2008; Kaplan, 2019). We used FDOM, associated with microbially- and terrestrially-
derived humic DOM and protein-like FDOM linked to free or combined amino acids (Cory & 
McKnight, 2005), as proxies for the range of labilities within the DOM pool. Conventionally, 
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protein-like FDOM is a proxy for the most labile DOM, while humic-like FDOM is a proxy for 
less labile DOM (Balcarczyk et al., 2009; Fellman et al., 2009b; Hood et al., 2009). We linked 
these bioreactor lability measurements to in-stream dynamics using a particle tracking model 
approach that supports consideration of temporal and spatial variations in reaction rate and flow 
parameters at the reach scale (Li et al., 2017).  

The key processes considered to govern DOM dynamics in White Clay Creek are 
visualized in a conceptual model: advection and mixing bring DOM into the bioactive part of the 
stream-subsurface continuum, resulting in microbial uptake and modification of DOM (Figure 1).   
With application to White Clay Creek, we focus only on microbial reaction in the bioactive 
streambed as benthic respiration in headwater streams exceeds water column respiration by over 
two orders of magnitude (Minshall et al., 1983) with photochemical alteration rates much lower 
than biodegradation rates of labile DOC in this stream (Bowen et al., 2020). We constructed the 
quantitative model to study the combined impacts of lability variations within the DOM pool, 
exchange into and residence times in bioactive regions that together influence DOM dynamics in 
streams. DOC and FDOM decreasing labilities with bioactive residence time were quantified for 
different months of the year, to span the wide temporal differences in DOM lability in rivers 
(Fellman et al., 2009a; Harun et al., 2016; Masese et al., 2017; Singh et al., 2014).  The model-
data synthesis approach was first applied to a 13C-DOC tracer study, with data available in both 
the bioreactor lab-scale and stream reach-scale. The same approach was then used to predict 
seasonal differences in DOM dynamics and spiraling metrics, such as uptake length and velocity, 
and the distribution of DOM fractions (i.e. fractionation) during downstream transport. Finally, we 
used the model to assess the relative contribution of upstream sources to reflect the local 
streamwater DOM signature observed at a site downstream.  

 
 

 
 
Figure 1. Conceptual model of key processes governing DOM dynamics in streams. Blue dots 
represent DOM input at a specific location along the stream, and the color intensity of each dot 
indicates lability. Advection and mixing vary as a function of the vertical position in the stream-
subsurface continuum. The line with a triangle represents the water surface, and the stippled pattern 
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indicates the streambed. Biological lability decreases as a function of the cumulative amount of 
time that DOM has spent in the bioactive streambed, shown by the shift from dark (high lability) 
to light (low lability) blue dots. Microbial uptake of DOM leads to either complete degradation to 
CO2 or the release of partially degraded DOM back into the water column, where it continues to 
transport downstream.    
 
2. Methods 
We evaluated the combined effects of in-stream DOM transport, exchange into and residence 
times within the bioactive region, and decreasing biological lability with residence time on DOM 
dynamics in White Clay Creek (Section 2.1). For each season, decreasing biological lability was 
estimated from measurements of DOC concentration and intensity of FDOM components in 
laboratory  bioreactor experiments (Section 2.2).  These results were paired with a field tracer 
injection study that characterized the hydrologic conditions during each experiment (Section 
2.3). A particle tracking model (Section 2.4) was used to characterize in-stream transport, 
exchange into and residence time in the bioactive region based on the observed tracer dynamics 
(Section 2.5.1).  The model was then used to project reach-scale 13C-DOC in-stream 
breakthrough curves (Section 2.5.2) using the combined lab-based 13C-DOC lability rate 
parameters and reach-scale hydrologic parameters. This model-data synthesis approach was then 
used to predict seasonal variations of DOM dynamics in White Clay Creek for both point-
sources and distributed sources of DOM (Section 2.6).  
 
2.1. Field site description 

White Clay Creek is a third-order stream in the southeastern Pennsylvania Piedmont that 
drains agricultural lands, and despite an intact riparian forest, the streamwater is enriched in 
nutrients (Newbold et al., 1997). Mean seasonal dissolved organic carbon (DOC) concentration 
ranges from 1.3 mg C L-1 in winter to 1.7 mg C L-1 in summer at baseflow conditions (Hullar et 
al., 2006). Monthly average streamwater temperature ranges from 3.1 ºC in January to 18.6 ºC in 
July. White Clay Creek has mean annual stream discharge ranging from 66 to 156 L s-1 (Newbold 
et al., 1997). Streambed sediments are predominantly gravel-cobble, with sand and finer sediments 
also present in large quantities. Hydraulic conductivity ranges from 1.8×10-5 m s-1 to 1.1×10-4 m 
s-1 (Battin et al., 2003), and streambed porosity ranges from 20% to 30% (Battin et al., 2003; 
Sawyer et al., 2014). 

 
2.2. Bioreactor laboratory experiments 
2.2.1. 13C-DOC tracer experiment 

We compiled published data from a bioreactor experiment conducted on Oct 4, 2002, 
which measured the concentrations of biodegradable DOC in stream water and uptake of  natural 
streamwater amended with a 13C-DOC tracer as a function of empty-bed contact time or residence 
time in the bioreactors filled with sintered glass beads, calculated as the volume of the bioreactor 
divided by the flow rate of water pumped through the bioreactor (Kaplan et al., 2008; Kaplan et 
al., 2019). The 13C-DOC tracer was prepared from tulip poplar tree tissues (Liriodendron tulipifera) 
and was highly labile (i.e. more susceptible to microbial metabolism) compared to the natural 
DOM pool in the streamwater. The source of microbes and carbon do not differ between the 
streambed and the bioreactors. The bioreactor laboratory experiments are described in more detail 
in the supporting information (Text S1).   
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2.2.2. Natural streamwater experiments 
To characterize uptake of DOC and FDOM components from natural streamwater, we 

conducted additional bioreactor experiments on Aug 4, 2016, Nov 3, 2016, Jan 26, 2017, and May 
23, 2017 following the same approach used by Kaplan et al. (2008), Cory and Kaplan (2012), and 
Sleighter et al. (2014) (Text S1). The use of FDOM to study DOM dynamics in streams is 
supported by correlations between optical properties and molecular properties of DOM in White 
Clay Creek (Sleighter et al., 2014). Briefly, influent and effluent FDOM was characterized using 
excitation emission matrix spectroscopy (EEM) that measures fluorescence intensities as Raman 
units (RU) over a range of excitation and emission wavelengths. Excitation emission matrices were 
evaluated using a multivariate technique, parallel factor analysis (PARAFAC), that decomposes 
the matrices into 5 chemically-independent fluorescent components, C1-C5. The 5 FDOM 
components, previously validated for White Clay Creek (Cory and Kaplan, 2012, Text S1, Figure 
S1, Table S1), are commonly identified in freshwaters (Cory and Mcknight, 2005; Stedmon and 
Markager, 2005; Osburn et al., 2012; Parr et al., 2014; Parr et al., 2015). C1-C3 are humic-like 
FDOM components, with C1 associated with recent microbially-derived DOM, and C2 and C3 
associated with terrestrially-derived DOM; C4 resembles tryptophan and C5 resembles tyrosine, 
both being protein-like FDOM components (Cory and Kaplan, 2012, Figure S1, Table S1).  

 
2.2.3. Calculations of biological lability 

Biological lability is the susceptibility of DOM to be metabolized by microbial 
communities. To quantify decreasing lability with residence time from bioreactor measurements, 
for each separate experiment we fit the measured 13C-DOC (Section 2.2.1, Figure S2), DOC 
concentration (C) or FDOM intensity of each component (Section 2.2.2, Figure S3) vs. residence 

time in bioreactor (�) using a reactivity continuum model  
��
��

= � �
��	


�
 for 13C-DOC, DOC or each 

FDOM component, where � and  are fitting parameters that describe the reaction rates (Boudreau 
& Ruddick, 1991; Koehler et al., 2012). The apparent rates (sensu Boudreau & Ruddick, 1991) 
apply to the bulk DOM concentration and represent the weighted average of actual reaction rates 
for all DOM in the system.  As such, the apparent rate is not first-order, but rather an ensemble 
average of first-order reaction rates that change with time.  The reactivity continuum model 
assumes a continuum of labilities with validity beyond timescales of measurements, and is thus 
able to predict the decrease in apparent reaction rates over time in a realistic and robust manner 
( Koehler et al., 2012; Vähätalo et al., 2010). We calculated the apparent first-order reaction rate 
constant ��� = �

��	 (Boudreau et al., 2008) at a reference water temperature (�� =20 ºC, 293.15 

K), as a function of residence time in the bioreactors. The fitted values of � and  for 13C-DOC in 
Oct 2002 and seasonal experiments in Aug 2016, Nov 2016, Jan 2017, and May 2017 for DOC 
concentration (C) and each FDOM component are reported in Table S2. 

Bioreactor experiments were performed at a constant temperature and thus did not account 
for seasonal variations in streamwater temperature, which is important for seasonal changes in 
microbial reaction rates (Caissie, 2006; Phinney & Mcintire, 1965). To correct for seasonal 
changes in streamwater temperature, we applied a universal temperature-dependence of 

metabolism (Gillooly et al., 2001), � = ����
�������
����� , where �  is the temperature-adjusted apparent 

first-order reaction rate constant, �  is water temperature in Kelvin, ��  is a reference water 
temperature (20 ºC, 293.15 K), ��  is Boltzmann’s constant (8.617×10-5 eV K-1), and �  is 
activation energy that has been consistently reported to be ~0.6 eV for a wide range of thermal 
histories and microbial communities (Brown et al., 2004; Demars et al., 2011; Perkins et al., 2012, 
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but see Wetler et al., 2015). Streamwater temperature was not measured on Oct 4, 2002, so we 
used the historical average streamwater temperature for the month October (11.7 ºC).  

The relationships between �  and residence time in the bioreactors were used to 
parameterize reaction (i.e. decreasing biological lability with residence time) in the particle 
tracking model for in-stream DOM dynamics (Section 2.4) (Figure 1). Figure S2B shows � as a 
function of residence time in bioreactor for the 13C-DOC experiment. Figures S3B and S4B show 
� as a function of residence time in the bioreactor for natural streamwater (DOC concentration and 
each FDOM component) for the August 2016, November 2016, January 2017, and May 2017 
experiments. For the purpose of modeling, we assumed that the reaction rate constants for DOM 
once in the bioactive region of the streambed were identical to the reaction rate constants of DOM 
calculated from the bioreactors. While these are the best available estimates of the lability kinetics 
of DOM fractions in White Clay Creek, there are expected differences between the bioreactors and 
streambed sediments (described in detail in supplemental text S1). Continuous perfusion with 
streamwater and suspended microorganisms facilitated colonization of the sintered bead matrix in 
the bioreactors, resulting in gradients of microbial densities, activities, and species composition 
analogous to the bioactive porous environment in the streambed (Kaplan & Newbold, 1995). The 
residence time in a bioreactor is analogous to the cumulative residence time of DOM in the 
bioactive region of the streambed. The bioreactors reflect an undisturbed environment with at least 
twice the density of bacterial cells found in the streambed (Wiegner et al., 2015, Kaplan and Bott, 
1989). Even though differences between the model output and reach-scale field data results were 
expected due to the different local environmental conditions within the bioreactor and streambed 
sediments, we are still able to demonstrate key process controls on DOM dynamics in streams with 
consideration of a continuum of DOM lability pools into a reach-scale model. 

 
2.3. Field tracer injection experiments 
2.3.1. 13C-DOC experiment 

Paired with the 13C-DOC bioreactor experiment, field experiments of conservative solute 
(Br-) and 13C-DOC tracer injections to characterize hydrologic conditions and estimate reach-scale 
DOC uptake were simultaneously conducted on Oct 2, 2002, in White Clay Creek at ~1264 m 
upstream of the bioreactor water sampling site under baseflow conditions (Kaplan et al., 2008; 
Kaplan et al., 2019). In-stream Br- breakthrough curves (BTCs) and discharge were measured at 
� = 15, 51, 426, and 1265 m downstream of injection, and the in-stream concentrations of 13C-
DOC were measured during the peaks of the Br- BTCs at � = 15, 30, 87, 147, 250, 426, 724, and 
1265 m downstream of injection, where � = 0 is the injection location. The background corrected 
BTCs are reported in the supporting information (Figure S5). The discharge was 12.8 L s-1 at 15 
m and 51 m, 14.3 L s-1 at 426 m, and 17.6 L s-1 at 1265 m downstream of injection. 
 
2.3.2. Solute tracer experiments to estimate hydrologic conditions  

Solute tracer (NaCl) experiments were conducted under similar hydrologic conditions as 
each date of the natural streamwater sample collection and bioreactor experiments. The field 
experiments of NaCl (detectable at 2 µS/cm, equivalent to 1 mg L-1 NaCl) were conducted on July 
23, 2014 in different reaches of White Clay Creek, following the same method in Battin et al. 
(2003). NaCl was injected at ~602 m downstream and ~812 m upstream of the bioreactor water 
sampling site, where baseflow discharge was 82 L s-1and 62 L s-1respectively. Background 
concentrations, measured immediately prior to the injections, were subtracted from the tracer 
BTCs. Although the dates of solute tracer and bioreactor experiments were different, we paired 
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seasonal bioreactor measurements with solute tracer data by matching the stream discharge (Table 
S3). January and May had similar hydrologic conditions and were paired with the same tracer data 
(� = 82 L s-1), while August and November had similar hydrologic conditions and were paired 
with the same tracer data (� = 62 L s-1) (Table S3). Concurrent with each tracer experiment, reach 
characteristics were estimated for each study reach, following the method of Battin et al. (2003): 
stream cross-sectional area was estimated from conservative BTCs using the One-Dimensional 
Transport with Inflow and Storage (OTIS) model (Runkel, 1998); stream width was averaged from 
measurements at 10-20 transects; stream depth was estimated from cross-sectional area and stream 
width; river slope was measured along the thalweg; median sediment grain size (� �) was visually 
estimated. Reach characteristics identified from the tracer experiments are summarized in Table 
S4. In addition, we estimated best fits of the conservative BTCs from July 2014 experiments using 
the OTIS model (Runkel, 1998), which served as a baseline to estimate stream hydrologic 
parameters (Section 2.5.1). 

 
2.4. Particle tracking model  

Reach-scale dynamics were simulated using a numerical particle tracking model that is 
able to represent decreasing DOM labilities dependent on residence times at the reach scale, and 
generate extensive spatial and temporal information that cannot be obtained from whole-stream 
injections or reach-averaged models (Li et al., 2017). The particle tracking approach discretizes 
solute mass into “virtual particles”, which are subject to pre-assigned velocity distributions, 
hydrodynamic mixing rates, and reaction rates. The particle tracking model is defined in two 
dimensions: the downstream direction and the vertical direction spanning the stream-subsurface 
continuum. A complete description of the model framework is presented in Text S2. Matlab 
R2018a (Version 9.4) was used for all modeling and analysis. 

 
2.5. Model application to White Clay Creek 
2.5.1. Parameterization of hydrologic conditions 

To characterize the non-reactive in-stream transport and mixing in the subsurface, the 
solute tracer experiments from Oct 2002 (Section 2.3.1) and July 2014 (Section 2.3.2) were fit 
using the particle tracking model.  Briefly, for each dataset, we used the measured reach 
characteristics (Table S4) to parameterize the transport part of the particle tracking model, i.e. 
velocity and mixing only. We then used the measured conservative BTC to fit the model’s transport 
parameters that were not directly measured in the field. These fits provide best-available-estimates 
of stream transport conditions during each tracer study. To simulate a continuous injection 
experiment, we injected 10,000 numerical particles, uniformly distributed in the water column at 
� = 0, at each time step during the continuous injection. Details on the fitting procedure are 
included in the supporting information (Text S2), with best fits shown in Table S5 and Figure S5 
and Figure S6.   
 
2.5.2. Model projections combining decreasing biological lability and hydrologic conditions as 
input parameters 

We applied a model-data synthesis approach to analyze DOM dynamics in White Clay 
Creek for Oct 2002 by combining parameters estimated from bioreactor data and field tracer data 
in the particle-tracking model. Specifically, the hydrologic conditions were parameterized from 
the field tracer data, and the residence-time-dependent reaction rates, representing decreasing 
biological lability, were parameterized from the bioreactor data. To first assess the model 
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conceptualization, without any fitting of the 13C-DOC BTCs, the simulated in-stream 13C-DOC 
concentration is consistent with the observed concentration within a factor of 3 (0.6 – 2.8) at all 
sampling locations (Figure S4). In particular, the model is able to match observed 13C-DOC 
concentration reasonably well at locations beyond � = 426 m, while underestimating observed 
DOC concentration at locations closer to the injection point. The underestimation of observed 
DOC concentrations is a direct result of an overestimation of in stream reaction rate constants 
derived from the 13C-DOC bioreactor data (Section 2.2).  The overestimated uptake is most 
pronounced at locations relatively close to the injection point, which have relatively short bioactive 
residence time and relatively high 13C-DOC lability. Nevertheless, the overall correspondence 
between the model output and observations for both Br- and 13C-DOC of the Oct 2002 dataset 
indicates that the model is able to represent key controls on the transport and uptake of DOM in 
White Clay Creek that demonstrate how decreasing biological lability incorporated into a reach-
scale model influences DOM dynamics in streams. We therefore use this model conceptualization 
to assess seasonal patterns of DOM uptake in White Clay Creek, to gain understanding on how 
decreasing lability influences DOM fractionation at the reach-scale, which cannot yet be measured 
directly.   
 
2.6. Model predictions of seasonal DOM dynamics  
2.6.1. Point source input 

Following the same approach described above (Section 2.5.2), we used the particle tracking 
model to assess seasonal dynamics of DOC and each FDOM component using data from Aug 2016, 
Nov 2016, Jan 2017, and May 2017. For each season, we simulated a continuous tracer injection 
to a 10 km reach using the particle tracking model with best-fit transport parameters for 
conservative BTCs (Section 2.5.1, Table S5), reaction rate constants based on bioreactor data 
(Section 2.2.3, Table S2), and DOC concentration and the FDOM intensity measured in White 
Clay Creek. We simulated in-stream BTCs of conservative solute, DOC, and FDOM every 10 m 
along the 10 km reach, as well as the steady state concentrations (i.e. plateau concentrations in 
BTCs). We also recorded the distribution of bioactive residence time as well as the total residence 
time in the stream at 0, 100, 500, and 1000 m downstream of the injection source. 

We normalized the simulated input DOC concentrations and FDOM intensities to those 
measured in White Clay Creek at the site and date of the injection.  From the simulated 
concentration or intensity gradients of DOC and FDOM, respectively, we calculated the following 
parameters:  

• uptake length !" = #
$%

, where �"  =  −�1/+� ∂+/ ∂�, x is downstream distance, 

and C is DOC concentration (or intensity of FDOM in Raman Units, RU) 

• uptake velocity - = .
/0%

, where � is discharge and 1 is river width, and  

• areal uptake rate  2 = -+.  
 
Uptake length, which is sensitive to stream flow, represents the average downstream distance 
traveled before microbial uptake (Newbold et al., 1981). Uptake velocity is the apparent mass 
transfer coefficient (Stream Solute Workshop, 1990) representing the rate (as a vertical “piston 
velocity” at which DOC or FDOM is removed from the water column to the bioactive streambed). 
Conventionally, �" is estimated as the exponential rate of longitudinal decline in the concentration 
of an injected tracer, but this approach applies to a single substance, e.g., 13C-glucose or 13C-
acetate , with a single characteristic uptake rate and does not apply to a concentration consisting 
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of a mixture of substances of varying labilities or whose lability varies with time (Newbold, 1992). 
Given that DOM is a mixture of molecules with various labilities, the simulated uptake rate 
diminishes with downstream distance with the more rapid loss of the more labile forms.  We 
therefore estimated �" from the local slope at any given distance.  The local slope refers to ln (C/ 
Csolute) as a function of x, at any given distance, where Csolute is the conservative solute tracer 
concentration. This is in contrast to the conventional method that estimates �" as the exponential 
rate constant of the longitudinal decline in concentration, i.e., a constant slope of ln (C/ Csolute) as 
a function of x over the entire reach. This approach becomes identical to the conventional one 
when the assumption of exponential decline in concentration is met.  

The values of the spiraling metrics calculated for the point of injection are those applicable 
to the bulk DOC as sampled from the stream and therefore represent the model estimates of reach-
scale !", vf, and U for the stream. Metrics calculated for successive downstream distances from 
the injections represent properties of the fraction of the injected DOC that remain in the water 
column after traveling the respective distance. They do not describe a property of the stream at 
that point because the DOC simulated to have been removed has likely been replaced via lateral 
and in-stream sources. The simulated injection point (and location from which the bioreactor 
samples were drawn) lies near the lower end of a 2-km reach in which bulk DOC concentration is 
longitudinally uniform (e.g., increasing over the reach by 0.05 mg/L or 3.3% on October, 2, 2002; 
Kaplan et al., 2008).   We therefore infer that DOC uptake was approximately in balance with 
lateral and in-stream sources, and that both uptake and sources were uniformly distributed 
throughout the reach. In addition to spiraling metrics, we calculated the removal of DOC and each 
FDOM component by taking the difference of simulated in-stream concentrations between the 
conservative tracer and DOC or FDOM at each downstream location. Further, we compared the 
fraction of time spent in the bioactive region (i.e. the ratio of bioactive residence time to total 
residence time) in different seasons at � = 100, 500, and 1000 m downstream using the non-
parametric Wilcoxon rank-sum test. At each downstream location, the reach-averaged k was 
estimated using the relationships derived from the bioreactor experiments for total DOC and total 
FDOM (Figure S4A).    
 
2.6.2. Distributed DOC inputs 

To simulate distributed DOM inputs that often occur in natural streams, we added point 
source continuous injections distributed each 10 m along the 10 km reach. Although the exact 
locations of DOM sources to White Clay Creek are unknown, this analysis evaluates the combined 
influence of transport and mixing in the subsurface, residence times in the bioactive region, and 
decreasing biological lability with residence time that control DOM distributions.  We used this 
model to assess how far upstream each DOM fraction could potentially be sourced. To quantify 
the relative contribution of each upstream source, we recorded the fraction of FDOM intensity 
sampled at � = 10 km that originated from each upstream source location. This distribution is the 
discrete probability density function of upstream source locations. We then estimated the 
continuous probability distribution of upstream inputs by fitting a continuous distribution through 
the discrete probability density function of upstream source locations. We used this method to 
calculate the upstream distribution of contributing sources for each FDOM component.   

 
3. Results 

We use a model-data synthesis approach that combines hydrologic reach-scale parameters 
with biological lability rate parameters estimated from bioreactor experiments to predict seasonal 
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variations of DOM dynamics in streams. The simulations show the combined influence of 
hydrologic transport, residence time in bioactive regions, and decreasing biological lability, which 
is not yet possible to measure directly in streams. We first assess the seasonal variations of DOC 
and total FDOM uptake (Section 3.1) and then evaluate FDOM fractionation (Section 3.2), 
describing in detail the uptake of each FDOM component C1-C5.  We then assess how DOM 
distributed sources and variations in biological lability of different FDOM components upstream 
determine the DOM signal observed at a downstream location (Section 3.3).  
 
3.1. Seasonal variations of DOM uptake from a continuous point source 

In all seasons (January, May, August, and November), the simulated concentration of DOC 
and total FDOM decreased with downstream distance, and the decrease was faster (i.e. a steeper 
gradient) at locations closer to the injection source (Figure 2A, B). A faster decrease in DOC 
concentration and total FDOM intensity (i.e. sum of C1-C5 in Raman Units (RU)) occurs because 
of faster hydrologic transport into and longer retention in bioactive regions and/or increased uptake 
within these regions that is linked in the model to biological lability, which we can differentiate 
between when comparing seasons. January had the lowest gradient of DOC and total FDOM 
decline over downstream distance, with 13% reduction of in-stream DOC concentration and 12% 
reduction of in-stream total FDOM intensity between the injection and 10 km downstream. In 
August, DOC concentration and total FDOM intensity were relatively high near the injection 
source, but decreased rapidly over downstream distance, with 34% reduction of tracer DOC 
concentration and 33% reduction of total FDOM intensity between the point source and 10 km 
downstream. Consequently, uptake length increased with downstream distance, with the most 
rapid increase occurring close to the source (Figure 2C, D). In January, the uptake length (!") of 
DOC increased from 1 km at � = 0 m to 325 km for the DOC remaining in the water column at 
� = 10 km. In August, DOC uptake length increased from 0.3 km at � = 0 m to 131 km at � = 10 
km (Table 1). Similar to the trend in uptake length, uptake velocity (-, Figure 2E, F) and areal 
uptake rate (U, Figure 2G, H) decreased with downstream distance in all seasons. On average, 
uptake velocity decreased by 97% within the first km. Total FDOM had similar uptake lengths and 
uptake velocities as DOC. 

The fraction of time that transported FDOM spent in the bioactive region (which we define 
as the bioactive residence time fraction) increased with downstream distance while the reach 
averaged k decreased with distance from the source (Figure 3).  When grouped by hydrologic 
conditions (i.e. Jan/May and Aug/Nov), the bioactive residence time fractions in Jan/May were 
significantly higher than those in Aug/Nov at all downstream locations (Wilcoxon rank-sum test, 
3 < 0.001).  In January and May, the bioactive residence time fraction averaged (±15) 0.43±0.19, 
0.51±0.15, and 0.54±0.13 at � = 100 m, � = 500 m, and � = 1000 m respectively, compared to 
0.39±0.13, 0.43±0.11, and 0.44±0.10 in August and November. These results indicate that there 
was generally more hydrodynamic mixing and increased residence time in the bioactive streambed 
in January and May vs. August and November. However, uptake velocity (-) and areal uptake 
rate (U) parameters, which reflect the combined influence of lability and hydrologic conditions, 
were consistently higher in Jan/May compared to Aug/Nov at all downstream locations for both 
DOC and total FDOM (Figure 2E-H; Table 1). Increased uptake velocity and areal uptake rates 
correspond with a shorter travel distance before DOM is taken up. This result is due to the higher 
bioactive residence time fraction in Jan/May compared to Aug/Nov since reaction rate constants 
were generally lower in Jan/May than in Aug/Nov (Figure 3, Figure S3B). 
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Figure 2. In-stream concentration and intensity of the injected DOC and total FDOM that passed 
x = 0 (A, B), uptake length (C, D), uptake velocity (E,F), and areal uptake rate (G,H) as a 
function of downstream distance of a point source continuous injection at steady state, simulated 
under transport and reaction conditions in Aug 2016, Nov 2016, Jan 2017, and May 2017. Left 
panels represent DOC concentration, and right panels represent total FDOM intensity (i.e. sum of 
C1-C5 in Raman Units (RU)). Vertical axes are in log10 scale to improve visualization of the 
wide range in observed values. 
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Table 1. Spiraling metrics calculated at � = 100 m, 1 km, 5 km, and 10 km under transport and 
reaction conditions in Aug 2016, Nov 2016, Jan 2017, and May 2017. 
 
(A) Uptake length (!") 
 !" of DOC (km) !" of FDOM (km) 
 0 m 100 m 1 km 5 km 10 km 0 m 100 m 1 km 5 km 10 km 
Jan 1 6 44 179 325 2 8 43 143 241 
May 0.4 2 19 81 152 0.6 3 23 90 162 
Aug 0.3 2 16 70 131 0.4 2 15 60 108 
Nov 0.4 2 19 77 143 0.5 3 19 77 141 

 
(B) Uptake velocity (-) 
 - of DOC (m d-1) - of FDOM (m d-1) 
 0 m 100 m 1 km 5 km 10 km 0 m 100 m 1 km 5 km 10 km 
Jan 4.3 0.77 0.11 0.03 0.01 2.8 0.62 0.11 0.03 0.02 
May 12.6 2.0 0.26 0.06 0.03 7.4 1.39 0.21 0.05 0.03 
Aug 4.0 0.66 0.08 0.02 0.01 3.5 0.64 0.09 0.02 0.01 
Nov 2.9 0.50 0.07 0.02 0.01 2.7 0.47 0.07 0.02 0.01 

 
(C) Areal uptake rate (2) 
 2 of DOC (g m-2 d-1) 2 of FDOM (10-6 RU m d-1) 
 0 m 100 m 1 km 5 km 10 km 0 m 100 m 1 km 5 km 10 km 
Jan 8.6 1.5 0.20 0.05 0.03 2.61 0.58 0.10 0.03 0.02 
May 20.7 3.2 0.35 0.07 0.04 5.77 1.05 0.14 0.03 0.02 
Aug 6.6 0.98 0.11 0.02 0.01 3.61 0.61 0.08 0.02 0.01 
Nov 4.7 0.75 0.09 0.02 0.01 1.94 0.32 0.04 0.01 0.005 
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Figure 3. Reach-averaged k for (A) total DOM, (B) total FDOM, and (C) fraction of time 
transported DOM spent in the bioactive region ( i.e. bioactive residence time fraction) vs. 
downstream distance of a point source continuous injection at steady state, grouped by 
hydrologic conditions (Aug/Nov and Jan/May). 
 
3.2. Reach-scale fractionation of FDOM components from a continuous point source 

FDOM was removed throughout the reach, as estimated by the difference in intensity in 
Raman Units (RU) from x = 0 and a known distance downstream. Figure 4 shows the removal of 
total FDOM (i.e. sum of the removal of C1-C5) compared to the removal of humic-like FDOM 
(i.e. sum of the removal of C1-C3) over distance downstream of a continuous point source, under 
August transport and reaction conditions. The removal of total FDOM increased from 0.2 RU at 1 
km to 0.34 RU at 10 km, while the removal of humic-like FDOM increased from 0.14 RU at 1 km 
to 0.25 RU at 10 km. Therefore, humic-like FDOM was responsible for most of the total FDOM 
removed, which was observed for all seasons (Table 2A). Specifically, humic-like FDOM 
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contributed to 67% of total FDOM removed in January, 71% in May, 74% in August, and 62% in 
November (Table 2A). However, if we instead assess the percentage removed of each FDOM 
component from x = 0 to 10 km downstream, removal of C1, C2, C3 (humic-like FDOM) was 10-
11% in January and 29-32% in August, while C4 and C5 (protein-like FDOM) removal was 10-
29% in January and 29-66% in August (Table 2B).  Therefore, despite humic-like FDOM being 
known as a proxy for less labile DOM , and a lower percentage removed from 0 to 10 km 
downstream, its high abundance (60%-75% of total in-stream FDOM, Figure S3A) led to humic-
like FDOM accounting for most of the total FDOM removed for all seasons.  

Figure 4. Removal of total FDOM (i.e. sum of the C1-C5 intensity difference in Raman Units 
(RU) between x = 0 and a distance downstream) compared to the removal of humic-like FDOM 
(i.e. sum of the C1-C3 intensity difference in Raman Units (RU) between x = 0 and a distance 
downstream) as a function of downstream distance of a point source continuous injection at 
steady state, simulated under transport and reaction conditions in Aug 2016. Humic-like FDOM 
was responsible for most of the total FDOM removed. 
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Table 2. Total DOC, total FDOM, and FDOM components removed prior to reaching 10 km 
downstream of a point source continuous input, simulated under transport and reaction 
conditions in Aug 2016, Nov 2016, Jan 2017, and May 2017. Results shown between x = 0 and 
10 km as a (A) difference in intensity or concentration and (B) percentage. C1-C3 represent 
humic-like FDOM; C4 and C5 represent protein-like FDOM (Table S1, Figure S1). 
 
(A) Intensity or concentration removed 
  Jan May Aug Nov 

DOC (mg/L) 0.26  0.47  0.60  0.52  

FDOM (RU) 0.12  0.17  0.34  0.21  
C1 (RU) 0.06 0.08  0.18 0.09  
C2 (RU) 0.01 0.02  0.03  0.01  

C3 (RU) 0.01 0.02  0.04  0.03  

C4 (RU) 0.02 0.02  0.05  0.03  
C5 (RU) 0.02  0.03  0.04  0.05  

 
(B) Percentage removed 
  Jan May Aug Nov 

DOC 13% 28% 35% 31% 
FDOM 12% 21% 33% 28% 
C1 11% 20% 32% 25% 

C2 10% 18% 29% 20% 
C3 10% 20% 29% 26% 

C4 10% 15% 29% 22% 

C5 29% 48% 66% 58% 

 
When we instead observe the remaining fraction of each FDOM component (i.e. in-stream ratio 
of intensity of each component to total FDOM that was not removed), the fractions are similar at 
all locations downstream except for very near to the source (Figure 5) and for all seasons (Table 
3). The initially steeper portion of each curve in the first ~100-200 m downstream of the source 
(Figure 5) reflects the preferential uptake of the most labile fractions.  These results demonstrate 
how decreasing biological lability with residence time alters the in-stream DOM signature close 
to the source, but that further from the source can be more controlled by variations in hydrologic 
conditions, as seen by seasonal variations in bioactive residence times and total percent removed 
(Figure 3, Table 2B).  For instance, the in-stream fraction of tyrosine-like FDOM (C5) decreased 
by 18% from 0.061 at the injection (0 km) to 0.031 at 10 km. In comparison to C5, the fraction 
of tryptophan-like FDOM (C4) increased by 7% from 0 to 10 km. Tryptophan-like FDOM 
contributed consistently 18-19% to in-stream FDOM 10 km downstream of the injection, and 
overall contributed to a greater fraction of the remaining FDOM than either humic-like FDOM 
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components C2 or C3, although still less than C1.

 
 
Figure 5. Remaining fraction of each FDOM component as a function of downstream distance 
from a point source continuous injection at steady state, simulated under transport and reaction 
conditions in Aug 2016.  
 
Table 3. Fraction of each FDOM component remaining (i.e. intensity of C1-C5 components 
divided by total remaining FDOM) in-stream 10 km downstream of point source continuous 
input, simulated under transport and reaction conditions in Aug 2016, Nov 2016, Jan 2017, and 
May 2017. 
 
  Jan May Aug Nov 
C1* 0.53 0.52 0.53 0.51 
C2 0.11 0.11 0.12 0.10 
C3 0.13 0.13 0.13 0.14 
C4 0.18 0.19 0.19 0.19 
C5 0.05 0.05 0.03 0.06 

* C1-C5 represent FDOM components. C1-C3 represent humic-like FDOM; C4 and C5 represent protein-
like FDOM. 
 
3.3. Reach-scale fractionation of FDOM components from distributed continuous inputs  

Since fractionation was similar at 10km for all seasons (Table 3), we present only May as 
an example to demonstrate model predictions of the relative contribution of upstream sources of 
each FDOM component to the streamwater DOM signature observed at a site downstream.  Figure 
6 shows the probability density function of upstream contributing sources within the 10 km reach 
(shown on the y-axis as from 0 to -10 km upstream) for each FDOM component in May. A 
conservative tracer has the same probability of originating from each upstream distance, because 
the inputs are uniform throughout the reach (i.e. the black line in Figure 6 does not change with 
distance upstream of the source). In contrast to a conservative tracer, C5 had the highest lability 
(Figure S2). Accordingly, the probability of C5 originating from each upstream source differed 
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from a conservative tracer.  The probability of C5 originating from sources close to the observation 
location (� = 0) was high (i.e. the red line in Figure 6 is highest near x = 0 and decreases with 
distance upstream from 0 to -10 km), because C5 originating from farther upstream was 
preferentially removed in the stream. C4 lability decreased rapidly over time, and quickly became 
one of the least labile components (Figure S2). As a result, C4 sources were almost uniformly 
distributed within the 10 km reach (i.e. yellow line in Figure 6 shows less variation from 0 to -10 
km from the source as compared to C5), with the exception of a signature of material introduced 
1-2 km upstream of the observation location (shown as around -2 to -1 km in Figure 6) that had 
not yet become depleted (Figure 6). The other FDOM components (C1-C3) fall in between C4 and 
C5 with overall more subtle changes in lability with residence time.   These results clearly show 
that local streamwater reflects the signature of DOM from a wide range of upstream sources, and 
the relative contribution of each upstream source depends on the labilities of each DOM 
component. 
 

 
 
Figure 6. Upstream distribution of contributing sources for in-stream FDOM components and a 
conservative tracer (black line), simulated under transport and reaction conditions in May 2017. 
Local streamwater (� = 0) reflects the signature of DOM from a wide range of upstream sources 
(from 0 to -10 km upstream of the sampling location).  
 
4. Discussion 
4.1. Model conceptualization of DOM in-stream dynamics  

Our modeling approach allows for a new way to conceptualize reach scale DOM dynamics 
by allowing for lability variations in both space and time during downstream transport. Our model 
removes the conventional assumption of constant reaction rate and flow parameters by accounting 
for the vertical variations of velocity, mixing, and reaction rate across the stream-subsurface 
continuum, and accounts for both the range of reaction rates that comprise natural DOM and the 
change in reaction rate as more labile DOM is preferentially metabolized. Specifically, previous 
models were limited to describing uptake as discrete (up to three) DOM lability pools characterized 
by a constant reaction rate (Boano et al., 2014; Newbold et al., 1983; Ward & Packman, 2019).  
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However, our model tracks the cumulative time that each discretized DOM fraction spends in the 
bioactive region, with the ability to account for extensive spatial and temporal resolution, and 
allows for dynamic changes in DOM reaction rates based on the trajectories during downstream 
transport. Thus, the model describes uptake of DOM spanning a continuum of labilities (Boudreau 
& Ruddick, 1991; Koehler et al., 2012) rather than being limited to discrete lability pools 
characterized by a constant reaction rate (e.g., Kaplan et al., 2008).  

Overall, we show that, in the nutrient-rich headwaters of White Clay Creek, seasonal 
variations in bioactive residence time can be more important than seasonal variations in reaction 
rate constants in controlling DOM uptake (Figure 3, Table 2B). The reaction rate constant reflects 
the distribution of active microbial communities and how they respond to varying substrate lability 
and temperature over seasons, while the bioactive residence time is controlled by the distribution 
of active microbial communities and hydrologic conditions in each season. Many studies have 
found that residence time controls carbon and nutrient uptake in rivers (Battin et al., 2008; Lambert 
et al., 2016; Kothawala et al., 2015; Raymond et al., 2016), whereas others have found that 
residence time is less important than substrate availability in controlling total DOM uptake 
(Seybold & McGlynn, 2018).  In White Clay Creek, August and November had lower discharge 
and shorter bioactive residence times, suggesting less hydrodynamic mixing with the bioactive 
streambed, while January and May had higher discharge and longer bioactive residence times 
(Figure 3A). Uptake velocities in January and May were higher than uptake velocities in August 
and November (Table 1B), despite the fact that January and August had the lowest and highest 
reaction rate constants, respectively (Figure 3B). May and November had very similar reaction 
rate constants (Figure 3B), but the lower uptake velocity in November (Table 1B) can be explained 
by the lower bioactive residence time (Figure 3A).  Taken together, our results suggest that stream-
surface hydrodynamic mixing is an important control on bioactive residence times and influences 
in-stream DOM uptake.   
 
4.2 Reach-scale FDOM fractionation predicted from model simulations 

Our combined experimental and computational approach assessed FDOM fractionation at 
the reach scale.  Model simulations predicted reach-scale FDOM fractionation that resulted from 
the combined influence of hydrologic transport, residence time in bioactive regions, and 
decreasing biological lability with residence time (Figure 5, Table 3). These results underscore the 
importance of the high abundance and low lability of humic-like FDOM to streamwater FDOM 
uptake (Figure 4, Table 2B). Indeed, a large pool of slowly degraded humic-like DOM is consistent 
with observations that semi-labile DOM (sensu Carlson, 2002) dominates the pool of 
biodegradable DOM in aquatic ecosystems and provides a degree of metabolic stability to those 
systems (Wetzel, 1984). Previously, operationally-defined humic DOM was considered to 
represent the recalcitrant fraction of the DOM pool (Aiken et al., 1992).  However, studies have 
found relatively high concentrations of biodegradable humic DOM (Volk et al., 1997).   

Model simulations also showed how the interplay of hydrologic conditions and variations 
in biological lability of each FDOM component determine their relative abundance downstream 
(Figure 5, Table 3). For example, the model was able to account for the contrasting behavior of 
protein-like FDOM components in White Clay Creek, showing that lability variations with 
bioactive residence time led to reach-scale removal of tyrosine-like FDOM (C5) and reach-scale 
accumulation of tryptophan-like FDOM (C4) (Figure 5, Table 3). In White Clay Creek, streambed 
heterotrophic metabolism dominates reach-scale uptake.  Given that more labile material 
disappears rapidly, in this stream DOM concentrations and associated uptake downstream depend 
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more on the ability of stream microorganisms to metabolize the more recalcitrant fraction of each 
DOM component than on the lability of fresh DOM. The projected differences in reach-scale 
removal of protein-like FDOM C4 and C5 (Table 2B) highlight the need to not only measure 
streamwater DOM fractions but also connect decreasing biological lability to bioactive residence 
times at the reach scale.  

Our model is able to simulate the preferential accumulation of less-labile DOM.  The 
results suggest that streams receive a wide range of DOM but transport much more lower-lability 
DOM (Table 2, Figure 5).  This biogeochemical diversity contributes to the microbial diversity 
observed in headwater streams (Battin et al., 2016) by simultaneously supporting a wide range of 
metabolisms. In White Clay Creek the labile DOM pool represented a small fraction of the DOM 
in transport that is rapidly depleted by benthic and hyporheic metabolism. The headwaters we have 
studied are similar to larger river ecosystems in that the biodegradable DOM pool is likely a 
mixture of labile monomers with short uptake lengths (Newbold et al., 2006), labile fresh inputs 
of DOM, and a much larger pool of semi-labile DOM.  
 
4.3 Preferential uptake of more biologically labile DOM from upstream distributed sources 

Low concentrations of labile DOM molecules cycle rapidly within aquatic ecosystems 
while semi-labile and refractory DOM are present in higher concentrations but cycle slowly 
(Sanders et al.,1980).  However, a model that can incorporate both transport and metabolism of 
different DOM lability pools has been lacking. Our modeling results are consistent with prior 
conclusions that the dominant role of bacterial metabolic scavenging of DOM and conversion to 
gaseous phases is a unifying property across aquatic ecosystems (Wetzel, 1984).  Our model is 
able to demonstrate how and why DOM uptake, and hence respiratory outgassing of CO2, may be 
substantially larger than can be inferred from spatial patterns of DOM concentrations within a river 
network.  Our model showed that labile DOM can both originate and be consumed (Figure 6) over 
the short distances of a stream reach.  Observed concentrations of labile DOM therefore reflect a 
local equilibration between supply and uptake, and cannot, as Wollheim et al. (2015) pointed out, 
reveal uptake from upstream-to-downstream concentration gradients.  In contrast, removal of the 
semi-labile and recalcitrant fractions, by virtue of their long travel distances, is more amenable to 
quantification at the scale of the river network.  Most of the water supply, and presumably most of 
the DOM supply to river networks originates in first- and second-order streams (Alexander et al., 
2007, Wollheim et al., 2008).   

 In both the Amazon (Richey et al.,1990) and Hudson (del Giorgio & Pace, 2008) Rivers, 
the removal of DOM inferred from longitudinal concentration gradients was insufficient to account 
for observed respiration. These authors proposed an unobserved local source of rapidly cycled 
labile DOM to account for the discrepancy, which for White Clay Creek could include algal 
exudates (Kaplan and Bott, 1982; 1989) and inputs from riparian zone soils (Mei et al., 2014).  Our 
model-data synthesis approach provides a conceptualization of DOM dynamics in streams that 
supports their conjectures. Furthermore, estimates of riverine outgassing at the global scale have 
concluded that more than half of terrestrial organic carbon inputs are lost to respiration and do not 
reach the sea (Cole et al., 2007; Le Quéré et al., 2015; Sawakuchi et al., 2017).  In contrast, 
concentration-based mass-balance estimates of DOM removal within river networks report far 
smaller losses, and none greater than 50% (Lauerwald et al., 2012; Weyhenmeyer et al., 2012; 
Wollheim et al. 2015). These differences between measures of outgassing and uptake may be 
attributable to some extent to the degradation of locally sourced labile DOM and, if so, suggest 
that the degradation of locally sourced labile DOM has global implications for the carbon cycle. 
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4.4 Model-data synthesis for improved interpretation of DOM dynamics in streams 

We developed a model that can account for the combined effects of in-stream and 
hyporheic processes on DOM dynamics in rivers, and used the model to assess the implications 
of bioactive subsurface processes for interpreting in-stream DOM measurements.  Processes not 
considered in our study that may be more important in other streams, may result in higher DOM 
removal than we estimated. For example, photochemical processes can both mineralize DOM to 
CO2 and partially degrade DOM fractions to become more or less labile to microbial respiration 
(Bowen et al., 2020; Cory et al., 2013; Moran et al., 2000). For larger streams, our uptake 
estimates are likely conservative due to the increasing role of photodegradation downstream 
(Cory et al., 2014). Sorption may also remove DOM from rivers in the presence of iron oxides 
(Aufdenkampe et al., 2001; McKnight et al., 1992). Our physically-based modeling framework 
can be readily extended to incorporate additional mechanisms of DOM uptake, such as 
photochemical processes (Li et al., 2019), and future research will be needed to estimate the 
contribution of each mechanism to total DOM uptake in rivers. Rivers have multi-scale 
heterogeneity in space and time (Battin et al., 2016; Boano et al., 2014;Ward & Packman, 2019). 
We did not consider within-reach hydrological variability on the effects of temporal changes in 
lability on DOM uptake and fractionation. However, preferential uptake of labile DOM is 
important in rivers regardless of hydrological conditions. Our model-data synthesis approach can 
improve interpretation of DOM dynamics in streams by demonstrating how the distribution of 
DOM fractions (i.e. fractionation) and spiraling metrics are dependent on in-stream location, 
which can reconcile apparent discrepancies between respiratory outgassing of CO2 and 
longitudinal DOM concentration gradients within river networks. 
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